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Editorial on the Research Topic
Large-scale dam removal and ecosystem restoration

1 Introduction

Rivers underpin vital ecosystems that support aquatic and terrestrial biodiversity and many
ecosystem services, including food, water, culture, and recreation (Dudgeon et al. 2006).
After centuries of building dams on rivers across the world, river restoration via dam removal is
receiving increased public attention, financial investment, and scientific study because of various
issues of regarding dam infrastructure, such as obsolescence, sedimentation, and ecosystem
degradation (Duda and Bellmore, 2022; East and Grant, 2023). Most dam removal projects to
date have focused on smaller structures, but larger structures > 10 m tall have also started to be
removed in increasing numbers. Recent estimates suggest that only a small fraction of all dam
removals have been scientifically studied, with most focused on small dams and short time
scales (Bellmore et al,, 2016). Understanding the outcomes of large dam removal, where case
studies are much more limited, depends on sustained research and monitoring efforts aimed at
understanding restoration processes over large spatial and temporal scales (Figure 1).
The ecological and socio-ecological study of large dam removal represents a new frontier in
dam removal research: projects are larger, more recent, and provide an opportunity to
understand the complex ecological changes and impacts to humans that occur with these
transformative restoration projects.

This Research Topic contains a diverse array of large dam removal research studies to
synthesize the issues, outcomes, tools, and study designs used to document river and
ecosystem responses across physical, biological, and ecological domains. Papers address
ecosystem ecology and water quality, diadromous and migratory fish populations,
terrestrial ecology, and human systems, exploring dam removal effects and impacts in
the first ten years since large dam removal in unique river systems found in North America
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(A) Large dam removal influences multiple ecosystems over large spatial and temporal scales. Restoration processes are expected to occur from a
span of days to decades and extend from microhabitats in the terrestrial and aquatic environments to trans-ecosystem influences. Processes include
abiotic changes in sediment, wood, and water quality as well as diverse biotic and successional changes in freshwater aquatic, terrestrial, and
coastal/marine ecosystems. (B) The papers in this Research Topic span riverine, terrestrial, and coastal ecosystems, examining dam removal issues
and impacts in the first decade following large dam removal. The font colors highlight whether each paper covers freshwater (blue), terrestrial

(green), coastal (brown), or multiple (grey) ecosystems.

and Europe. This Research Topic informs ongoing, long-term
ecological restoration and monitoring projects related to dam
removal as well as to upcoming large dam removal projects. Most
of the papers focus on two large dam removal systems. The first is
the Elwha River in Washington State, USA, where researchers have
had 10 years or more to study post-dam removal outcomes using
several scientific lenses. The second is the Sélune River in
Normandy, France, where two dams were removed in 2019 and
2022. Finally, the Research Topic includes a review of dam-related
challenges to fish and how removal of two dams mitigated some
passage problems for the Penobscot River, Maine, USA; a modeling
tool developed and tested on the Touques River in Normandy,
France, to assess diadromous fish runs in restoration projects; and
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an exploration of how current removal of four dams on the Klamath
River in California and Oregon, USA, could impact fish and fish
disease dynamics.

2 Ecosystem ecology and
water quality

The role of connections between ecosystems has long been
acknowledged in ecological science, questioning the simplistic vision
of compartmentalization of ecological processes (Summerhayes and
Elton, 1923; Odum et al., 1979). The emergence of the meta-ecosystem
framework (Loreau et al,, 2003; Angeler et al,, 2023), which considers
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flows of energy across ecosystem boundaries, highlights how adjacent
ecosystems depend on each other across spatial and temporal scales.
Conversely, alterations of ecological continua and transfers between
ecosystems can affect their sustainability and resilience (e.g., Ward and
Stanford, 1995; Baxter et al., 2004). In this first section, six articles
address the multiple effects of large dams and their removal on the
terrestrial-freshwater-marine continuum, highlighting perceptible
impacts on water quality, plant and animal communities, and
ecosystem functions. Roussel et al. report that the retention of
sediment and nutrients in reservoirs can modulate the balance
between detritus-based and algal-based food chains, altering the
patterns of carbon flow in aquatic food webs along the river
continuum. Fovet et al. demonstrate that fluxes of nutrients and
sediments restore quickly after dam removal and become available
again to aquatic life downstream after decades of sequestration into
reservoirs. LeRoy et al. focus on a functional aspect of riverine
ecosystem response by studying the decomposition of terrestrial-
derived leaf litter by aquatic fungal and macroinvertebrate
communities and show how this ecosystem function varies along
the upstream-downstream gradient after dam removal. Similarly,
Piscart et al. observe a rapid reestablishment of benthic
macroinvertebrates in river segments within the footprint of a
former reservoir, but also point out that fine sediment and
instability of benthic habitats can delay the restoration of the
whole river metabolism. Looking beyond the river itself, Dezerald
et al. document the fast and simultaneous recovery of aquatic
invertebrate, riparian invertebrate, and vegetation communities
after reservoir dewatering, while demonstrating ongoing changes
between communities as systems go through transient recovery
phases. Finally, Rubin et al. illustrate the variable ecological
responses among subtidal communities of kelp, benthic
invertebrates, and fish following a massive sediment export after
dam removal and the restoration of natural rates of terrestrial
sediment transfer toward marine habitats.

3 Diadromous and migratory
fish populations

There is keen interest in the response of fish populations to
increased longitudinal connectivity from dam removal (Branco et al,
2014, Magilligan et al,, 2016; Thieme et al,, 2023). The bulk of the
current dam-removal literature deals with documenting fish passage,
estimating the amount of longitudinal habitat access restored, and
changes to upstream fish assemblage structure. Most of these studies
are of relatively short duration, a characteristic of most dam removal
(Bellmore et al.,, 2016) and river restoration (Bernhardt et al., 2005)
efforts. Several papers in the large dam removal Research Topic go
beyond these structural-style studies and delve into topics that deal
with fish functional responses to dam removal. Ledger et al. use genetic
tools and a riverscape approach to examine the spatial structure of
neutral genes and two genes associated with early migration timing
in Steelhead and Chinook Salmon, finding limited genetic spatial
structure in both populations (a result documented in pre-dam
removal studies) and an increase in early return timing alleles in
Oncorhynchus mykiss (i.e., Rainbow Trout and Steelhead) samples.
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Munsch et al. explore how restoring connectivity through dam
removal goes beyond simply providing access to river kilometers of
habitat upstream; it also can provide a portfolio of different habitats
and environmental conditions within which life history diversity of
fish populations can emerge and diversify. Such diversity has been
shown to promote resistance to environmental disturbance and
long-term resilience of populations (Schindler et al., 2010, Moore
et al,, 2014, Munsch et al,, 2022). Pess et al. examine 10 years of
during- and post-dam removal data focused on Steelhead and
Chinook Salmon, two species listed under the U.S. Endangered
Species Act. They show that dam removal, hatchery production,
and harvest restrictions interacted and contributed to population
response, including increasing population size, spatial extent, and
life history diversity. In another long-term study from the east coast
of the U.S. with a different assemblage of diadromous fish,
Zydlewski et al. highlighted seven influences of dams on fish
populations and how dam removal reversed some of these effects.
Lize et al. establish baseline levels of carbon stable isotopes in a
diadromous fish community prior to dam removal, using the data
to examine dietary niche partitioning and levels of interactions and
overlap before the river is free flowing again. Bartholomew et al.
discuss the potential for dam removal to change river conditions—
especially with regards to temperature and flow regimes—and how
this might affect the ecology and dynamics of parasites and their
salmonid hosts.

Two papers in the Research Topic contain methodologies and
modeling approaches that can be used in fish abundance estimation
for adults (Boulenger et al.) and juveniles (Liermann et al),
techniques that can be employed for restoration projects,
including dam removal. Boulenger et al. used independent,
synchronous data from acoustic cameras to estimate detection
probabilities and daily fish passage estimates. Liermann et al.
created a model to relate water temperature, spawning location
data, growth, and movement models to predict the emergence
timing and size of outmigrating juvenile Chinook Salmon.

4 Terrestrial ecology

In contrast to fish restoration and ecosystem ecology, restoration of
terrestrial plant and wildlife communities following dam removal has
received relatively little attention (Bellmore et al.,, 2016; Wieferich et al,,
2021). However, the sediment pulse generated by large dam removal
and the exposure of dewatered reservoir beds creates new surfaces both
in the former reservoirs and downstream of dam sites for diverse plant
and animal species to establish and subsequently influence restoration
trajectories (McCaffery et al, 2018). There is also interest in
understanding the ecological impacts of active revegetation efforts
(e.g., seeding and planting native plants and removing invasive
species) and how those interact with natural plant establishment to
inform future restoration efforts. Finally, patterns of terrestrial wildlife
use and activity are closely linked to changes in vegetation, restoration
of fish populations (Call, 2015; Tonra et al, 2015), and response of
aquatic biodiversity in these systems.

This Research Topic contains several papers examining aspects of
revegetation following dam removal—both natural and managed—as

frontiersin.org
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well as one paper examining wildlife responses. First, Shafroth et al.
provide an overview of vegetation response throughout the Elwha
River watershed, explaining the rapid changes that occurred due to
the sediment pulse that moved through the watershed as the dams
were removed and how those are expected to attenuate as sediment
dynamics stabilize. Chenoweth et al. provide a complete review of
natural plant establishment as well as active revegetation efforts on
the dewatered reservoir beds, including initial predictions and
actual patterns of revegetation. In Kardouni et al.,, authors focus
specifically on the impacts of riverbank lupine (Lupinus rivularis)
seeding efforts on ecosystem dynamics in the dewatered reservoirs
in the Elwha River. Staying in the dewatered reservoir habitat,
Johnson et al. describe how strategic placement of large wood as
part of the restoration process can potentially enhance tree growth
by mitigating moisture and nutrient limitations as well as protecting
planted seedlings from ungulate browsing. Dézerald et al. describe
the rapid establishment of new vegetation communities in the
immediate years following dam removal, while highlighting the
dynamic nature and rate of change present in these areas. Moving
downstream to the coastal environment, Perry et al. describe
vegetation establishment on new surfaces created by sediment
mobilization during dam removal relative to existing coastal
vegetation communities, and how those surfaces have changed as
sediment dynamics stabilized in the 10 years since dam removal.
Finally, turning to terrestrial wildlife, McCaffery et al. used camera
traps to investigate mammalian wildlife use of dewatered reservoirs
in the Elwha River ecosystem as restoration approaches the 10-year
mark, demonstrating differences in species use by season and
study reach.

5 The human connection: social
science, political ecology,
and economics

There are far fewer studies of social aspects of dam removal than
those focused on physical and ecological outcomes (but see
Sneddon et al., 2017; Leisher et al., 2022; Lutter et al., 2024), and
most focus on local controversies (e.g., Jorgensen and Renofilt,
2013; Fox et al.,, 2016; Germaine and Lespez, 2017; Magilligan et al.,
2017), management concerns (Tullos et al., 2016), or economic
elements related to cost or property values (Loomis, 1996; Lewis
et al, 2008). In this Research Topic, several case studies highlight
the intersection of ecological, sociological, and natural resource
management involved with dam removal and the recovery of a river
and its valley. They also indicate that each component of the
ecosystem can respond at a different pace, sometimes at large
spatial scales, during the restoration period. The outcomes of
large-scale dam removal projects inevitably affect the human
communities living upstream and downstream of the dam to be
removed, and they should be prepared and familiar with the details
of the process as early as possible. Germaine and Lespez compare
dam removal implementation details and social settings of the
Elwha River (most of the watershed in a National Park) and the
Sélune River (a rural European setting), stressing the importance of
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incorporating human relationships and attachment to local places
as part of the dam removal context. Based on the Elwha River
experience, Eitzel et al. give useful recommendations for
successfully involving citizens in dam removal scientific studies,
using a participatory science approach. Setting up large-scale
dismantling programs also questions our capacity to cope with
divergent management goals among partners and stakeholders, as
pointed out by Peters et al. regarding the adaptive management of
Endangered Species Act-listed salmonid populations on the Elwha
River. Finally, on the economic level, Duda et al. describe a database
of 668 dam removals in the USA with reported costs and cost
drivers, creating a model of dam removal cost as a function of
parameters such as the size of the dam, river, and project complexity
based on the presence of cost items related to construction,
mitigation, and post-removal outcomes.

6 Conclusion

At its simplest, the removal of a large dam from a river is about
linear reconnection, restoring the unimpeded downstream flow of
water, sediment, and nutrients while restoring the ability of aquatic
organisms to move freely upstream, downstream, and out to the ocean
as their life histories dictate. But the reality is much more complex, in
ways we are only starting to fully appreciate. The research in this
Research Topic and other recent synthesis efforts (Magilligan et al,
2016; Tonitto and Riha, 2016; Foley et al., 2017; Major et al., 2017;
Bellmore et al., 2019) show that rivers and their denizens can respond
quickly to large dam removal and the resulting restored longitudinal
connectivity. Although scientists have a much better understanding of
the initial and often large response to the act of dismantling a large dam
from a river, the tail of the response distribution has been neglected
(Figure 1). Recovery can start quickly for physical processes (e.g., flow,
sediment, and temperature regimes) and some organisms with short
lifespans like invertebrates, while riparian communities and fish
populations can take longer to recover or document a signal from
often noisy data. This Research Topic also highlights underappreciated
restoration and responses of areas far from the location of large dam
removal, such as coastal and subtidal ecosystems. This highlights the
far-reaching, cross-boundary nature of restoration following dam
removal and showcases broad linkages across ecosystems.

Despite our widespread advertising requesting submissions of
large dam removal studies to be included in this Research Topic, only
a small number were available to answer the call. The number of case
studies, their geographic representation, and the temporal scale of
impacts to river systems remains limited, highlighting the importance
of continued research in the long term into this understudied area of
river restoration. With such expansion, future synthesis efforts can
draw from a larger pool of case studies, identifying unique features,
generalities, and overarching lessons that can inform future practice
and prioritization. Strategic implementation of comprehensive, long-
term studies of key large dam removal efforts can be combined with
efforts to document the location, focal species, dam characteristics,
removal timeline, methods, costs, and associated drivers for all dam
removal projects. Together such efforts could provide essential
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guidance to widespread efforts to restore river ecosystems and recover
imperiled species.
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The contribution of two basal energy sources — detrital organic matter and
primary producers — as part of aquatic food webs varies typically along river
continua. A host of barriers to river flow increase the water residence time
and sediment and nutrient retention in reservoirs worldwide, and potentially
alter the balance between detritus-based and algae-based energy pathways
in the downstream food webs. We explored this issue on the Sélune River
(Normandy, France), a small coastal stream that drains an agricultural
catchment with high sediment runoff. Seasonal measurements of the
following parameters were compared upstream and downstream of the
reservoirs of two large dams (16 m and 36 m high): sediment fluxes,
nutrient and chlorophyll a concentrations, algal communities in the
epilithic biofilm (taxonomic composition, biomass and growth), and
benthic invertebrate communities (abundance and trophic guild structure).
As anticipated, annual sediment fluxes were much lower downstream of the
reservoirs, where significant decreases in water turbidity, phosphate and
silicate concentrations were recorded. A higher chlorophyll a concentration
in water and a higher contribution of pelagic algae taxa to the photosynthetic
biofilm suggested drifting and deposition of reservoir-borne phytoplankton
downriver. Photosynthetic biofilm growth was higher downstream of the
reservoirs in spring and fall, and so was the abundance of herbivores in the
invertebrate community, notably scrapers and algae eaters. Energy pathways
within riverine food webs were traced using stable isotope analyses of carbon
(C) and nitrogen in the tissues of aquatic consumers (invertebrates and fish).
Mixing models revealed a discontinuity in the origin of the C entering the
food webs along the river continuum, confirming a greater contribution of
algal C to aquatic consumers downstream of the reservoirs. These results
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illustrate mechanisms whereby large reservoirs can modulate C flow in food
webs along a small coastal river with high sediment loads, and make it
possible to anticipate the effects of dam removal on the future

river ecosystem.

KEYWORDS

nutrient concentrations, sediment fluxes, photosynthetic biofilm, benthic
invertebrates, fish, stable isotope analysis, mixing models, carbon flow

1 Introduction

Two major energy pathways exist in river food webs. On the one
hand, dissolved nutrients and inorganic carbon (C) fuel primary
producers, namely phytoplankton, benthic algae and aquatic plants
(Elser et al., 2007; Bumpers et al., 2017). The organic C resulting
from photosynthesis is called autochthonous C. It is available to
herbivores and other consumers at higher trophic levels, and fuels
the algae-based pathway. The dissolved inorganic carbon (DIC) that
enters this energy pathway is a mix of terrestrial (HCO; and
dissolved CO, from chemical weathering, soils and groundwater),
aquatic (ecosystem respiration) and atmospheric (diffusion of CO,
at the air-water interface) sources (Mook and Tan, 1991; Finlay,
2003; Liu et al., 2011). Algae provide high-quality food resources to
primary consumers (Guo et al.,, 2016a; Guo et al., 2016b), and the
prevalence of algae-derived C in aquatic consumers has been
reported in many river food webs (Mayer and Likens, 1987;
Thorp and Delong, 2002; Lau et al., 2009; Brett et al., 2017). On
the other hand, the detritus-based pathway involves primary
consumers (fungi, bacteria and invertebrates) relying on dissolved
or particulate organic C, notably fragments of dead plants, animals
and feces. The available pool of detrital C is a combination of
autochthonous C from aquatic organisms and allochthonous C
from terrestrial ecosystem inputs, notably leaf litter from riparian
trees (review by Marks, 2019). The influence of the detritus-based
pathway on aquatic food web functioning is expected to vary along
the river continuum. In theory, detrital C should prevail in
headwater reaches receiving high allochthonous inputs from
riparian trees (“river continuum concept” (RCC), Vannote et al,
1980). For instance, in small tributaries where a dense tree canopy
strongly limits solar radiation, aquatic consumers mostly rely on C
derived from riparian inputs (Roussel et al., 2021). According to the
RCC, aquatic primary producers mostly support river food webs
further downstream in intermediate reaches, while detrital and
terrestrial C become dominant again in large rivers where
primary production is hampered by water depth and turbidity.
This pattern has been debated for large river ecosystems subjected
to seasonal flooding, where macrophytes and/or floodplain plants
can be a major C source in food webs (“flood pulse concept”, Junk
et al., 1989). Various case studies in the literature support different
predictions on the predominant C sources and energy pathways in
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large river food webs (Hoeinghaus et al., 2007; Roach, 2013; Soto
et al, 2019; Wang et al., 2021).

In addition to natural variations along the river continuum,
human activities can modify the expected balance between the
algae-based and detritus-based pathways in river food webs. By
stimulating primary production, anthropogenic nutrient inputs —
notably N and P - have major effects on freshwater ecosystems,
including algal blooms (Galloway et al., 2004; Diaz and Rosenberg,
2008; Paerl et al., 2011; Penuelas et al., 2013). Such an increase of the
primary producer biomass can reduce the DIC concentration,
promote the diffusion of atmospheric CO, into the water
(Portielje and Lijklema, 1995; Schindler et al., 1997), and
ultimately change the origin of C cycling in aquatic environments
(Brenner et al., 1999; Roussel et al., 2014). Anthropogenic nutrients
from non-point-source pollution also change microbial activity on
detrital C and its assimilation by primary consumers (Rosemond
et al,, 2015; Guo et al, 2016b) and modulate the detritus-based
pathway. Another obvious impact of human activity on river food
webs is observed when a large amount of organic waste offers
alternative resources of high nutritional value to primary consumers
in benthic invertebrate communities (Camargo, 1992; Guilpart
et al., 2012) and enhances the detritus-based pathway
downstream of the inputs (Roussel et al., 2018; de Carvalho et al.,
2020). The algae-based and detritus-based pathways within river
food webs are under the influence of a complex balance that
depends on the position along the river continuum and
anthropogenic pressures. Therefore, the origin of the C inputs at
the base of river food webs and C flow to higher trophic levels can
significantly change when the availability of detrital C and/or
nutrients to aquatic organisms is altered.

A host of barriers constrain natural river flows worldwide (Grill
et al., 2019). In a recent review, Belletti et al. (2020) concluded to a
mean density of 0.74 barrier per kilometer of river in Europe. By
creating impoundments, barriers to river flow increase the water
residence time and have major consequences on the natural process
of sediment transfer. Using satellite imagery analyses on major
rivers, Dethier et al. (2022) estimated that dams have halved the
global sediment flux from lands to seas in the northern hemisphere.
Large dams and reservoirs can trap and store huge quantities of
suspended materials, including detrital C that is no longer available
to downstream river ecosystems, estuaries and marine coastal areas
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(Syvitski et al., 2005; Zarfl and Dun, 2022). Moreover, large
reservoirs affect nutrient biogeochemistry and strongly modulate
the downriver transfer of dissolved nutrients (review by Maavara
et al., 2020). Phosphorus (P) is essential to freshwater primary
producers in its dissolved inorganic form, but uptake by
phytoplankton in reservoirs alter its availability to downstream
food webs (Lu et al,, 2016; Bao et al, 2018). After decades of
impoundment, sediments trapped in reservoirs contain large
quantities of legacy P, which can be released through various
physical and biogeochemical processes (Orihel et al., 2017).
Similarly, the blooming and sinking of silica diatoms in reservoirs
deplete the dissolved silicon (DSi) available downriver and in
marine areas (Tréeguer and de la Rocha, 2013) during specific
periods of the year (Chen et al., 2014). The intensity of depletion
is correlated with the water residence time in reservoirs (Ma et al.,
2018). In some cases, large dams and reservoirs massively reduce all
dissolved nutrients (P, N, DSi) down to the ocean (Gupta et al.,
2021). The diversity of patterns reported in the literature outlines
that the complex biochemical processes occurring in large
reservoirs alter both particulate and solute fluxes, and in turn
(theoretically) the balance between the algae-based and detritus-
based pathways and C flow in downriver aquatic food webs.
However, literature on this issue mostly relies on the study of
dams and reservoirs on large rivers, but the ecological processes at
play in small river catchments have retained less attention to date.

We explored the effect of two large dams and their reservoirs on
aquatic communities and the energy flow in the food web of a small
coastal stream - the Selune River, an 85-km stream discharging into

10.3389/fevo.2023.1250892

the Bay of Mont Saint-Michel (Normandy, France). In the early 20"
century, two large hydropower dams (16 and 36 m high) were
constructed in the lower third of the catchment, resulting in two
consecutive reservoirs that covered 19 km of the initial river course.
Agriculture is a dominant activity in the catchment; annual rainfall
and erosion result in high quantities of suspended sediment and
dissolved nutrients reaching the river (Fovet et al., 2020). In this
context, we expected that high inputs of terrestrial organic matter
and water turbidity would drive the aquatic ecosystem toward
detritus-based functioning. We predicted that by hindering the
transfer of suspended sediment, the dams and reservoirs could
enhance the algae-grazer pathway and the contribution of algal C to
aquatic biota downriver. Seasonal measurements of sediment fluxes,
nutrient concentrations, photosynthetic activity, benthic algae and
invertebrate communities together with stable isotope analyses of
aquatic fauna were performed upstream and downstream of the
reservoirs to test these assumptions. The broader goal of this work
was to establish a baseline pattern of the food web of the Selune
River with its two reservoirs in order to evaluate river recovery after
the scheduled removal of the two dams.

2 Materials and methods
2.1 Study site and context

The Sélune is a 85 km long river that drains a 1,083 km*
watershed and flows into the Mont Saint-Michel Bay in Normandy

Mont Saint-Michel bay
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FIGURE 1

The Sélune River watershed, with two dams (black rectangles), two reservoirs (in green) and the study sites (red dots, S1 to S9). Distances, from
source (0 km) to bay (85 km): S1 (15 km), S2 (23 km), S3 (29 km), S4 (34 km), S5 (39 km), S6 (42 km), Vezins dam (57 km), La-Roche-Qui-Boit dam

(61 km), S7 (62 km), S8 (65 km), SO (70 km).

Frontiers in Ecology and Evolution

15

frontiersin.org


https://doi.org/10.3389/fevo.2023.1250892
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

Roussel et al.

(France) (Figure 1). Climate is oceanic, with mean annual rainfall of
ca. 800 mm, and high and low flow periods occurring in winter and
early fall, respectively. The median daily flow is 5 m”s™", the total
monthly flow varies from 10° m*month™" during severe summer
drought up to 120-10° m*>month™" during high flood in winter
(Fovet et al, 2020). The bedrock is composed of granite and
Brioverian schist. Mixed crop-livestock farming covers 85% of
the watershed area, with arable land covering 46% of this surface
and grassland 39% (https://www.theia-land.fr/en/product/land-
cover-map/). The watershed is vulnerable to soil erosion, hence
high water turbidity and sediment loads are recorded (Vongvixay
et al, 2018). In the early 20™ century, two large hydropower dams
(Figure 1) were built on the river: La-Roche-qui-Boit (16 m high
and 125 m long, reservoir volume 90-10° m*) and Vezins (36 m high
and 278 m long, 18-10° m?). Depending on the season, the mean
water residence time varied from 1 to 4 days in La-Roche-Qui-Boit,
and from 14 to 47 days in Vezins (Fovet et al, 2020). The two
reservoirs covered a total distance of 19 km, which is more than 20%
of the initial river course (Figure 1). Owing their volume, spatial
coverage and high water residence time, they were considered as
large reservoirs on such a watershed. Water in the reservoirs was
nutrient-rich; the mean summer nutrient concentrations varied
between 7.4 and 16.5 ug-L™' P-PO, and between 4.0 and
5.3 mg-L_1 N-NOj; along the water column (Fovet et al., 2020).
Considering the low hydropower capacity (27 GWh) of the two
dams, potential safety issues because of the condition of their
structure, periodic toxicity events in summer associated with
cyanobacterial blooms in the reservoirs, and law on diadromous
fish species, dismantling was decided by the French government in
2009. Operations started in spring 2017 by emptying Vezins
reservoir, while dismantling of Vezins dam was completed by
summer 2020. The same procedure for La-Roche-Qui-Boit started
in 2021 and ended in early 2023. A long-term multidisciplinary
scientific program (2012-2027) aims at evaluating the Sélune River
restoration processes after dam removal (https://programme-
selune.com). The present study is part of this program, and
focuses on the pre-removal period, i.e. before spring 2017. The
overall work took place at nine flowing sites located along the river
continuum (Figure 1). For financial reasons it was not possible to
record all variables (i.e. water discharge, sediment and nutrient
concentrations, algal communities in epilithic biofilm and benthic
invertebrate communities; see below for description) at each site.
However, for each variable, the sampling design allowed
comparisons between sites located upstream and downstream of
the reservoirs. The choice of a site was constrained by specific
criteria. For sediment and water chemistry, auto-samplers needed
power supply and support made of concrete on bankside, whereas
biofilm was studied with fragile glass slides installed mid-channel in
sunny, shallow but not too fast-flowing habitats to avoid damage.
For benthic invertebrate collection, we favored easily wadable sites
with a great variety of substrates. An overall criterion was that the
habitat conditions at upstream and downstream sites were as
similar as possible for each variable. This explains why S5 or S6
(upstream), and S7 or S8 (downstream) sites were chosen
depending on the variable to record (Figure 1). These sites (S5
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and S6; S7 and S8) were very close (about 2 km) one from another,
and we did not expect any bias coming out of this. The Airon
tributary increases the Sélune River discharge between S5 and S6,
but it does not cause major differences in dissolved nutrients as it
drains an area with similar soils and land use pattern on the Selune
River catchment. Finally, we extended our sampling to eight sites
for stable isotope analysis on animal tissues to get a clearer picture
of food web shifts along the river gradient (see Section 2.5).

2.2 Sediment and solutes

Water, sediment and solutes were monitored at S6 (upstream the
reservoirs) and S8 (downstream the reservoirs) from January 2015 to
March 2017 (Figure 1). The water level, temperature and turbidity
were recorded at a (sub-)hourly time step (1h at S6; 6 min at S8) using
dedicated sensors (Hach Lange SOLITAX sc). Water discharge was
computed from the measured water level using a rating curve
established and kindly provided by DREAL 50 (State office in
charge of hydrometric monitoring) and EDF (Electricité de France,
the hydropower company). At both sites, grab samples were collected
weekly, and ISCO autosamplers collected 10-20 samples (800 mL
each) during storm events (see Fovet et al., 2020 for details). In the
laboratory, a subsample from each sample was filtered at 0.45 um on
nitrate cellulose filters, dried at 105°C and weighed. The filtered
volume (at least 350 mL) was measured to determine the suspended
solids (SS) concentrations (EN 872:2005, 2005). A 30-mL aliquot of
filtered water was used to measure NO; concentrations by ionic
chromatography (Dionex ICS3000, EN 10304-1:1995, 1995), and
dissolved silica (DSi) and orthophosphate (PO,) concentrations by
colorimetry (Seal Analytical AQ2, NF T 90-007:2001, 2001; EN
6878:2004, 2004). Another subsample was filtered at 0.45 pm on
glass fiber filters and used for analyzing the carbon (C) and nitrogen
(N) contents in SS particles using an Elemental Analyzer (Thermo
Finnigan FLASH EA 1112).

Data were pooled by site (S6 and S8) and season: winter
(January-March), spring (April-June), summer (July-September),
and fall (October-December). Specific discharge was calculated by
dividing the discharge values (m®s™') by the drained surface
(629 km? at S6 and 777 km? at S8) to compare discharge between
sites. The molar C:N ratio of SS was used as a proxy of the origin of
particulate organic matter, considering that values above or below
eight suggest terrigenous or phytoplanktonic origin, respectively
(Hedges et al., 1997; Kendall et al., 2001; Balakrishna and Probst,
2005). We fitted a regression between the SS concentrations and the
turbidity values at S6 and S8 to estimate the SS fluxes from turbidity
time series. Regression coefficients and their 95% confidence
intervals were used to compute instantaneous loads of SS and
uncertainty associated with the regression coefficients, and then
cumulated over the water years. “Site” (upstream or downstream
the reservoirs) and “season” (winter, spring, summer and fall)
effects were tested with two-way ANOVAs followed by Tukey’s
post-hoc test (p < 0.05) on the following response variables: water
discharge, turbidity, SS concentrations, the C:N ratio, phosphate,
nitrate and dissolved silicon.
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2.3 Phytoplankton and
photosynthetic biofilm

Phytoplankton biomass was measured monthly at S5 (upstream
the reservoirs) and S8 (downstream the reservoirs) by fluorescence
using a multiparametric probe (Idronaut Ocean Seven 316Plus
CTD, Milan, Italy) from January 2015 to October 2016. Water
samples were collected monthly at the sub-surface and in mid-
channel to measure chlorophyll a concentrations after filtration on
Whatman GF/F glass-fiber filters and extraction overnight at 4°C in
90% acetone (Lorenzen, 1967). Absorbance was measured at 665
nm and 750 nm with a spectrophotometer, before and after
acidification, following Lorenzen’s method (Lorenzen, 1967).

The photosynthetic biofilm was studied from January 2015 to
October 2016 on a monthly basis. Four glass slides (30 x 10 x
3 mm) were installed vertically in opened plastic boxes with
perforated sides to allow water flow. The boxes were covered with
a plastic mesh (2 cm mesh size) to prevent large debris from
entering. They were anchored in the middle of the riverbed at S5
and S8, and the glass slides were changed every month, i.e. after one
month of incubation (Biggs, 1988; Morin et al., 2008). The boxes
were occasionally inaccessible due to high water flow, or damaged.
However, we successfully retrieved glass slides in winter (once at
$8), spring (six times at S5 and six times at S8), summer (six times at
S5 and six times at S8), and fall (one and two times at S5 and S8,
respectively). Chlorophyll a, ash-free dry mass (AFDM), taxa and
photosynthetic activity were evaluated on separate glass slides.

For chlorophyll a, the glass slide was scraped on both sides
using a razor blade to retrieve the biofilm, which was immediately
stored in a plastic tube, kept in the dark in a cooling box in the field,
and then freeze-dried in the laboratory. Overnight extraction with
acetone was performed before spectrophotometric measurements
following Lorenzen’s method (Lorenzen, 1967). The chlorophyll a
concentration (ug-L™"), the incubation duration and the glass slide
surface were used to calculate the biofilm biomass increase in time,
expressed in pg-cm™2.d”". For AFDM, the biofilm was scraped in the
same way as for chlorophyll a, oven-dried at 105°C for 48 h to get
total dry mass (algae, bacteria, fungi, and detritus, in g-m_z), and
then burnt for 1 h at 500°C to obtain AFDM. The percentage of
organic matter was expressed as the AFDM:dry mass ratio. The
photosynthetic biomass:total biomass ratio corresponding to the
autotrophic index (Weber, 1973) was calculated to describe the
trophic nature of the biofilm (autotrophic versus heterotrophic). For
taxonomic identification, the biofilm was scraped off from the slide,
immediately fixed in Lugol solution and kept in the dark at 4°C.
Microalgae were identified and counted using a light microscope
(Leica DM4000B) and a Nageotte counting chamber. Taxa were
classified as benthic, benthopelagic, planktonic, or unknown
according to the literature (Germain, 1981; Bourrelly, 1990; John
et al., 2002; Rimet and Bouchez, 2012) and the Diatoms of North
America online database (https://diatoms.org/).

Finally, we measured the photosynthetic activity of the biofilm
on the fourth glass slide right after its removal from the river.
Repeated measurements of fluorescence signals were performed
using a four-wavelength-excitation pulse amplitude modulation
fluorometer (Phyto-PAM, Heinz Walz® GmbH, Effeltrich,
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Germany) equipped with an emitter-detector fiberoptics unit. The
fiber device was placed at 2 mm from the glass slide surface with a 4-
cm diameter adapter to control irradiance. The PAM calculates
photosynthesis as the relative electron transport rate (rETR)
through photosystem II (umol e m *s') at different levels of
light (Kromkamp and Forster, 2003). After 15 min of dark
adaptation, rapid photosynthesis-light curves (RLC) were
performed in triplicate with increasing light intensities (16 to 265
mmol photons-mfz-sfl), with a 20 s time interval (Jakob et al,
2005). The light-saturated maximum rETR was calculated by
applying the nonlinear least squares regression model of Filers
and Peeters (1988) to fit the rETR-irradiance curves. “Site” and
“season” effects were tested separately with two-way ANOVAs
followed by Tukey’s post-hoc test (p < 0.05) for chlorophyll a,
AFDM, taxonomic identification and photosynthetic activity.

2.4 Benthic invertebrates

A Surber net sampler (0.05 m?, 0.5 mm mesh size) was used to
collect benthic invertebrates at S5 (upstream the reservoir) and S7
(downstream the reservoir) in fall (October 2014 and 2015) and
spring (April 2015 and 2016), following the NFT 90-333 protocol
and the Water Framework Directive (2000/60/EC). Twelve samples
were collected per date and site to encompass the diversity of
aquatic habitats in the river channel (96 samples in total, all dates
and sites included). The samples were fixed with 96% ethanol and
stored. In the laboratory, each sample was sorted under a binocular
microscope, and taxa were identified down to the genus or species
level (crustaceans, molluscs, insect larvae) or family/tribe levels
(Diptera); Nematoda and Hydracarina were not identified further.

Following Tachet et al. (2010), two traits associated to
invertebrate diet were considered: food items (9 modalities) and
feeding behavior (8 modalities). For a given taxon and diet trait, an
affinity score was assigned to each modality, ranging from “no
affinity” (zero) to “high affinity” (3 for feeding behavior, 5 for food
items). These values provide information on the intensity of the link
between the taxa and each modality (i.e. low or high affinity) and
the amplitude of the preference or tolerance of the taxon (i.e. the
number of modalities used). We retained 8 modalities connected to
the diet of primary consumer taxa for further analysis: deposit
feeder, shredder, filter feeder, scraper (feeding behavior traits),
small (<1 mm) and large (>1 mm) organic debris, and algae and
macrophytes (food item traits). For each site and season, the diet
trait modality affinities of the taxa (expressed as frequencies)
weighted by their abundances were summed to determine the
number of individuals in each modality at the community level
(see Usseglio-Polatera et al., 2000 for further details). We run
PERMANOVA on log(x +1) transformed data to test differences
in community structure according to the diet traits (feeding
behavior and food items). Then we tested for differences in the
number of individuals in each modality to identify which modalities
drove the difference observed for each diet trait, using non-
parametric analysis of variance of aligned rank transformed data
(Wobbrock et al., 2011) since the data did not meet the assumptions
of parametric ANOVA. “Site” (2 levels), “season” (2 levels) and
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their interactions were considered in both PERMANOVA and non-
parametric analysis of variance. The vegan 2.5-7 (Oksanen et al,
2020) and ARToo0l 0.11.1 (Kay et al., 2021) R packages were used for
PERMANOVA and variance of aligned rank transformed
data, respectively.

2.5 Stable isotope analysis

Primary and secondary consumers were sampled in summer
(July 2014 and July 2015) at sites upstream (S1, S2, S3, S4, S5) and
downstream (S7, S8, S9) of the reservoirs (Figure 1). A Surber
sampler was used to collect benthic invertebrates, which were
identified at the family level and sorted into three feeding
behavior categories: herbivores, detritivores, and omnivores (see
Table S1 for list of taxa) following Tachet et al. (2010) and Usseglio-
Polatera et al. (2000). Each invertebrate was cleaned and stored
individually in a microtube. For the smallest taxa, up to 10
specimens were pooled to reach the minimum weight for stable
isotope analyses (see below). Six to 18 samples per feeding group
were collected at each site and date, depending on availability. Small
invertivorous fish were caught by electrofishing in shallow, coarse
substratum habitats (see Table SI for list of taxa). Depending on
their availability, 10-30 individuals were collected at each site, their
total body length ranging between 50 and 129 mm. Lamprey larvae
were caught by electrofishing in the soft substrate habitats where
they had buried; catch success and body length varied greatly
among sites (1-10 individuals, 60-160 mm, respectively). Crayfish
were caught by electrofishing at sites S1 and S5 only (60 and 54
samples, respectively, body length 15-41 mm from rostrum to
telson). Fish and lamprey were anaesthetized using a benzocaine
bath, and all animals (fish, lamprey, crayfish) were euthanized and
kept in a cooler in the field. The experiment complies with the
French regulations on animal care and ethics (license number R-
2012-JLB-02 and 201602051204637 delivered to INRAE) and
electrofishing survey (permit number 2014-DDTM-SE-0036 and
2015-DDTM-SE-0019 delivered to INRAE).

Dorsal muscle (fish) or abdominal muscle (crayfish) samples
were dissected in the laboratory, with special attention to avoid skin,
scales and bones. Invertebrate and muscle samples were freeze-
dried, ground to a homogenous powder using a mixer mill, weighed
(ca. 0.9-1.1 mg) and encapsulated in tin foil. 1Bc12¢, ®N:N and
C:N ratios were measured by continuous-flow isotope-ratio mass
spectrometry, using mass spectrometers (Delta Plus XP and Delta V
Plus, Thermo Finnigan) interfaced with elemental analyzers (Carlo
Erba NC2500 and Costech 4010, Thermo Finnigan). Isotopic ratios
were expressed using the conventional & notation as parts per
thousand (%o). Five hundred and five samples were run in four
separate batches. Repeat analyses of 12-15 certified standards
showed maximum standard deviations (SD) of 0.29 (8'°C) and
0.38 (8'°N). Thirty-two samples were analyzed twice (i.e. 32
duplicates); the SD values of the duplicates were constantly lower
than the SD values of the standards. All stable isotope analyses were
performed at the Stable Isotopes in Nature Laboratory, University
of New Brunswick (Canada).

Frontiers in Ecology and Evolution

10.3389/fevo.2023.1250892

C:N ratios were checked to identify possible lipid bias in §"°C
values (Post et al,, 2007). When C:N = 3.5, the 83C value was
corrected using the equations of Post et al. (2007) for aquatic
organisms. §'°C-8'°N biplot and the standard ellipse areas
(SEAc, sample size-corrected for n < 30) that integrated 75% of
the sample variance (also called isotopic niche breadths) were
drawn to visualize the isotopic niches of aquatic consumers
upstream (S1 to S5) and downstream (S7 to S9) of the reservoirs,
using SIBER (Jackson et al., 2011). The tRophicPosition package
(Quezada-Romegialli et al., 2018) was used to estimate the trophic
position of consumers and the discrimination factor between C of
algal and detrital origins (), i.e. the contribution of each C source
to the feed of consumers. Calculations were based on Bayesian
models using stable C and N isotopes and combined with Markov
chain Monte Carlo simulations (60,000 iterations). A two-baseline
model with trophic enrichment factors on C and N was run for each
site separately, using isotopic values of herbivores (primary
consumers of algal C) and detritivores (primary consumers of
detrital organic C) as end-members. The diet-tissue fractionation
values of +3.7 %o 8'°N between mixed invertebrate diet and fish
proposed by Bunn et al. (2013) for streams and rivers, and of
+0.4 %o 8'°C per trophic level (Post, 2002) were used. Because
mixing models are highly sensitive to variations in discrimination
factors (Bond and Diamond, 2011), we kept the high SDs (+ 2.4 for
8'"N and +1.3 for §'°C) proposed as priors in Bayesian models in
the literature to better reflect uncertainties in posterior estimates.

3 Results
3.1 Sediment and solutes

The median seasonal values of specific discharge were similar
downstream (S8) and upstream (S6) of the reservoirs (Figure 2A), in
line with the dam management rules whereby the water flow
downstream of the dams should mimic the natural flow
variations recorded upstream. Median seasonal turbidity varied
between 0 and 1098 NTU and was lower downstream
(Figure 2B). Similarly, the seasonal suspended solid (SS)
concentrations were 85-88% lower downstream (Figure 2C). R-
square values for the fitted regressions between turbidity and SS
were 0.96 and 0.84 at S6 and S8, respectively. Using regressions, the
estimated sediment fluxes were 19.2 tkm >yr ' (+11%) upstream
and 11.6 tkm 2.yr~' (+14%) downstream for the September 2015
August 2016 water year (Table 1). The average (+ SD) C:N molar
ratios of SS were higher upstream, notably in spring (11.1 + 0.97 vs.
7.54 £ 0.83) and summer (9.43 + 0.94 vs. 7.82 + 1.47), indicating a
greater contribution of phytoplankton-derived particles to organic
matter in the SS downstream of the reservoirs (Figure 2D). The
mean NO;, PO, and DSi concentrations (Figures 2E-G) varied
seasonally. P concentrations were significantly and systematically
lower downstream (p < 0.001) except in winter, whereas between-
site variations in N concentrations were not consistent. Similarly,

DSi was lower downstream in all seasons except winter (p < 0.001).
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FIGURE 2

Seasonal variations of specific discharge (A), water turbidity (B), the suspended solid concentration (C), the molar ratio of particulate C:N (D),
phosphates (E), nitrates (F) and dissolved silicon (G) concentrations in the Sélune River, upstream (white) and downstream (gray) of the reservoirs.
Each box plot shows the 25" and 75" percentiles around the median; vertical lines represent 1.5 times the interquartile range and dots are outliers.
Stars indicate significant differences between upstream and downstream sites (***p < 0.001; *p < 0.05).

3.2 Photosynthetic biofilm

The chlorophyll a concentration in the water was higher
downstream of the reservoirs irrespective of season, and the
difference was significant in summer (Figure 3A; p < 0.01). The
N:P molar ratio based on N-NO; and P-PO, concentrations ranged
from 180 to 10,300 between sites and seasons (Figure 3B) and were
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significantly higher downstream of the reservoirs in summer and
fall (p < 0.001), indicating potential P limitation for primary
producers downstream. The percentage of organic matter in the
biofilm samples was significantly lower upstream in spring (p <
0.001), indicating more inorganic sediment embedded in the
biofilm matrix (Figure 3C). The biofilm algal community
upstream of the dams mostly contained benthic species (85.6 +
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TABLE 1 Total rainfall and estimated runoff and sediment flux upstream and downstream of the Selune River dams from January 2015 to March 2017.

Upstream dams (S6)

Total sediment flux

Downstream dams (S8)

Total
runoff (mm)

Total sediment flux

(tkm™2) (tkm™)

Total
rainfall Total
(mm) runoff (mm)
Jan.2015-Aug.2015 522 ‘ 248
Sep.2015-Aug.2016 758 ‘ 355
Sep.2016-Mar.2017 324 61

12.8 (£11%) 311 5.2 (£18%)
19.2 (£11%) 443 11.6 (£14%)
1.5 (¥17%) 76 0.5 (£29%)

Percentage values in parentheses represent the deviation between the mean and the 95% CI values estimated from linear regressions.

10.9%) and a few planktonic (2.9 + 1.2%) and benthopelagic (6.1 +
5.8%) species (Figure S2). Conversely, the contribution of
planktonic and benthopelagic species increased downstream to
average 8.2 * 6.6% and 17.6 + 19.4%, respectively (Figure S2).
Algal biomass growth (chlorophyll @, pug-cm™2.d™") and
photosynthetic activity (maximum rETR, umol e~ms™") in the
biofilm decreased in fall and winter to reach values close to zero
(Figures 3D, E). Biomass growth was higher in spring and fall
downstream of the reservoirs, yet not significantly so. The
maximum rETR values were very similar upstream and
downstream of the reservoirs. Median values of the autotrophic
index ranged between 1.9 and 2.3 in spring and summer upstream
and downstream the reservoirs, indicating a biofilm where
autotrophy and heterotrophy were balanced (Figure 3F), while
values tended to increase toward heterotrophy in fall and winter
upstream of the reservoirs (p < 0.02).

3.3 Benthic invertebrates

Irrespective of season, the abundance of benthic invertebrates
caught in Surber net samples was higher downstream (12,273
individuals in spring; 17,267 in fall) than upstream (8,927 in
spring; 6,613 in fall). A total of 45,080 individuals were sorted
and identified. Among them, 39,653 (88.0%) and 36,332 (80.6%)
were identified as primary consumers according to their feeding
behavior trait (deposit feeder, shredder, filter feeder, scraper) or
food item trait (small or large organic debris, algae, macrophytes),
respectively. The most influential taxa are listed in Table S3.

The community structure of invertebrate primary consumers
significantly differed between sites for the food item trait
(PERMANOVA, Site pseudo-F = 15.26 and p = 0.001; Season
pseudo-F = 1.41 and p = 0.2; Station X Season pseudo-F = 0.69 and
p = 0.5) and for the feeding behavior trait (Site pseudo-F = 16.59
and p = 0.001; Season pseudo-F = 1.28 and p = 0.2; Station x Season
pseudo-F = 1.0 and p = 0.3) but not between seasons (Figure 4).
Primary consumer taxa were significantly more abundant
downstream than upstream of the reservoirs, regardless of the
modalities and traits (analysis of variance on aligned rank
transformed data, see Table 2). No significant seasonal variation
was detected except for filter feeders that were more abundant
downstream the reservoirs in fall only. Scrapers and algae eaters
were the two most abundant modalities found among primary
consumers irrespective of season.

Frontiers in Ecology and Evolution

3.4 Stable isotopes and food web analyses

The isotopic values of the samples collected along the Selune
River ranged from -21.3%o to —32.6%o and from 0.8%o to 16.9%o for
83C and 8N, respectively (Figure 5A). Invertebrate herbivores
(grazers and scrapers pooled) were consistently '*C-depleted
compared to detritivores (shredders), while omnivores and
crayfish displayed intermediate values. As expected, invertivorous
fish were '"N-enriched compared with invertebrates. The isotopic
niche breadths (ellipses including 75% of the variance) upstream of
the dams (sites S1 to S5 pooled) and downstream of the dams (sites
S7 to 89 pooled) mostly overlapped for invertebrates but not for fish
and lamprey (Figure 5A).

Using invertebrate herbivores and detritivores as end-members
for Bayesian mixing models, invertebrate omnivores showed
trophic positions of 2.5, and C of algal and detrital origin equally
contributed to their tissues (Figure 5B). Crayfish followed a similar
pattern, with a slightly higher trophic position (2.7). Simulations
confirmed that fish had the highest trophic position (>3), and
revealed that fish and juvenile lamprey shifted toward a higher
algal-C contribution downstream of the dams. Posterior
distributions of coefficient o at each site showed that detrital C
dominated in aquatic fauna only at the most upstream site S1,
whereas algal C prevailed downstream of the dams at S7 and S8, and
equal contributions of detrital and algal C were observed at S2, S3,
S$4, S5 and S9 (Figure 5C).

4 Discussion

In the study, we explored the mechanisms whereby two
sequential large dams and their reservoirs can control the balance
between detritus-based and algae-based energy pathways in aquatic
food webs along a river continuum. Investigations were made on
the Sélune River (Normandy, France), a small-coastal stream
draining an agricultural catchment with high sediment runoff and
discharging into the Mont Saint-Michel Bay (France). The river has
been impounded by two dams (16 and 36 m high) in its lower part
for a century. As anticipated, the two reservoirs significantly
retained sediments, phosphates and silicates for which
concentrations were much lower downstream of the reservoirs.
There were no large tributaries flowing into the reservoirs, nor was
there a specific land use pattern in the vicinity of the reservoirs, that
could have influenced water discharge and dissolved nutrient
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FIGURE 3

Seasonal variations of the chlorophyll a concentration in water (A) and of the dissolved N:P molar ratio based on N-NOs and P-PO, concentrations (B),
and, for the photosynthetic biofilm: the percentage of organic matter (C), the biomass increase per day (D), photosynthetic activity (E) and the
autotrophic index (F) in the Sélune River, upstream (white) and downstream (gray) of the reservoirs. Stars indicate significant differences between the

upstream and downstream sites (*p < 0.05).

concentrations. Measures of the photosynthetic activity in epilithic
biofilm showed no clear differences, but their biomass growth
tended to be higher downstream of the reservoirs in spring and
fall, and so was the abundance of herbivores in the benthic
invertebrate community. A greater contribution of algae-based
energy to aquatic invertebrates and fish downstream of the
reservoirs was corroborated by stable isotopes analysis, clearly
suggesting that the dams caused a major discontinuity in the
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origin of C entering and flowing in aquatic food webs along the
river continuum.

Identifying the relative importance of different energy sources is
a basic prerequisite for understanding river food web dynamics and
ecosystem restoration. Aquatic primary consumers rely on two
major basal sources defined by the origin of their C component -
aquatic (autochthonous) or terrestrial (allochthonous) primary
producers. The contribution of these two C sources to higher

frontiersin.org


https://doi.org/10.3389/fevo.2023.1250892
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

Roussel et al.

10.3389/fevo.2023.1250892

A B
Spring Spring
1000 1000

X
= .
3 7504 750
=
k] M .
=
S s00{ . 500 .
o
5 : -
€ 2504 250 A

o4 = éé o = == e
(o] D

Autumn Autumn

1000 10004 .

» . Legend:
—6 .
3 7504 . 750 E upstream of reservoirs
2 .
5 ES downstream of reservoirs
= 500 500
o .
) . .
el .
€ 2504 250 ' . .

ol == _$ = o] == == ——

debris<imm  debris>tmm Algae macrophyte Deposit feeders Shredders  Scrapers  Filter_feeders

FIGURE 4

Abundance of invertebrate primary consumers in the Sélune River upstream (white) and downstream (gray) of the reservoirs. Box-plots display the
spring (A, B) and fall (C, D) values according to the food items they ingest (A, C) and their feeding behavior (B, D). Each box-plot shows the 257 and
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trophic levels, notably fish, depends on the position along the
upstream-downstream gradient (Vannote et al, 1980; Finlay,
2001; Hoeinghaus et al,, 2007). Several studies have illustrated
significant contributions of terrestrial C to small headwater
streams and large rivers, where terrestrial organic matter inputs
from riparian trees (headwater streams) and floodplains (large
rivers) supply the aquatic food webs (Reid et al., 2008; Wang et al.,
2014; Soto et al.,, 2019; Roussel et al., 2021; Wang et al.,, 2021).
Seasonal variations in discharge, local stream geomorphology and
riparian communities also drive the food web reliance on C sources
(Ou and Winemiller, 2016; Venarsky et al., 2020), outlining the
complex balance of allochthonous and autochthonous C supply to
the biomass of primary consumers and transfer to higher trophic

levels. In this context, artificial barriers to river flow and related
impoundments have major effects on the downstream ecosystem
metabolism. Chowanski et al. (2020) observed that the gross primary
production in a large, temperate, oligotrophic river increased
downstream of a large reservoir, and postulated that sediment
retention and lower water turbidity downriver increased light
availability to aquatic producers. Such a pattern seems to be
commonplace in literature on dams. In Mediterranean rivers,
artificially stable flow regimes below dams promoted a shift from
detritus-based to algae-based food webs (Mor et al., 2018). In large
tropical rivers as in the Mekong basin, a seasonal combination of
algae and terrestrial energy sources supports fish production, but the
contribution of algal C appears greater below dams (Ou and

TABLE 2 Analysis of variance (aligned rank transformed data) of the food items and feeding behavior of benthic invertebrates showing the effect of
“site” (upstream or downstream of the dams), “season” (spring or fall) and their interaction.

Organic debris, large (>1 mm)

Food items

F1,90 F1,90

Site
Season

Site x Season

Organic debris, small (<1 mm)

Algae Macrophytes

p Fioo P F1,90 p

<0.0001

15.94

0.0001

0.5 0.003 1

0.4 1.19 0.3

Feeding behavior = Deposit feeder Shredder Filter feeder Scraper

F1,00 F1,90 Fioo P F1,90 p
Site 10.19 0.002 32.30 <0.0001 180  <0.0001 7.68 0.007
Season 2.88 0.09 229 0.1 3.95 0.05 047 05
Site x Season 0.01 0.9 233 0.1 427 0.04 0.15 0.7

Significant p-values are in bold.
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3™C and 8N values of samples collected in the Sélune River (A). Isotopic niche breadths (SEAc) of each invertebrate consumer group (iherb,
herbivores; idetr, detritivores; iomn, omnivores), crayfish (cray), lamprey (lamp) and fish are depicted for sites located upstream (up, solid ellipses) and
downstream (dw, dashed ellipses) of the dams. Simulated values of the trophic position and carbon-origin discrimination coefficient (o) obtained
from end-members Bayesian mixing models for consumers upstream and downstream of the dams (B). The dual contributions of algal vs. detrital C
origin to aquatic fauna is displayed along the Sélune River profile (C), each box indicating 50%, 75% and 95% Bayesian credibility intervals around the

median (dot); the dashed line shows the position of the reservoirs.

Winemiller, 2016). Similarly, algae contribute more to the diet of
macroinvertebrates in the Colorado River below Glen Canyon dam,
while terrestrial-based food increases further downstream with
increasing water turbidity and organic matter inputs from
tributaries (Wellard Kelly et al., 2013). Various case studies in both
temperate and tropical ecosystems highlight a shift toward greater
assimilation of algal C by aquatic consumers downstream of
reservoirs in large rivers. However, little attention has been given
to the pattern of C flow in small stream food webs below such
large reservoirs.

Carbon and N stable isotope ratios of invertebrate and fish
tissue samples were used to estimate the contribution of basal
sources supporting aquatic food webs along the course of the
Sélune River. Using long-lived (>6 months) primary consumers

Frontiers in Ecology and Evolution

in mixing models to limit stochastic isotopic signatures of basal
sources (Cabana and Rasmussen, 1996; Vander Zanden and
Rasmussen, 1999), we found a 3-fold variation in the contribution
of the algal energy pathway within a 70-km-long stretch of river. At
15 km from the source, 75% of the food web C was derived from
terrestrial detritus assimilated by invertebrate shredder species,
notably Limnephilidae (Halesus sp., Chaetopteryx sp., Limnephilus
sp., Potamophylax sp.) and Sericostomatidae (Sericostoma sp.).
Consistent with theory (Vannote et al, 1980; Junk et al, 1989;
Finley 2001; Hoeinghaus et al, 2007), this result confirms the
dominant role of terrestrial supplies in the upstream reaches of
the Selune River (Site S1, Figures 1, 5C). However, the contribution
of algal C equalled the detrital contribution at most sites, indicating
that autochthonous and allochthonous sources of energy together
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sustained aquatic food webs in most of the river course. This result
was somehow unexpected owing to the high sediment load and
water turbidity in the river supposed to hamper primary
production. Our simulations may have exaggerated the
contribution of algae-derived C in the river food webs because we
collected our samples in shallow, fast-flowing habitats where
primary production is known to be at its maximum in rivers
(Finlay, 2004). However, many studies have shown that
agriculture in industrialized countries is a major source of
nutrients in rivers and coastal waters, involving a number of
effects including the increase in biomass of primary producers
(e.g. Paerl et al.,, 2011; Grizzetti et al, 2012; Dupas et al.,, 2015;
Boardman et al, 2019). Accordingly, the high concentration in
nutrients is a favorable background to aquatic primary producers in
the Sélune River, and this likely promotes the influence of the algae-
based pathway in aquatic food webs despite high water turbidity
and sediment loads.

The annual flux of sediment estimated in the Sélune River
upstream of the reservoirs (19.2 tkm 2.yr ') is consistent with the
observed pattern of European Atlantic rivers with a similar
catchment size (Vanmaercke et al., 2011). Despite greater
uncertainty about the sediment load estimates downstream of the
dam where suspended sediment quantities were sometimes very low
and more difficult to measure accurately, the annual flux of

“2yr™') downstream of the

1

sediment dropped (11.6 t.km
reservoirs. This corresponds to an amount of 12,077 tyr  and
9,013 t-yr ' upstream and downstream of the dams, respectively,
meaning that the reservoirs trapped and stored about 3-10° tons of
sediment from September 2015 to August 2016. With 758 mm
rainfall, this water year was consistent with the inter-annual
variability observed on the river. One immediate consequence was
a drastic drop in water turbidity downstream of the reservoirs
irrespective of season (Figure 2B) that set off a chain reaction in the
entire river food web, from epilithic biofilm to invertivorous fish.
The percentage of inorganic sediment in the epilithic biofilm
samples was lower downstream of the reservoirs. Seasonal biofilm
dynamics were substantial everywhere, with higher biomass and
productivity in spring and summer. Biofilm growth on a virgin glass
support measured as the increase in chlorophyll a per day was
slightly, but not significantly, higher downstream than upstream of
the reservoirs in spring and fall. Moreover, the trophic nature of the
biofilm estimated using the autotrophic index (Weber, 1973)
remained similar to the autotrophic threshold downstream
irrespective of season, whereas heterotrophy prevailed upstream
of the reservoirs in fall. This result was corroborated by
measurements of the C:N molar ratio of suspended sediment. The
ratio of organic matter exported from soils was close to the expected
values (Kendall et al, 2001) upstream of the reservoirs, but it
strongly decreased downstream in spring and summer when solar
radiation, water turbidity and water temperature were most
favorable to primary producers. It indicates that the reservoirs
produced a fraction of organic matter — algae-derived C drifting
downstream - as also supported by continuous monitoring of the
chlorophyll a concentration in the water column downstream of the
reservoirs (Fovet et al., 2020), hence the presence of pelagic forms
(notably diatoms) in the epilithic biofilm matrix downriver.
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Therefore, the composition of the epilithic biofilm differed
remarkably downstream of the reservoirs as a response to lower
water turbidity, siltation, and the input of pelagic microalgae
drifting from the reservoirs.

In the Seélune River, the higher abundance of herbivores (algae
eaters, scrapers) within invertebrate communities downstream of
the reservoirs suggests an enhancement of the algal pathway. The
shift from detritivores to herbivores in invertebrate communities
has been reported in river food webs downstream of large reservoirs
(Mor et al,, 2018). Stable isotope analysis of aquatic consumers,
invertebrates and fish, gives support to this assumption. We
estimated that an average 75% of the C flowing into the river
food web 1 km downstream of the reservoirs was derived from
aquatic primary producers, i.e. + 25% compared to the river food
web just upstream of the reservoirs. This effect was still perceived
4 km downstream of the reservoirs (60% of algae-derived C in the
food web) and stopped further downstream where equal
contributions of autochthonous and allochthonous C were found.
Phytoplankton that drifted from the reservoirs and deposited on the
epilithic biofilm likely contributed to higher algal C contribution in
the downstream food web, as reported in other studies (Angradi,
1993; Hoeinghaus et al., 2007; Doi et al., 2008; Ru et al., 2020).
According to methodological recommendations (Cabana and
Rasmussen, 1996; Vander Zanden and Rasmussen, 1999),
invertebrate primary consumers (herbivores and shredders) were
used in our mixing models, and it was not possible to estimate the
contribution of a specific basal food sources (i.e. phytoplankton vs.
phytobenthos). However, nine kilometers downstream of La-
Roche-Qui-Boit reservoir (Site S9, Figure 1), equal contributions
of algal C and detrital C to aquatic consumers were reported,
meaning that the effect of the dams on C flow in the aquatic food
webs had disappeared. This suggests that terrestrial-based food
sources increased in the lower reaches of the Selune River, outlining
the possible influence of organic matter inputs from downstream
tributaries, notably the Beuvron River (Figure 1).

In our analysis, values of nutrient concentrations, benthic algal
and invertebrate communities and stable isotope ratios on aquatic
organisms were considered jointly, revealing subtle interactions
between C and nutrient biogeochemical cycles in the Sélune
River. It also outlines mechanisms whereby large dams and
reservoirs can affect these cycles and food web functioning in a
small agricultural stream. Primary producers rely upon dissolved
inorganic C (DIC) that originates from the terrestrial ecosystem
(e.g. HCO; and dissolved CO, from chemical weathering and soils),
respiration of the aquatic ecosystem, and diffusion of atmospheric
CO, into water (Mook & Tan, 1991; Finlay, 2003; Liu et al., 2011).
During photosynthesis, algae preferentially assimilate ">C (Hecky
and Hesslein, 1995), but when productivity is high and DIC
concentration is depleted, less discrimination against >C can lead
to higher 8"°C values in primary producers. Moreover, a lower DIC
concentration can promote the diffusion of atmospheric CO, into
water. Since the 8"*C value of atmospheric CO, is high (about —8%o,
Keeling et al,, 2010), primary producers are expected to be '*C-
enriched in more productive rivers (Roussel et al., 2014). In the
Sélune River, the contribution of algal C to aquatic food webs was
higher downstream of the reservoirs, but we did not find higher
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8'3C values in herbivorous invertebrates (Figure 5A). Fluorescence
measurements on the epilithic biofilm did not reveal higher
photosynthetic activity downstream of the reservoirs, and it is
likely that the observed higher algal-C contribution to the aquatic
food web downstream of the reservoirs was a consequence of a
lower detrital-C contribution rather than higher primary
production. Indeed, both PO, measurements and the N:P molar
ratios in water samples showed that phosphorus availability
decreased downstream of the reservoirs. Phosphorus is essential
to freshwater primary producers, but the blooming and sinking of
phytoplankton in reservoirs can massively reduce its availability to
downstream food webs during specific periods of the year (Chen
et al, 2014; Lu et al, 2016; Bao et al, 2018), notably in large
reservoirs where water residence time is high (Ma et al, 2018).
Therefore, we argue that low phosphorus availability restricted
primary production in reaches downstream of the reservoirs in
the Selune River, despite less water turbidity and better light
availability. Taken together, those results illustrate how large
reservoirs on a small, agricultural stream with high nutrient
concentrations and sediment loads could affect the balance
between the algae-based and the detritus-based energy pathways,
and modulate C flow in the riverine food webs from primary
producers to predators.

Finally, our study outlines some of the drivers of the reliance on
different C sources in the food web of a small, coastal stream with
high sediment loads. We notably highlighted mechanisms whereby
large dams and reservoirs can induce a major discontinuity in the
natural process of C flow in aquatic food webs and along the river
continuum. By changing the downstream transfer of suspended
particulate matter and dissolved nutrients, the two dams on the
Sélune River artificially maintained environmental conditions that
promoted the contribution of the algae-based pathway the riverine
food webs. This conclusion comes from data and samples collected
between 2015 and 2017, before the removal of the two dams. The
dismantling operations were completed by early 2023, and the
downstream transfer of sediment and solutes are being restored
after a century of disruption (Fovet et al., 2023). Profound impacts
on the river ecosystem are expected from now, and our results will
help understand how nutrients and C flow in food webs will change
during the river restoration process. We anticipate that the
prevalence of algal C in aquatic consumers should fade out
rapidly downstream of the reservoirs. Except in the upstream
reaches and headwater tributaries where detrital C may prevail,
equal contributions of algal and detrital C to the aquatic food web
should be observed along the Séelune River continuum. Moreover,
the expected return of diadromous species, e.g. Atlantic salmon
and sea lamprey (Salmo salar, Petromyzon marinus), will
disseminate marine-derived nutrients throughout the watershed,
as observed in the Elwha River and the Penopscot River (Duda
etal, 2011; Tonra et al,, 2015; Zydlewski et al., 2023). European eel
(Anguilla anguilla) will also colonize the headwaters, and this
species is known to have a large impact on other fishes in the
Sélune River (Lizé et al, 2023). These new driving forces will
require attention in order to understand how the river ecosystem
and the aquatic food webs will be restored along the Sélune River
over the next decade.
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The Water Framework Directive set for European Union countries the objective of
restoring the ecological and/or sediment continuity of rivers, as the latter is
relevant for providing suitable habitats for the former. Indeed, abiotic fluxes
and variables shape riverine ecological habitats and are likely to be modified by
barriers such as dams. Two dams were removed from the Selune River
(northwestern France) from spring 2017 to summer 2022. The objective of this
study was to describe and quantify how the dams modified abiotic parameters and
fluxes, as well as the dynamics of these fluxes during dam removal. We monitored
coarse and fine sediments, water temperature and nutrient concentrations in the
Selune River from upstream to downstream of the dams from 2015 to 2023. The
results showed that coarse sediments of the riverbed are a legacy and that current
hydrodynamic conditions are not sufficient to move them much, with or without
the dams. In addition, it appears that at this early stage after the removal some
downstream parameters, especially nutrient concentrations and water
temperature, have already converged towards upstream signals, while fine
sediment stored in the dam’'s reservoirs are still destocking. Restoring
ecological continuity of the Selune River will involve dynamics of abiotic
parameters over longer time scales, in response to removal of the dams, and
over larger spatial scales, in response to climate and other global changes.

KEYWORDS

sediments, biogeochemistry, water temperature, nutrients, river restoration

1 Introduction

Many environmental policies, such as the Water Framework Directive set for European
Union (EU) countries the objective of restoring river ecological and sediment continuity.
Dams, especially large ones, alter the geomorphology of rivers by deposition of bed and
suspended sediments upstream from them which causes a sediment deficit that commonly
leads to incision and development of a river bed sediment coarsening (pavement)
downstream from them (Kondolf, 1997; Brandt, 2000; Rollet et al, 2014). However,
predicting effects of dam removal on geomorphology remain difficult because i) these
effects depend on local configurations (Foley et al., 2017a), ii) few references are available
(Bellmore et al., 2017) and iii) time scales of response are uncertain but likely to be on the
order of decades (Pizzuto, 2002; Graf, 2005). The recovery trajectories are known to be
dynamic and likely to lead to ecological conditions similar or different to the ones before
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impoundment (Bellmore et al., 2019). A meta-analysis on dam
removal studies over the United States that include pre-removal
and post-removal data emphasized the large influence of landscape
features on the biophysical response to dam removal and
highlighted the limitation of our understanding due to a limited
range of landscapes in the existing studies (Foley et al., 2017b).

Based on data from dam removals in the United States
(United States), Foley et al. (2017a) concluded that physical
variables generally changed rapidly after the removal of large
dams, and that physical connectivity quickly became -effective
again. In the Elwha River (United States), dam removal was
managed to use the river to naturally erode and transport
sediments (Warrick et al., 2012). After 2 years of monitoring this
emblematic removal operation, Warrick et al. (2015) estimated that
90% of the sediments initially stored in the former reservoir had
been flushed to coastal waters, some of which had been deposited in
the river’s mouth. They also observed that the deposition was
dominated by coarse and sandy sediments, but also contained
large amounts of fine sediments. Additional monitoring for the
next 3 years showed that the first 2 years contained most of the
sediment and geomorphic signal (Ritchie et al., 2018). Dam removal
is expected to reverse the disturbances the dam created by eroding
sediments stored in the upstream reservoir and transporting and
depositing them in downstream reaches (Brandt, 2000; Doyle et al.,
2005). Fine sediments are expected to respond more rapidly than
coarse sediments (Doyle et al., 2005). Dams influence river water
temperature greatly (Poirel, 2010; Olden and Naiman, 2010).
Depending on how reservoir water is released, downstream water
can be either cooled (release of deep layers of stratified water) or
warmed (release of the surface layer). Reservoirs also tend to smooth
out daily and/or annual temperature variations (Ward, 1985). These
disturbances of the thermal signal are observed directly downstream
of a reservoir and can persist for several tens of km depending on
factors such as the structure of the dam or riparian vegetation cover
(ZaidelCaissie, 2006; 2021).

Other abiotic parameters are also likely to respond strongly to
dam removal (Bednarek, 2001; Doyle et al., 2005), such as nutrients
that are retained by dams, including nitrogen (N) (mainly due to
denitrification) (Stanley and Doyle, 2002; von Schiller et al,, 2016) and
phosphorus (P) (usually trapped in reservoirs) (Doyle et al., 2003;
Fovet et al, 2020). Geomorphologic changes can modify these
retentions by modifying particle deposition (and thus P retention),
the extent of the water-sediment interface, the size of particles and the
potential to denitrify N (Stanley and Doyle, 2002; Doyle et al., 2003).
For instance, 14 days after dam removal in the Chishui River (China),
Lei et al. (2023) observed an increase in P concentration and a
decrease in N concentration, suggesting higher N retention soon
after the removal, when active erosion was observed. Doyle et al.
(2003) concluded that removing small dams from the Koshkonong
River (United States) decreased P retention in the reach that contained
the former reservoir, but did not stop it completely, and increased the
P concentration downstream. Bohrerova et al. (2016) measured
concentrations in the reach of the Olentangy River (United States)
upstream of the Fifth Avenue Dam before and after it was removed,
and highlighted higher in nitrate concentrations and lower phosphate
concentrations when the impounded portion was restored as running
water. Velinsky et al. (2006) observed no significant effects of a small
dam on Manatawny Creek (United States) or its removal on the
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concentrations and forms of carbon (C), N or P; they concluded that
the residence times were too short and the thermal stratification too
weak to influence nutrient cycling. Abbott et al. (2022) monitored
dissolved oxygen concentration continuously for 3 weeks in summer
at 15 river sites in the United States before and after removal of their
small dams; they found that the reservoir’s oxygen signal returned to
the upstream reference at 80% of sites within 1 year of the removal.
Riggsbee et al. (2012) used experiments to quantify nutrient fluxes
before and after removal of a dam on the Little River (United States)
and identified that vegetation had a significant influence on N and P
leaching during the first growing season after removal and that it likely
would have a larger influence in the long term.

These studies of effects of dam removal on abiotic parameters
are less common than those of effects on biotic parameters
(Pizzuto, 2002; Bellemore et al, 2017), limited in space
(reservoir and downstream), or limited to a few abiotic
parameters, especially sediment dynamics (Warrick et al,
2012; Foley et al., 2017a; Basilico et al., 2021). The present
study’s objective was thus to measure the response of a variety
of abiotic parameters, including coarse and fine sediments,
temperature and nutrient concentrations, to the removal of
two consecutive dams on the Selune River, a lowland low-
energy river in northwestern France. This study provided 1)
reference data on effects of dam removal, 2) evidence to help
interpret and understand the processes involved in ecological
restoration of the Selune River after dam removal and 3) a
complete monitoring program that helped understand abiotic
parameters, especially sediment dynamics.

2 Materials and methods
2.1 Study site

The Selune River flows for 91 km into the Bay of Mont Saint-
Michel (Figure 1). It drains a watershed area of 1,083 km? and once
had two hydroelectric dams: Vezins and Roche-Qui-Boit (RQB)
(36 and 16 m high, respectively) (Table 1). The watershed’s climate
is oceanic, with a low temperature amplitude and rainfall distributed
throughout the year. The annual mean (+ standard deviation)
rainfall is 794 (¥209) mm (2015-2022). Rainfall is highest in
December (111 + 68 mm) and lowest in July (39 + 29 mm).
Rainfall and
fluctuations: a period of high flow in winter and low flow in
summer. Mean monthly discharge at Ducey (39°38'22.4545"E,
12°13'9.7918"S, WGS84) is equal to 10.9m>s’ in average and
varies between 4 m®s™ in September and 21.1 m’s™ in February.

evapotranspiration variations cause seasonal

The watershed’s Armorican bedrock consists of Brioverian
sedimentary formations in the center (schists and sandstones)
surrounded by granitic layers to the north and south
(Cadomian). Due to the low permeability of this substrate,
groundwater bodies are particularly shallow, which results in
hydromorphic soils in bottomlands. The hillsides have well-
drained Cambisols. Most slopes are moderate and less than 3%,
but can reach 13% in the river gorge and in the valleys of some
tributaries. The watershed is dominated (89% of the area) by
agriculture, with arable land and grassland for mixed (summer/

winter) crops and livestock.
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FIGURE 1

Map of the Selune River watershed and location of stations. The inset maps show only sediment traps and ponds.

TABLE 1 Characteristics of the 2 dams removed from the Selune River, from
(SEPIA CONSEIL, 2002). Mean residence times were computed by averaging
over each period the daily residence times obtained by dividing the reservoir
volume (in m?, measured and provided by the dam manager) by the average
daily discharge measured downstream the dam (in m*.day™’, measured by us or
the dam manager).

Characteristic Roche-Qui-
Boit
Year of construction 1932 1919
Surface area (km?) 1.70 0.29
Maximum volume of the reservoir (m?) 18,000,000 90,000
Maximum depth of the reservoir (m) 31 16
Mean depth of the reservoir (m) 12.0 3.1
Mean residence time of the reservoir (days) 14 (Nov.- 1 (Nov.-Apr.)
Apr.)

47 (Jun.-Sept.) 4 (Jun.-Sept.)

In 2009, the French government decided to remove the 2 dams.
Removal operations on the Vezins dam began in March 2017, and
the dam was dismantled from April 2019 to June 2020. The RQB
dam was dismantled from June 2022 to January 2023. Hydro-
sedimentary continuity of the river was effective in May 2022.

The amount of sediments stored in the 2 dam reservoirs was
estimated as 1,800,000 m* (IDRA, 2012). To keep this massive
amount of sediments from moving and clogging the river
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downstream, much of it was dredged and stored in ponds
built with gabions and dykes made from in-situ sediments
(Berrée, 2019). After the reservoirs had emptied and the
sediments had dried, the gabions were removed. To our
knowledge, this kind of sediment management using heavy
civil engineering was unprecedented in the history of dam
removal (French Water Agency, personal communication;
Germaine and Lespez, 2017; Schiermeier, 2018).

A multidisciplinary scientific program (https://programme-
selune.com/fr/) was established in 2012 to assess impacts of
removal of the dams on the river and its restoration. An
observation network was established in 2015 to monitor physical
and chemical parameters and fluxes of water, sediments and
dissolved elements.

2.2 Coarse-sediment measurement and
transport monitoring

Coarse sediments of the riverbed were traced using 150 RFID
transponders. Two injection sites were selected, one upstream of the
Vezins dam (site 1) and the other downstream of the RQB dam (site
2) (Figure 1). Difficulty in accessing certain sections (in particular
because of the steep valley), preference for sectors with shallow water
to allow for prospection on foot and difficulty in finding sites
without direct human influence (i.e., weirs) led us to select sites
with slightly different geomorphological characteristics. Site 1 had a
significantly lower slope than site 2 (Table 2).
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TABLE 2 Characteristics of the coarse-sediment tracing sites upstream of the
Vezins dam (site 1) and downstream of the Roche-Qui-Boit dam (site 2).

Site 1 2
Watershed area (km?) 627 761
Slope (m.m™) 0.0007 0.0018
Bankfull width (m) 17.1 21.0
Specific stream power (W.m?) 15.22 39.80

Sediments equipped with a transponder had a median particle
size similar to that measured at the two sites (D50 of 39-55 mm).
Only particles smaller than 22 mm, which represented 10% (site 1)
and 23% (site 2) of the particles on the riverbed, were too small to be
used. Tracers were injected in July 2015 along 2 transects at the
2 sites, spaced 20 cm apart, taking care to mimic the natural
intermingling of the sediments as well as possible. Thus, 50 and
100 tracers were injected at sites 1 and 2, respectively. They were
surveyed annually, over seven water years from 2015 to 2022
(denoted PO to P6 in Figure 2), and their location was recorded
using DGPS (Differential Global Positioning System). Given the
diameter of the detection antenna (50 cm) and the precision of
DGPS (3 cm after processing), the mean margin of error, after
several tests, was 1 m. We thus considered the tracers that moved
more than 1 m per year to be mobile.

10.3389/fenvs.2023.1231721

Travel distances were measured using GIS. The locations of the
tracers were projected on a central line of the channel, and only the
longitudinal the
representativeness of the movements recorded during the first

movements were measured. Given low
year after injection (due to the risk of overexposure of sediments
and imperfect nesting), only monitoring results obtained beginning
in August 2016 are presented. The hydrological characteristics of the
monitoring periods were obtained from the Signy measuring station

S3 (described below) (Figures 1, 2).

2.3 Monitoring physico-chemical variables
and fluxes

The monitoring scheme is the result of a collaboration between
research units, the EDF group that was in charge of energy
production via the dams, and the Regional Directorate of the
Environment (DREAL 50). Two stations, one upstream and one
downstream of the dams (Figure 1), have been equipped with
sensors since 2015 to continuously monitor the water level
(pressure sensor with ceramic cell PLS, OTT HydroMet), water
temperature (PLS, OTT HydroMet), turbidity (Solitax ts-line sc,
0.001-4000 FNU/NTU, TSS: 0.001 mgL'-50gL"', HACH) and
conductivity (C4E, 4 electrode measurement, AQUALABO).
River discharge was estimated using a rating curve established for
each station by DREAL 50. The upstream station, Virey (S1), which
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FIGURE 2

(top) Stream flow dynamics during the monitoring period and tracer-monitoring surveys (C0O-C6) performed at the end/start of hydrological years
(PO-P6) and (bottom) tracer mobility results at the upstream site (Site 1 - Virey) (grey box plots) and downstream site (Site 2 - Pont de Bateau) (white box
plots) for each survey. The percentages over the box plots indicate the annual sediment mobility rate. Whiskers indicate 1.5 times the interquartile range.
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is managed by EDF, is located 14.7 km upstream of the Vezins dam
and drains a watershed area of 629 km® Its sensors take
measurements every 1h. The downstream station, Signy (S3),
which we managed, is located 4 km downstream of the RQB dam
and drains 777 km’. Its sensors take measurements every 6 min.
Turbidity and water-level data from the EDF station located
immediately downstream of the RQB dam (Pont de Bateau, S2),
whose sensors take measurements every 1 h, were also used in this
study.

Since 2015, 1 L grab-samples of water have been taken once per
week at the upstream and downstream stations (S1 and S3). These
stations also have automatic samplers (ISCO) that sample several
flood events per year. These samples are analyzed at the analytical
laboratory. Of each sample, 500 mL are filtered at 0.45 um, dried and
then weighed to determine the concentration of suspended
sediments (SS) (ISO, 2019b). From half of the samples, a
subsample is filtered through a fiberglass membrane and then
used to measure C and N concentrations using an elemental
analyzer (CN FLASH EA 1112, Thermo Finnigan). For each
sample, a bottle of unfiltered water is used to measure the total P
concentration via colorimetry (ISO, 2018). Finally, for each sample,
a subsample is filled with 0.45 um filtered water to measure the
concentrations of major ions (ClI, NO;~ SO,*) via ionic
chromatography (ICS-3000, DIONEX) (ISO, 2021) and PO,*
(ISO, 2018), ammonium (ISO, 2019a) and dissolved silica (Si)
(AFNOR  T90-007) by colorimetry (SmartChem 200, AMS
Alliance). Since April 2022, ca. 28 grab-samples of water have
also been taken at station S2, four of them during flood events,
to measure concentrations of SS. Hourly rainfall data were provided
by Météo France from the station in Saint-Hilaire-Du-Harcouet (no.
50484002).

2.4 Data analysis

2.4.1 Data acquisition and treatment

This study examined different phases of the removal project. For
the pre-removal period, data from 2015 to March 2017 were used. The
dams had not yet been completely dismantled, but hydro-sedimentary
continuity of the River Selune was recovered (May 2022) when most of
the RQB dam was removed. Monitoring continues, and measurements
collected until 1 March 2023 were included in this study. However,
emptying of the reservoir behind the RQB dam (from 15 May to
1 September 2022) displaced a large volume of stored sediments. This
period was therefore considered separately when analyzing the turbidity
signal and calculating sediment loads.

The high-frequency data acquired by the sensors were
visualized, examined and validated using the OTT software
Hydras 3 (version 2.91.0). Punctual outliers due to factors such
as micro-cuts (i.e., shorter than 30 min) were removed and replaced
by the mean of the previous and subsequent values. If a sensor
drifted for several hours or days, the period was removed. For station
S3, hourly time series were extracted from the original data (6-min
measurements) for homogeneity with the other stations. For
concentrations of chemical elements measured by laboratory
analyses, extreme values below or above the 1st and 99th
percentiles, respectively, were removed.
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Statistical analyses were performed using the stats package
(version 4.2.2) of R software (version 4.2.2) (R Core Team,
2022).
(version 3.4.1).

Graphs were made using the ggplot2 package

2.4.2 Relation between suspended sediment
concentration and turbidity

Turbidity represents the cloudiness of water due to SS
smaller than 1 mm in size. It is related mainly to the
concentration of SS (SSC) but also on the size and type of the
particles. Turbidimeter probes are more sensitive to
concentrations of fine particles, while measurements of SSC
are related mainly to the mass of suspended loads (Thollet
et al., 2013). Fine suspended loads were calculated from high-
frequency turbidity measurements using a relation calculated
between in-situ measurements of SSC and turbidity. To establish
this equation between turbidity and SSC, a simple linear
regression was used (see, e.g., Minella et al., 2007; Gray and

Landers, 2014; Vongvixay et al., 2018):

SSC [mg/L] = a x tubidity [NTU] + b (1)

where a and b are the coefficients of the calibration equation.

One SSC-turbidity relation was determined per station by
selecting relevant events: a regression was calculated for each
flood event and selected for the station’s regression if its
coefficient of determination (R?) exceeded 0.6. Uncertainty in the
calibration equations was calculated as a 95% confidence interval. As
the removal operations (e.g., sediment management, dismantling)
may have directly influenced the downstream station, data from the
pre-removal and removal periods were separated, and one SSC-
turbidity relation was determined for each.

2.4.3 Monitoring the emptying of the reservoir
behind the RQB dam

Sediment loads at station S3 from 15 May-1 September
2022 were calculated separately from those for the rest of the
year, for several reasons. First, the turbidity during the emptying
higher than that
1,400 nephelometric turbidity units). Second, the particles

was usually observed (up to
resuspended by removing the dam likely differed from those
that crossed the RQB dam. Finally, a large amount of turbidity
data (ca. 1 month in total) was missing at S3 during this period
due to technical problems and because the probe became buried
under massive sediment deposits. During this period, sediment
loads were estimated at the two stations downstream of the dam
(S2 and S3) to estimate the amount of sediment that left the dam
immediately and that was deposited along the 4 km between the
two stations.

A SSC-turbidity relation was established for each station from
the samples from this period (6 SSC-turbidity pairs for S2 and 26 for
S3). The turbidity data were then divided into four periods
(i.e, phases) that had different dynamics: increase, plateau,
recession and stabilization. When turbidity data were missing, we
used a relation between SSC at stations S2 and S3 established from SS
data of the same phase. The mean temporal shift between the two
stations, estimated as 3 h, was considered in this relation
(Supplementary Figure S1).
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2.4.4 Measurement of sand and suspended-solid
particle sizes

To highlight effects of dams on the particle-size distribution of
sediments that moved downstream, one of two protocols was
applied depending on the mode of movement. For SS, water
samples at S1 and S3 were analyzed before and after dam
removal. The particle-size distribution of SS was measured using
a laser particle-size meter (CILAS 1180). Before measurement, each
sample was passed through a 1 mm sieve, and an H,O, solution was
added to dissolve the organic matter. Once dissolved, a
hexametaphosphate solution was added to prevent particles from
aggregating, and an ultrasonic treatment was applied to the bath of
the particle-size meter for 1 min.

To sample sediments that moved a few cm above the riverbed,
we built sediment traps that were fixed to the riverbed and collected
every 2 weeks if the water level was sufficiently low. The traps were
made from plastic bottles, which slowed the water flow. Each bottle
contained a honeycomb structure that trapped the sediments that
passed through. As the inlet of the bottle had a diameter of 3 cm,
only small gravel or sand could be trapped, but in practice, the
largest sediment caught was a few mm in size. The sediment caught
in each trap was dried in an oven and then passed through a set of
6 sieves (from 50 to 2 mm). Traps were installed at S1 in September
2021, before hydro-sedimentary continuity had been restored, and
at T1-T4 after May 2022, to assess sediment trapping by large pools
downstream of RQB (Figure 1). As the velocity of water passing
through the traps was not measured, the sand concentration or mass
flow could not be calculated. The size of sand particles in the traps
was thus considered as a qualitative indicator of the size of particles
that moved near the riverbed.

3 Results

3.1 Coarse sediments are a legacy and
moved little

Hydrological conditions varied greatly during the monitoring
period. The 2 years flood - Q, (50.3 m’ s™') was exceeded during 3 of
the 6 observation periods, and the 5-years flood - Qs (67.2m’s™)
was exceeded during 2 of the periods. However, no extreme flows
(decennial or greater) were recorded after injecting the tracers
(Figure 2). The tracers’ recovery rates during the surveys (92%-
100%) were much higher than those reported in the literature, due to
their low mobility, regardless of the site or period considered
(Figure 2). Despite floods at which morphogenic processes can
theorically occur (>2 years flood), all mobility rates were lower
than 40%, which indicated partial mobilization of the bottom of
the riverbed, even for flows that reached those of a 5-year flood.
Once mobilized, 75% of the tracers moved less than 2 m y™'. Even
when considering the maximum distances, mobility behaviors
differed little among periods and did not exceed 15 m. Despite
this low mobility, hydrology and tracer mobility were correlated.
The median distances were slightly higher during periods P2, P4 and
P5, which experienced either more intense floods (P2 and P5) or
more frequent floods (P4). Mobility rates and annual distances
changed simultaneously at both sites as a function of discharge,
which appeared to be the dominant controlling factor (Figure 2).
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Finally, sediment had slightly higher mobility at site 2 than at site
1 due to the difference in specific stream power.

3.2 Water temperature and solute
concentrations recovered their upstream
signals quickly after removal

Water temperature usually increased from upstream (S1) to
downstream (S3), especially in summer (Figure 3), and the usually
negative difference between them (S1 minus S3) decreased in
2022 once the Selune River flowed freely (Figure 3). In autumn
and winter (September to March), the mean difference in water
temperature between S1 and S3 relative to mean water temperature
at S1 was —9.8% for the pre-removal period and 0.61% for the 2022-
2023 hydrological year. Variations in water temperature at S3 were
also much lower during the pre-removal period, with a mean daily
relative amplitude (i.e., daily maximum minus daily minimum,
divided by the daily mean) equal to 11.6%,
2022-2023 it reached 18.8% (Figure 3A).

Before the dams were removed, nitrate and dissolved Si

while for

concentrations differed between stations S1 and S3, while after
at S3
towards those at S1 (Figure 4). The concentration dilutions

removal, concentration dynamics rapidly converged
observed for all flow events at S1 were absent at S3 before
removal but became similar after removal (Figure 4). Baseline
concentrations were slightly lower at S3 than at S1 in spring/
summer for nitrate and much lower for dissolved Si. These
baseline concentrations differed between S1 and S3 in summer
2015 (29.8 vs. 284mg NO;. L' and 7.6 vs. 52mg Si. L7,
respectively) and summer 2016 (34.1 vs. 31.0 mg NO;. L' and
7.6 vs. 4.2 mg Si. L, respectively). Such differences did not occur
after dam removal began, since the dissolved concentrations at
S3 became similar to those at SI. In contrast, river discharge
differed little between the two stations (Figure 4).

3.3 Toward full recovery of sediment
transfer

3.3.1 Impact of the dams on sediment loads

Before the dams were removed, SS and turbidity signals at
S3 were lower than those at S1 (Figure 5; Supplementary Figure
S2). In particular, SSC usually peaked during storm events at S1,
while no peaks were observed regularly at S3 before May 2022. Only
the most intense storm events increased turbidity and SSC at S2 and
S3. Similarly, the annual suspended load varied from 4,089-41,954 t
(6.6-66.6 tkm™y™') at S1 and 1,476-14,297 t (1.9-18.8 tkm> y!) at
S3, proportional to the annual rainfall and specific runoff (Figure 6;
Supplementary Figure S3). On average, 73% (+£6%) of the suspended
load was stored in the reservoirs from 2015 to 2021. This estimate
did not consider fluxes of sand (>50 um) that moved near the
riverbed, since the monitoring equipment could not quantify this
component of the sediment flux accurately. However, reservoirs
effectively trap sediments larger than 20 um. Analysis of the SS
particle-size distribution at S1 and S3 highlighted that sediment
larger than 20 um did not cross the dams (Figure 7). Assuming that
10% of the total volume of sediment (1,800,10° m?) that settled in the
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FIGURE 3

Water temperature at stations S1 (black dots) and S3 (red dots), and the difference between them (S1 minus S3) (grey dots), for the period (top) before

dam removal (2015-2017) and (bottom) after dam removal (2021-2023).

two reservoirs in the past 90 years was larger than 50 um (IDRA,
2012), the annual sand flux at S1 could be estimated. Based on
sample data (IDRA, 2012) and a sediment density of 1.5 g cm™ (to
convert sediment volume to mass), we estimated a time-averaged
sand flux at S1 of 3,000 ty" (4.8 tkm™>y™).

3.3.2 Initial period of physical continuity

After hydro-sedimentary continuity was restored (15 May 2022),
high peaks of SS and turbidity were observed at S2 and S3 (Figure 5,
Supplementary Figures S1, 2), without similar dynamics at S1. Estimated
fluxes of suspended load for 15 May-September 2022 were 3.2, 17.9 and
11.3 tkm™ at S1, S2 and S3, respectively, which did not follow the linear
relation between suspended load and specific discharge observed at S1.
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Therefore, they could not have come from a sediment source in the
upper part of the watershed. Although these estimates had high
uncertainties, they highlighted deposition of large amounts of fine
sediments between S2 and S3. Six weeks after removal, the turbidity
at S3 stabilized to values similar to those at S1. Nevertheless, large
deposits of fine sediments are still being observed along the banks of the
Selune downstream from the dismantled dams (Figure 8). Hydrological
conditions varied little during winter 2022-2023 (Figure 5). After
15 May 2022, sandy sediments were also trapped at T2 but not at
T1 (Supplementary Figure S4). Because there was no major storm event
from 15 May-15 September 2022, the main sediment source at T2 and
T4 during this period corresponded to the finite and easily mobilizable
sediment that had been stored behind the RQB dam.
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Estimated annual specific fluxes of suspended sediment at
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hydro-sedimentary continuity became effective.

&

S
0
0
]
= 2

q

0

0 25 50 75 100
Size (um)

FIGURE 7

Particle-size distribution of suspended sediments at the Virey and
Signy stations before the dams were removed.

4 Discussion

4.1 Restoring sediment continuity vs.
increasing the turbidity of habitats

The Water Framework Directive lies at the heart of decisions
to remove dams, since they are removed to restore ecological
and sedimentary continuity; however, bed-load and fine-
sediment issues of the latter are rarely distinguished.
Restoration of the bed load is targeted because the bed load
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strongly influences the morphodynamic equilibrium of rivers
(Kondolf, 1997) and creates the river forms that support
ecological diversity (Pitlick and Wilcock, 2001; Thomson
et al.,, 2001). However, increased fine sediment transfer is
associated with the risk of clogging and pollutant transfers,
whether in urban or agricultural watersheds (Taylor and Owens,
2009). Tracing coarse-sediment load revealed that the riverbed
of the Selune River has low mobility. Furthermore, no
morphological indicators (e.g., sediment size, geometry)
downstream of the dams indicated that the river had changed
in response to a sediment deficit, as observed in many contexts
(Kondolf, 1997; Brandt, 2000; Phillips, 2003). This low mobility
of the riverbed resulted from two factors: the low energy of this
type of river (mean specific power <30 W m?) and its
particularly coarse bottom sediment (D50 of 45-50 mm),
which it inherited from the Pleistocene (Beauchamp, 2018).
Similar sedimentary functioning has also been observed in other
rivers in granitic hydrological areas in Normandy (e.g., Orne
River, Vire River), whose inherited bottom load no longer
corresponds to current hydraulic conditions and thus has low
mobility. These rivers now have nearly no coarse sediment
input, as their watersheds have produced essentially only fine
matter since they were transformed for agriculture in the
Middle Ages (Beauchamp, 2018). Moreover, these types of
rivers correspond to the “stable bed aggrading bank” model
developed by Brown and Keough (1992) and demonstrated by
Beauchamp (2018) for the Selune River. Consequently, the
banks, little eroded, contain only fine sediments and cannot
serve as sources of coarse-sediment load. Thus, concerns about
restoring the sediment load and their dynamics in these rivers
are low.

4.2 Rapid recovery of abiotic parameters:
implications for future resilience of the river

The results show that the dynamics of most nutrient
concentrations and water temperature have become more similar
between S1 and S3 since the dismantling started. Removing the dams
decreased the warming of the downstream sections in warmer
seasons, even during summer 2022, which was the hottest
summer of the monitoring period. This result is of interest for
ecological continuity, especially in the context of climate change.
Moulin et al. (2022) identified this warming effect of the dam by
decomposing the water temperature signal using independent
component analysis. They concluded that the warming caused by
the heat accumulated in the reservoirs was associated more with the
Vezins dam than the RQB dam. They distinguished seasonal and
daily components, and the former had the highest contribution and
amplitude. Particular attention must be paid to the amplitude of this
seasonal component, especially maximum temperatures in summer,
since many organisms do not tolerate high temperatures well, such
as Atlantic salmon. Warm season co-occurs with spawning
migration (during spring to autumn) of adults for which critical
temperature are estimated closed to 25°C (Breau, 2013) and which
are likely to be physiologically affected by the warming of river
(Lennox et al., 2018). One strategy for surviving heat waves could be
to migrate further upstream the main river course (Frechette et al.,
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FIGURE 8

Photographs of fine-sediment deposits along the banks of the Selune River in June 2022 downstream from the dismantled dams (between S2 and
S3). The presence of decomposing leaves trapped below the sediment layer indicates that the deposits were not associated with a hydrological event.

2018) where the water is cooler, which is possible now that
continuity has been restored.

Nutrient concentration dynamics recovered rapidly at both the
event and seasonal scales. Like for water temperature, the Vezins
dam had the larger and more biologically active reservoir (Fovet
et al., 2020; Rodriguez-Perez et al., 2021); thus, as soon as removal
operations started, they directly modified the levels of the reservoirs
and changed their biological activity. These dynamics of nutrient
concentrations are important for downstream ecosystems, which
respond to nutrient ratios (especially the C:N:P:Si ratio) until
reaching the ocean (Winton et al., 2019). For instance, Fried and
Wauest (2002) illustrated such effects on diatom communities in the
Danube River (Germany). Although the chemical continuity of the
Selune River seems to have been restored, the fine sediments
deposited along it downstream of the dismantled dams are now a
source of P. The fate of this stored P will depend strongly on that of
the fine sediments, along with pH and variations in redox and
temperature, which control the mobilization of P (Parsons, 2017; Gu
et al.,, 2019).

4.3 Long-term monitoring is needed to
understand the restoration process

These early results after removal of the Selune dams highlight
the relevance of long-term monitoring of abiotic parameters,
especially fine-sediment fluxes. The remaining issue for the final
phase of restoration is the fate of the sediments that were dredged
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and stored at the former reservoirs or/and that were deposited
downstream at S2 after the reservoir behind RQB was emptied. It is
likely that the time required to reach similar dynamics of fine-
sediment fluxes between upstream and downstream sections will
depend on the hydrological conditions (e.g., Martinez-Carreras
et al,, 2012; Misset et al., 2019). The frequency of extreme events
will strongly influence how rapidly fine-sediment fluxes are restored.
Given the locations of S1, S2 and S3, the dynamics of multiple
sediment stocks can be monitored. Eventually, S1, S2 and S3 should
have similar responses of annual specific suspended load (load
divided by the watershed area). The winter of 2022-2023 was
relatively calm hydro-dynamically and dry. Indeed, rainfall in
Normandy was 28% lower than the winter mean for 1991-2020
(Météo France 2023). Monitoring needs to continue to determine
whether this stock will be mobilized within a winter, a year, or a
longer period. Additionally, we have begun to analyze sediment
tracers using particulate organic markers (Jeanneau et al,, 2018),
which should help identify remobilization of the deposited sediment
more precisely. In particular, it could help distinguish whether
sediments come from drained land, riverbanks or eroding
reservoir storage.

The results of this study are likely limited to similar rivers (Foley
etal,, 2017a), first because the response to dam removal also depends
on specific characteristics of the dam’s reservoir. For instance, N
retention was not high in this study, but other reservoirs can act as
active N sinks (Friedl and Wuest, 2002). Second, the response also
depends on geomorphological dynamics of the river; as a lowland
low-energy river, the Selune River is typical of other hydrosystems in
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northwestern France (Rollet et al., 2014). Thus, although the river’s
coarse sediments were not mobile with or without the dams, it
already has favorable habitats for aquatic ecosystems and migratory
species.

5 Conclusion

In the Selune River, a lowland low-energy and relatively turbid
river in northwestern France, we found the following:

i) coarse sediments moved little before or after the dams were
removed
ii) water temperature and solute concentrations downstream of the
dams recovered their upstream signals quickly after dam removal
iii) fine sediments responded rapidly, with large amounts mobilized
and deposited downstream of the former reservoir and
stabilization of water turbidity after 6 weeks
iv) the need to observe the restoration process over periods longer
than a year to determine the dynamics and fate of fine
sediments, both those dredged and stored in ponds upstream
and those mobilized and deposited during the rapid response.

Respectively, they could have the following implications for
ecological dynamics during restoration:

i) little influence of coarse sediments, since favorable habitats in
aquatic communities are already present

ii) improvement in the river’s water temperature, since removing

the dams decreases exposure of downstream reaches to

overwarming in the context of climate change

iii) yet-to-be-determined influence of fine sediments, since
increased transfer of fine sediments, even punctual, risks

clogging habitats.
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Large-scale dam removals provide opportunities to restore river function in the
long-term and are massive disturbances to riverine ecosystems in the short-
term. The removal of two dams on the Elwha River (WA, USA) between 2011 and
2014 was the largest dam removal project to be completed by that time and has
since resulted in major changes to channel dynamics, river substrates, in-stream
communities, and the size and shape of the river delta. To assess ecosystem
function across the restored Elwha watershed, we compared leaf litter
decomposition at twenty sites: 1) four tributary sites not influenced by
restoration activities; 2) four river sites downstream of the upper dam (Glines
Canyon Dam); 3) four river sites within the footprint of the former Aldwell
Reservoir upstream of the lower dam (Elwha Dam); 4) four river sites
downstream of the lower dam; and 5) four lentic sites in the newly developing
Elwha delta. Three major findings emerged: 1) decomposition rates differed
among sections of the Elwha watershed, with slowest decomposition rates at the
delta sites and fastest decomposition rates just downstream of the upper dam;
2) aquatic macroinvertebrate communities establishing in leaf litterbags differed
significantly among sections of the Elwha watershed; and 3) aquatic fungal
communities growing on leaf litter differed significantly among sections.
Aquatic macroinvertebrate and fungal diversity were sensitive to differences in
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canopy cover, water chemistry, and river bottom sediments across sites, with a
stronger relationship to elevation for aquatic macroinvertebrates. As the Elwha
River undergoes recovery following the massive sediment flows associated with
dam removal, we expect to see changes in leaf litter processing dynamics and
shifts in litter-dependent decomposer communities (both fungal and
invertebrate) involved in this key ecosystem process.

KEYWORDS

dam removal, leaf litter decomposition, aquatic—terrestrial interaction,
macroinvertebrate communities, fungal communities, aquatic decomposition,

ecological restoration

1 Introduction

Dams have long been known to negatively influence river
systems (Stanford and Ward, 2001; Morley et al., 2008; Pess et al.,
2008; Colas et al.,, 2016), but in recent decades, as dams are
decommissioned and removed, there are both short-term
disturbances caused by dam removal, as well as long-term
benefits of reconnected watersheds (Bednarek, 2001; Stanley and
Doyle, 2003; Duda et al., 2016; Bellmore et al., 2019; Ding et al.,
2019; Morley et al., 2020; Atristain et al., 2023). Dams impede the
flow of water, sediment, and organic matter from upstream to
downstream reaches (Minear and Kondolf, 2009; Atristain et al.,
2023), causing changes upstream of dams to flow velocity, stream
water temperature, and the deposition of sediment and organic
material (Warrick et al,, 2015; Warrick et al., 2019). Downstream,
dams often create sediment starvation conditions, reduce discharge,
increase velocity, reduce allochthonous material transport (Salomao
et al., 2019; Tabucanon et al., 2019; Li et al., 2020; Kasahara et al.,,
2022), scour the riverbed, and alter nutrient cycling (Maavara et al.,
2020). During and following dam removals, watersheds can
experience significantly greater sediment and organic matter loads
as material deposited in reservoirs is mobilized and transported
downstream (Bednarek, 2001; Foley et al., 2015; Foley et al., 2017a;
Peters et al., 2017; Bellmore et al., 2019), contributing a greater
proportion of finer-grained sediments than before dam removal
(Kibler et al., 2011; Tullos et al.,, 2014; East et al., 2018). Dam
removal can flood sediment- and resource-starved reaches with
excessive sediment and potentially either overwhelm decomposer
communities with too much organic material or create anoxic
conditions throughout watersheds, both of which could alter rates
of organic matter processing (Muchlbauer et al., 2009).

Organic matter processing is a key ecosystem function that links
terrestrial and aquatic communities in riverine habitats (Cummins
et al,, 1973; Benfield, 1996; Wallace et al., 1997) and has been
predicted to show longitudinal patterns in riverine systems
according to the River Continuum Concept (RCC; Vannote et al.,
1980), with modifications predicted by the Riverine Productivity
Model (RPM; Thorp and Delong, 1994). Rivers and streams
partially depend on allochthonous inputs of organic matter from
riparian forests, especially in forested headwaters, along tributaries,
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and when in-stream autochthonous (algal) resources are
diminished. However, inputs of organic matter from the
floodplain, side channels, and tributaries can also provide
valuable resources for larger rivers (Junk et al., 1989; Thorp and
Delong, 1994). Inputs of woody debris (Flory and Milner, 1999;
Milner and Gloyne-Phillips, 2005; Wootton, 2012), leaf litter
(Cummins et al., 1973; Petersen and Cummins, 1974; Webster
and Benfield, 1986), and plant reproductive structures (Flory and
Milner, 1999; Garthwaite et al., 2021) are all important resources for
a variety of in-stream decomposers (microbial and invertebrate)
and support stream food webs (Cummins and Klug, 1979;
Cummins et al., 1989; Graga, 2001; Hayer et al., 2022). The
establishment of microbial communities on organic matter
conditions tissues and alters stoichiometry, making the organic
matter more nutritious for macroinvertebrate shredders, grazers,
and collectors that feed on biofilms on leaf surfaces (Arias-Real
et al, 2018). Finally, the processing of organic matter and
breakdown of material from coarse particulate organic matter
(CPOM,; leaves, flowers, twigs, wood) to fine particulate organic
matter (FPOM; leaf and wood fragments, feces) feeds a diverse
downstream community of filtering and collecting organisms
(Kaushik and Hynes, 1971; Cummins and Klug, 1979; Vannote
et al., 1980; Petersen et al., 1989). Organic matter decomposition
rates are predicted to be fastest in shady headwaters with
macroinvertebrate communities dominated by shredders, and
slower in larger reaches of rivers dominated by collectors and
grazers (Vannote et al., 1980). However, decomposition rates may
still be relatively fast along the edges of large rivers where woody
debris entrains litter, benthic macroinvertebrates have peak
densities (Thorp and Delong, 1994), and some studies have
reported high percentages of shredders (Chauvet, 1997).
Processing of organic matter is predicted to be slow in large order
rivers where sediment deposition leads to anoxic and unstable
conditions (Thorp and Delong, 1994) and physical fragmentation
rates may be lower (Chauvet, 1997).

Dam removals can be large but temporary disturbances, and the
release of sediment and organic matter may alter environmental
conditions for decomposers as well as the available stocks of organic
matter for processing (Muehlbauer et al., 2009; Atristain et al,
2023). After 100 years of impoundment, two dams on the Elwha
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River (WA, USA) accumulated an estimated 21 million m®> of
sediment, of which ~50% was fine organic and inorganic particles
(Warrick et al., 2019). The removal of these dams was the largest
controlled-sediment release in history, and it occurred in
concurrent increments between 2011 to 2014 to balance the
severity and duration of sediment pulses during key life stages for
salmon. Throughout 2011-2016, large sediment pulses altered
substrate and organic matter stocks throughout the Elwha
watershed (Warrick et al., 2015; Ritchie et al., 2018; Morley et al.,
2020), and shifting water quality parameters showed greater
turbidity, nitrate, ammonium, and phosphate (Foley et al,
2017b). At the same time, anadromous fish were able to access
upstream spawning areas for the first time in a century.

In this study, we examined how leaf litter decomposition varied
across different sections of the Elwha River following the sediment-
pulse stage of dam removal. Our primary response variables were
litter decomposition rate and associated macroinvertebrate and
fungal community composition. Due to the mosaic of effects
during and following dam removal throughout the watershed, we
hypothesized that: 1) decomposition rates would differ throughout
the watershed, with fastest rates in low-order tributaries and slowest
rates at the new Elwha delta (as predicted by the RCC and RPM and
based on expected high rates of sediment deposition at downstream
locations); 2) decomposition rates would be influenced by
environmental variables across sites (for example, decomposition
rates may be negatively influenced by fine sediment deposition and
positively influenced by numbers of shredders and temperature);
3) decomposer communities (fungal and invertebrate) would differ
among sections of the watershed, with highest diversity at tributary
sites and lowest diversity in the new Elwha delta (as predicted by the
RCC and RPM and based on expected high rates of sediment
deposition at downstream locations); and 4) decomposer
community metrics would be influenced by environmental
variables across sites, but the variables influencing fungi and
macroinvertebrates may vary.

2 Materials and methods
2.1 Site description

The Elwha River basin ranges in elevation from approximately
1372 m at the headwaters inside Olympic National Park to sea level at
the delta, where it drains into the Strait of Juan de Fuca (Figure 1).
The Elwha drains a large, mostly protected watershed of over
833 km?, 83% of which resides inside Olympic National Park. The
geology of the watershed consists of sandstone/shale bedrock in the
upper basin and alluvial deposits/glacial till in the lower basin (Duda
et al., 2008). Riparian forest vegetation includes bigleaf maple (Acer
macrophyllum Pursh), red alder (Alnus rubra Bong.), Douglas fir
(Pseudotsuga menziesii [Mirb.] Franco), western redcedar (Thuja
plicata Donn ex D. Don), western hemlock (Tsuga heterophylla
[Raf] Sarg.), and various shrub understory assemblages.

This study took place at 20 locations throughout the Elwha
watershed (Figure 1; four additional sites were used for just a subset
of the study) distributed across five distinct river sections: 1) four
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tributary sites not physically influenced by restoration activities
(Griff Creek, Lower Little River, Indian Creek, and Madison Creek);
2) four river sites downstream of the upper Glines Canyon Damy;
3) four river sites within the footprint of the former Aldwell
Reservoir upstream of the lower Elwha Dam; 4) four river sites
downstream of the lower Elwha Dam; and 5) four lentic sites in the
newly developing Elwha delta (freshwater sites, not brackish). An
additional four sites were located in the Elwha River upstream of the
Glines Canyon Dam in the former Mills reservoir footprint and
were used for only a subset of this study due to issues with access
(see Section 2.2). Leaf litter experiments were carried out in the
autumn of 2016 and 2017, with decomposition rates calculated in
2016 and fungal litter colonization assessed in 2017. The study was
designed with both decomposition rates and fungal colonization to
take place in 2016, but a freezer failure destroyed fungal samples
from 2016 and new samples were incubated for fungal
establishment in 2017.

2.2 Leaf litter decomposition study

In fall of 2016, we examined bigleaf maple (A. macrophyllum)
litter decomposition rates at the 20 primary sites within the Elwha
River watershed post-dam removal. Bigleaf maple was chosen as a
litter source because it is common throughout the Elwha watershed
and it has moderate decomposition rates (not as fast as alder, not as
slow as conifer needles, both of which are also common throughout
the watershed). Naturally abscised leaves were collected from bigleaf
maple stands at 5 source locations within 5 km of the Elwha River.
Leaves were air-dried, petioles were removed, and 4.00 g +/- 0.10 g
quantities were placed into coarse-mesh (6.4-mm openings) litterbags
to allow invertebrate access (n = 60 bags per maple source; N = 300).
During litterbag preparation, we counted the number of maple tar
spots (Rhytisma punctatum, a common fungal endophyte) on leaves
in each bag because this fungal infection has been shown to influence
decomposition rates in other studies (LeRoy et al., 2011; Wolfe et al,,
2019). Litterbags were then randomly assigned both a harvest date
and one of 20 locations within the five sections in the Elwha
watershed. Fifteen litterbags were placed at each site in pools near
monitored riffles, attached to 2-m rings of steel cable, and anchored
into place using sandbags. Litterbags were placed in late August 2016,
and five replicate litter bags were harvested from each location after 2,
5, and 6 weeks (specific dates varied slightly depending on sample
location and retrieval logistics; final harvest date was determined by
the onset of high flows). Harvested litterbags were placed into
individual polyethylene zipper bags and transported on ice to the
laboratory for processing.

Litterbags were processed within 12 hours of harvesting.
Sediment and macroinvertebrates were rinsed from leaf fragments
and sieved through 250-pum nets for preservation in 70% ethanol. At
the week 5 harvest, leaf punches were collected for microbial
analysis (but those samples were lost in a freezer accident, so we
repeated this aspect of the study in 2017 for fungal amplicon
sequencing, see below). Remaining leaf material was oven-dried at
70°C for 72 hours then ground, and 0.25 g subsamples were
combusted at 500°C for one hour to determine ash-free dry mass
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FIGURE 1

Map of all 24 study locations across six sections of the Elwha River watershed following the removal of two major dams: 1) Orange squares: four
tributary sites not physically influenced by restoration activities (Griff Creek, Lower Little River, Indian Creek, and Madison Creek); 2) Yellow circles:
four river sites downstream of the upper Glines Canyon Dam; 3) Green squares: four river sites within the footprint of the former Aldwell Reservoir
upstream of the lower Elwha Dam; 4) Blue circles: four river sites downstream of the lower Elwha Dam; and 5) Purple squares: four lentic sites in the
newly developing Elwha delta (freshwater sites, not brackish). An additional four sites (Red circles) were located in the Elwha River upstream of the
Glines Canyon Dam in the former Mills reservoir footprint and were used for only a subset of this study (see Section 2.2).

(AFDM). A follow-up incubation of additional litterbags (n = 4) at
each of the full 24 locations (including the former Lake Mills
Reservoir) was used to evaluate fungal colonization of leaf litter in
August-September 2017 (with 1-week and 3-week incubations, see
Section 2.4).

2.3 Aquatic macroinvertebrates
Preserved macroinvertebrate samples from the first harvest date

were sorted into three major categories for further identification:
EPT taxa (Ephemeroptera, Plecoptera, Trichoptera), other insects
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(members of families other than EPT), and non-insects
(i.e., Arachnida, Oligochaeta, Mollusca, and other non-insect
invertebrates). Functional feeding groups were determined for
each taxon. Litterbags at all locations retained sufficient leaf litter
at the first harvest date to provide substrate, habitat, and food
resources for invertebrates. All macroinvertebrate identifications
were made using a dissecting microscope, to the lowest taxonomic
level possible (typically genus to family for insects and class to order
for non-insects) using Merritt et al. (2019) and Thorp and Covich
(2009). Samples from locations 9 and 10 were accidentally
combined during processing and samples from locations 14 and
15 were so large they were subsampled (25% was sorted and

frontiersin.org


https://doi.org/10.3389/fevo.2023.1231689
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

LeRoy et al.

identified and then estimated to the whole sample size). Prior to
analysis, rare taxa were consolidated at the family level. Reference
specimens are stored in the LeRoy Aquatic Ecology Lab at The
Evergreen State College.

2.4 Fungal amplicon sequencing

Subsamples (25 mg) of lyophilized leaf litter from litterbags
collected on two harvest dates (1- and 3-week 2017 litterbag
incubations at 24 locations) were weighed into vials, and
microbial DNA was extracted using a DNeasy PowerSoil Pro kit
(Qiagen) following the manufacturer’s instructions. Subsamples
were transferred to 96-well plates along with controls to detect
contamination during bacterial and fungal library preparation.

Genomic DNA was amplified using an ITS barcoded primer set,
adapted for the HiSeq2000 and MiSeq systems (Illumina). These
primers were designed by Kabir Peay’s laboratory at Stanford
University (Smith and Peay, 2014). The reverse amplification
primer also contained a twelve base barcode sequence that
supports pooling of up to 2,167 different samples in each lane
(Caporaso et al,, 2011; Caporaso et al, 2012). Each 25 uL PCR
reaction contained 9.5 pL of PCR Water (MO BIO, certified DNA-
Free), 12.5 pL of AccuStart II PCR ToughMix (QuantaBio, 2x
concentration, 1x final), 1 pL Golay barcode tagged Forward
Primer (5 uM concentration, 200 pM final), 1 uL Reverse Primer
(5 UM concentration, 200 pM final), and 1 pL of template DNA. The
conditions for PCR were as follows: 94°C for 3 min to denature the
DNA, with 35 cycles at 94 °C for 45 s, 50 °C for 60 s, and 72 °C for
90 s; with a final extension of 10 min at 72 °C to ensure complete
amplification. Amplicons were quantified using PicoGreen
(Invitrogen) and a plate reader. Once quantified, different volumes
of each of the products were pooled into a single tube so that each
amplicon was represented equally. This pool was then cleaned up
using AMPure XP Beads (Beckman Coulter), and then quantified
using a fluorometer (Qubit, Invitrogen). After quantification, the
molarity of the pool was determined and diluted down to 2 nM,
denatured, and then diluted to a final concentration of 6.75 pM with
a 10% PhiX spike for 2 x 251 bp sequencing on the Illumina MiSeq
(Argonne National Laboratories).

Sequences were demultiplexed at Argonne National Laboratories
using QIIME (Bolyen et al., 2019). Similar sequences were assigned to
operational taxonomic units (OTUs) by clustering sequences at a 97%
similarity threshold with reference to the UNITE full fungal database
(Nilsson et al,, 2019). OTUs were filtered to remove singletons and
summarized to list taxonomic levels down to species. Unassigned taxa
were filtered from the OTU table in QIIME. A phyloseq object
containing the OTU-by-sample matrix, sample metadata, and
taxonomic information was combined for downstream analyses
(McMurdie and Holmes, 2013). We removed OTUs that were
present in less than 1% of samples and normalized for variable
sequencing depth by calculating the proportional abundance of
OTUs within each sample (McMurdie and Holmes, 2014) prior to

community analysis.
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2.5 Environmental covariates

Study sites were measured in the summer/fall of 2016 and 2017
for a variety of in-stream habitat, water quality, and biological
variables (Table S1) following the methods of Morley et al. (2008;
2020) and Duda et al. (2011); for more details, please see these
previous studies. Briefly we measured wetted width (m using a laser
range finder, Impulse), depth at sample location (cm), canopy cover
(measured using a modified convex spherical densiometer, %),
benthic chlorophyll-a (for algae scrubbed and rinsed from five
cobbles per site, filtered onto 47 mm glass fiber filters [1 pm pore
size] and measured using fluorometry, ug cm™2), water temperature
and specific conductivity (measured using a model 85 multiprobe,
YSL °C and pS cm ™2, respectively), total N, total P, NO3;™-N, NH,"-
N, NO,” N, PO,>-P, and SiO,*"-Si (ng L™'; measured using a
continuous flow RFA/2 system, Alpkem), fine sediments and
substrate diameters (measured using pebble counts, % and Ds,
[median sediment size], respectively), benthic macroinvertebrate
density (measured using a slack sampler [500 wm mesh, 0.25 m?
frame; Moulton et al., 2002], number mfz), shredders (% of total
invertebrates in the benthos), and organic and inorganic matter
density in both rock cobbles and in seston (ug cm > and pg L™,
respectively). For all measurements, values were averaged across
five locations at each site. We determined elevation (m above sea
level) and river distance (km) using ArcInfo 9.1 (Earth Systems
Research Institute Redlands, CA). In addition, these sites were
assessed for fine sediment (<3.35 mm diameter) and salmonid
spawning gravels (3.35-75 mm diameter) from a population of
riffle crests available in 2016 and 2017 to coincide with biological
sampling (see methods in Peters et al, 2017). Briefly, three
subsamples were collected from each riffle crest, dried, sieved
(mesh openings of 75, 26.5, 13.2, 9.5, 3.35, 2.0, 0.85, and 0.106
mm), and weighed to the nearest 0.001 kg. Fine sediments (< 0.0106
mm) were determined from water column collections before and
after sediment collection using gravimetric methods (Peters et al,
2017). The data from the three subsamples were combined to
produce a summary of the riffle conditions.

2.6 Statistical analysis

We used permutational (Monte Carlo) statistical tests for all
analyses in R (R version 4.3.1; R Core Team, 2021) due to unequal
variances and non-normality for some variables. Analysis of leaf
litter decomposition rates (k day ') required a natural log-
transformation of percent AFDM remaining to determine
exponential decay rates by regressing In % AFDM remaining by
harvest day (Olson, 1963; Petersen and Cummins, 1974; Benfield,
1996). Decay constants (—k) were compared using permutational
analysis of covariance (ANCOVA) where significant interactions
with time reflected significant differences in decomposition rates
(slopes). We used a permutational three-way ANCOVA to compare
maple litter sources, river sections, days in stream, and all possible
interactions. Litter sources did not differ and so all litter sources
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were pooled and a follow-up two-way ANCOVA was used to
determine significant differences in decomposition rates
(section*day interaction) among river sections. We used Tukey’s
Honest Significant Difference (HSD) test to make pairwise
comparisons of decomposition rates among river sections. We
used permutational linear regressions to test for linear
relationships between k values and a large suite of environmental
variables (physical, chemical, biological, sedimentary variables, and
individual decomposer taxa; see Table S1), and the total number of
Rhytisma punctatum stromatal infections in each litterbag. We used
Principal Components Analysis (PCA) to combine environmental
factors into six principal components that we used to explain
variation in k, but none of the principal components explained
significant fractions of the variation in k, so were excluded from
analysis. Statistical analyses were conducted using the package
ImPerm (aovp, Imp; Wheeler and Torchiano, 2016), and figures
were produced using the R-package ggplot2 (Wickham et al., 2023).

We calculated simple diversity metrics for decomposer
communities in each litterbag (macroinvertebrates after 2 weeks
of incubation and fungi after 1 and 3 weeks of incubation). For
benthic macroinvertebrates, we calculated total abundance (total
number of individuals per litterbag), taxa richness (number of
unique taxa per litterbag), % EPT taxa, % shredders, and
Shannon’s diversity index (H’ per litterbag) using the vegan
package, but for microbial communities we used the iNext
package (Hsieh et al., 2016; Chao et al.,, 2022; Hsieh and Chao,
2022), which uses rarefaction to account for unequal sequencing
depth for fungal OTUs to estimate fungal richness (counts of OTUs
per litterbag) and Shannon’s diversity index (H' per litterbag). To
examine relationships between fungal OTU richness and diversity
among harvest dates (1-week and 3-week) and river sections, we
first used permutational two-way ANOVAs with harvest*section
interactions. For fungal communities, harvest was not a significant
effect in any model, so we ran follow-up permutational one-way
ANOVAs by river section with Tukey HSD post hoc tests. For
macroinvertebrates from the 2-week harvest, we ran permutational
one-way ANOVAs by river section with Tukey HSD post hoc tests.
We examined linear relationships among invertebrate and fungal
community metrics, decomposition rates, and environmental
variables (listed above) using permutational simple linear
regressions. We used Principal Components Analysis (PCA) to
combine environmental factors into six principal components that
we used to explain variation in community metrics, but none of the
principal components explained significant fractions of the
variation, so were excluded from analysis.

To examine broader patterns in decomposer community
composition, we used two-way permutational multivariate analyses of
variance (PerMANOVAs) and we visualized differences among
assemblages using non-metric multidimensional scaling (NMDS)
ordinations with Bray-Curtis distance measures using the package
vegan in R (Oksanen et al, 2022). For fungal OTUs, we used a 2-way
PerMANOVA with harvest, section, and the harvest*section interaction.
Harvest was not a significant effect in this model, so we ran a follow-up
one-way PerMANOVA to determine the influence of river section on
fungal community composition. Similarly, we ran a one-way
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PerMANOVA to determine the influence of river section on
macroinvertebrate community composition. We used Bonferroni-
corrected pairwise comparisons to determine significant differences
among sections. We ran follow-up permutational tests for
homogeneity of multivariate dispersion (PermDisp) to examine
whether communities in each section of the Elwha were equally
dispersed. Fungal OTU counts were converted to proportional
abundances using the R-package phyloseq (McMurdie and Holmes,
2013; Morgan and Ramos, 2023) and macroinvertebrate abundances
were log(x+1) transformed to preserve zeros (McCune et al, 2002).
Correlations between NMDS ordination axes and environmental
variables (listed above) were conducted using the R-package vegan.
Indicator Species Analysis (ISA) determined which members of the
macroinvertebrate community were significantly associated with a
particular river section, which we performed with the R-package
vegan. A slightly different approach was used to determine which
fungal community members were associated with a particular river
section. We used the R-package ALDEx2 (Fernandes et al, 2013) to
perform differential abundance tests following central log ratio (CLR)
transformations to lower false positive discovery rates (McMurdie and
Holmes, 2014). OTUs were considered indicators when mean
proportions were significantly different between one section and all
others based on Benjamini-Hochberg corrected p-values from Wilcoxon
rank sum tests, and comparing ALDEx2 effect sizes (Gloor et al., 2017).

3 Results
3.1 Leaf litter decomposition

Maple leaf litter decomposition rates differed significantly among
sections of the Elwha watershed (Figure 2; section*days: F(4354) = 8.87,
p < 0.0001). In particular, litterbags placed in the newly formed Elwha
Delta decomposed slowest, and litterbags placed in the middle reaches
of the Elwha, just downstream of the upper dam, decomposed fastest.
Decomposition rates for specific locations (n = 4 per section) across the
watershed ranged almost two orders of magnitude from —0.00631 at
one of the Delta sites to —0.09521 for one of the Aldwell Reservoir sites
(Table 1). Decomposition rates were not significantly influenced by
differences in litter quality among the five maple sources used to create
litterbags (source*days: Fy354) = 0.19, p = 0.999), but decomposition
rates were negatively influenced by the number of endophyte-infected
stromatal patches of Rhytisma punctatum on the initial leaf litter (F(; ;)
=7.92, p = 0.0115). Decomposition rates across the twenty locations
were not significantly related to any physical, chemical, or substrate
variables across the watershed, but were positively related to %EPT taxa
(Fq,18) = 4.85, p = 0.0409; Table 2). When we statistically account for
the number of Rhytisma patches, there are negative linear relationships
between decomposition rates and both the smallest sediment size
(<0.0106 mm [Sedl]; F( 14y = 8.96, p = 0.0096) and the inorganic
material in the sediment (F(; ;4) = 5.35, p = 0.0365; Table S2), but no
other environmental variables were significantly related to k. However,
although the mechanisms for relationships with decomposition rates
may not always be clear, a suite of invertebrates and fungi were
significantly related to k (Table S2).
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FIGURE 2

(A) Regression lines showing In percent ash free dry mass (AFDM) remaining through time showing decomposition rates (slopes of exponential
regression lines) for bigleaf maple leaf litter, and (B) percent ash free dry mass remaining through time for bigleaf maple litter decomposing in five
sections of the Elwha River watershed following the removal of two major dams in 2014: 1) Orange circles: four tributary sites not physically
influenced by restoration activities (Griff Creek, Lower Little River, Indian Creek, and Madison Creek); 2) Yellow circles: four river sites downstream of
the upper Glines Canyon Dam; 3) Green circles: four river sites within the footprint of the former Aldwell Reservoir upstream of the lower Elwha
Dam; 4) Blue circles: four river sites downstream of the lower Elwha Dam; and 5) Purple circles: four lentic sites in the newly developing Elwha delta
(freshwater sites, not brackish). Lower case letters represent decomposition rates that differ significantly (p < 0.05).

3.2 Macroinvertebrates

We identified 37 macroinvertebrate taxa in leaf litter bags, from
a total of 32 families and 11 orders. The abundance, richness, and
diversity of macroinvertebrates in leaf litterbags varied among river
sections and were related to several environmental variables across
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the watershed. The abundance of macroinvertebrates was
significantly different across sections (F 5y = 2.97, p = 0.001),
with highest abundances at Lower Elwha sites and lowest
abundances at Tributary sites (Figure 3A). The richness of
macroinvertebrate taxa was significantly different among sections
(Fa,15) = 4.77, p = 0.0114), with highest richness at sites in the
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TABLE 1 Decomposition rates at each of twenty locations across five sections of the Elwha watershed post-dam removal.

Location Section —k (day™) Standard error p-value
1 Tributary 0.015385 0.0013 0.0001
2 Tributary 0.012980 0.0010 0.0001
3 Tributary 0.037153 0.0101 0.0018
4 Tributary 0.054106 0.0138 0.0011
5 Elwha Middle 0.018219 0.0013 0.0001
6 Elwha Middle 0.062376 0.0123 0.0001
7 Elwha Middle 0.072687 0.0149 0.0001
8 Elwha Middle 0.032707 0.0040 0.0001
9 Aldwell Reservoir 0.013816 0.0011 0.0001
10 Aldwell Reservoir 0.012282 0.0017 0.0001
11 Aldwell Reservoir 0.021132 0.0014 0.0001
12 Aldwell Reservoir 0.095203 0.0126 0.0001
13 Lower Elwha 0.043913 0.0097 0.0002
14 Lower Elwha 0.024219 0.0028 0.0001
15 Lower Elwha 0.014815 0.0010 0.0001
16 Lower Elwha 0.016088 0.0015 0.0001
17 Delta 0.009289 0.0008 0.0001
18 Delta 0.006310 0.0068 0.3678
19 Delta 0.009767 0.0011 0.0001
20 Delta 0.011725 0.0006 0.0001

Values represent decomposition rate constants (~k day ') and associated standard errors and p-values from exponential regression analysis.

former Aldwell Reservoir and Lower Elwha, compared to lowest
taxa richness at the Elwha Delta (Figure 3B). Shannon’s Diversity
Index values for litter bag macroinvertebrates were significantly
different among sections (Figure 3C; F4 15, = 8.38, p = 0.0026), with
highest diversity at the Tributary sites, followed by the Middle
Elwha and Delta, and lowest diversity at the Aldwell Reservoir and
Lower Elwha sites. The percentage of EPT taxa differed significantly
among river sections (F4 ;5) = 22.89, p < 0.0001) with highest values
at the Tributary and Middle Elwha sites, with increasingly lower
values at Aldwell Reservoir, Lower Elwha, and Delta sites. The
percentage of shredders did not differ among sections (F4,;5) = 1.95,
p = 0.1205).

The abundance of macroinvertebrates was positively related to
algal biomass (chl-a: F 15y = 4.98, p = 0.0386; Table 2), and both
organic (F114) = 7.74, p = 0.0147) and inorganic material in the
sediment (F; 14) = 7.03, p = 0.0189). The richness of macroinvertebrate
taxa was positively related to sediment size (Dsg; F(1,15) = 1043, p =
0.0046) and negatively related to the proportion of fine sediments
(1,18 = 5.86, p = 0.0263) and water temperature (F(; ;5 = 8.78, p =
0.0083). The diversity of macroinvertebrate taxa was positively related
to the elevation (F(; 15) = 6.23, p = 0.0225) and river distance of the site
(F1,18) = 5.19, p = 0.0352), canopy cover (F(; ;5 = 8.67, p = 0.0087), and
nitrate (F; 14y = 6.27, p = 0.0253), while being negatively related to both
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latitude (F(,15) = 5.55, p = 0.0300) and longitude (Fs) = 8.15, p =
0.0150), both the organic (F( ;4 = 6.87, p = 0.0201) and inorganic
material in the sediment (F(; ;4) = 11.85, p = 0.0040), and algal biomass
on rock surfaces (F ;) = 4.70, p = 0.0438).

The structure of macroinvertebrate communities establishing in
leaf litterbags was also significantly different across river sections
(Figure 4; Fq15 = 5.21, p < 0.0001, stress = 0.0547), with Delta
communities clearly separated from other sections of the Elwha
watershed. Macroinvertebrate communities did not differ in terms
of multivariate dispersion (F,15) = 1.47, p = 0.2690).
Environmental variables such as elevation, canopy cover, specific
conductance, nitrate, and increased macroinvertebrate diversity
were correlated with macroinvertebrate communities found at
Tributary sites. Variables like organic matter in seston and
increasing taxa richness and abundance were correlated with
macroinvertebrate communities found at the Aldwell Reservoir
and Lower Elwha sites, with only temperature correlated with
macroinvertebrate communities found at Delta sites (Figure 4).
There were several significant indicator taxa, with the mayfly Baetis
sp. associated with the Middle Elwha, while Oligochaeta,
Chironomidae, and the stonefly Zapada sp. were associated with
the Lower Elwha, and only a Physidae gastropod was associated
with the Elwha Delta (Table 3).
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TABLE 2 Significant linear relationships among community and environmental variables across 20—24 locations in the Elwha watershed.

Response variable Explanatory variable Pos / Neg F-ratio p-value Adj R?
k (decomposition rate) Rhytisma patches (# per litterbag) - 1,18 7.58 0.0131 0.2573
Sediment < 0.0106 mm (Sed1, kg) - 1, 14 5.76 0.0304 0.2422
EPT taxa (%) + 1,18 4.81 0.0409 0.2123
Invert Abundance Organic matter in sediment (mg cm™?) + 1,14 7.74 0.0147 0.3099
(# per litterbag) Inorganic matter in sediment (mg cm™?) + 1, 14 7.03 0.0189 0.2869
Algal biomass (chl-a, ug cm ™) + 1,18 12.36 0.0025 0.3743
Invert Taxa Richness Fine sediment (%) - 1,18 5.86 0.0263 0.2038
(taxa per litterbag) Sediment D5, (mm) - 1,18 10.43 0.0046 0.3318
Water temperature (°C) - 1,18 8.78 0.0083 0.2905
Invert Diversity (H') Organic matter in sediment (mg cm™?) - 1, 14 6.87 0.0201 0.2814
(per litterbag) Inorganic matter in sediment (mg cm?) - 1, 14 11.85 0.0040 0.4198
Canopy cover (%) + 1,18 8.67 0.0087 0.2875
Algal biomass (chl-a, ug cm™2) + 1,18 4.70 0.0438 0.1631
Nitrate (NO5 ™, pg L) + 1,14 6.27 0.0253 0.2598
Elevation (m.a.s.l.) + 1,18 6.23 0.0225 0.2159
Fungal Taxa Richness Specific conductance (us cm™) - 1, 46 4.98 0.0306 0.0781
(taxa per litterbag) Water temperature (°C) - 1, 46 8.17 0.0064 0.1324
Algal biomass (chl-a, ug cm ™) - 1, 46 4.26 0.0446 0.0649
Fungal Diversity (H') Inorganic matter in sediment (mg cm ) + 1,38 443 0.0421 0.0807
(per litterbag) Inorganic matter in seston (mg cm?) + 1, 46 433 0.0432 0.0661
Canopy cover (%) + 1. 46 8.36 0.0059 0.1353
Total P (phosphorus, pg LY + 1, 38 6.48 0.0151 0.1231
Total N (nitrogen, pg L") + 1,38 5.31 0.0267 0.0996

Values represent degrees of freedom (df) associated with E-ratios, p-values, and adjusted coefficients of determination (R”) from permutational simple linear regressions among variables. We

used Principal Components Analysis (PCA) to condense variables into six PCA axes, but they did not correlate with these response variables. Invert, invertebrate; Pos, positive linear relationship;

Neg, negative linear relationship; H’, Shannon’s diversity index.

3.3 Fungal decomposers

Leaf litter from across the Elwha watershed was colonized by
326 aquatic fungal taxa (OTUs). There were no significant
differences in fungal taxa richness (F 35 = 2.95, p = 0.0708) or
Shannon’s Diversity Index (F(;36) = 0.27, p = 0.7843) by harvest
date (1 versus 3 weeks), nor significant interactions between harvest
date and river section (richness: F(; 35 = 1.16, p = 0.3383; diversity:
Fis36) = 0.72, p = 0.6186), so both harvests were pooled for
subsequent one-way ANOVA models. Fungal taxa richness was
not significantly different across sections of the Elwha watershed
(Fs42) = 1.35, p = 0.2679; Figure 5A), but fungal diversity
(Shannon’s Diversity Index) differed significantly across sections
(F(s,42) = 2.87, p = 0.0204). Litter incubated at the site of the former
Mills Reservoir had the lowest fungal diversity and litter incubated
in the Lower Elwha had the highest fungal diversity (Figure 5B).

Fungal taxa richness was negatively related to water
temperature (Table 2; F(;46) = 8.17, p = 0.0064), specific
conductance (F; 46) = 4.98, p = 0.0306), and algal biomass (chl-a:
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F(146) = 4.26, p = 0.0446) across the watershed. Fungal diversity was
positively related to canopy cover (F(; 46) = 8.36, p = 0.0059), total P
(Fuss) = 648, p = 0.0151), total N (F(y35) = 5.31, p = 0.0267),
inorganic material at the site, both in the sediment (F; 35y = 4.43,
p = 0.0421) and in the seston (F(; 46) = 4.33, p = 0.0432). Several
fungal taxa were differentially abundant in this study. Members of
the order Helotiales (OTU 96) were significantly less abundant at
the Aldwell Reservoir site than all other sites (ALDEx2 effect size =
-1.21, p = 0.0159), and three OTUs, including members of the
genus Cladosporium sp. (OTU 6; ALDEx2 effect size = 1.37, p =
0.0021) and two unidentified fungi (OTU 326; ALDEx2 effect size =
1.42,p =0.0038; OTU 2; ALDEX?2 effect size = 1.06, p = 0.0045) were
significantly more abundant in Tributary sites.

Aquatic fungal communities that established on leaf litter were
also significantly different across river sections (Figure 6; Fs36) =
3.47, p = 0.0001, stress = 0.0914), but they did not differ between
harvests (F(; 36) = 2.10, p = 0.0600) and were not influenced by the
harvest*section interaction (F(s3) = 1.49, p = 0.0709). Fungal taxa
communities on leaf litter were similar to each other for Mills

frontiersin.org


https://doi.org/10.3389/fevo.2023.1231689
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

c
Aldwell Reservoir
bc
abc
ﬁ [—————]

10.3389/fevo.2023.1231689

a
' |

Elwha Section

LeRoy et al.
A
15000
|| Tributary
@ [ ] Middle Elwha
2 Ll
S 10000
T . Lower Elwha
3 B Detta
<
8 50001
(o]
'.....
ab
4 a )
0
B
154
§ ab ab
c 0
S (e
hd
©
x
(©
|_
c
251
x
()]
Ee]
£
> ab
@
o T
ol dC
w
c
[e]
=
ey
©
<
%)
©
o=
z =
e w
e 2
g~ 5
= il
=
FIGURE 3

Aquatic macroinvertebrate patterns showing: (A) total invertebrate abundance (mean number of individuals per litterbag), (B) invertebrate taxa
richness (mean number of species per litterbag), and (C) invertebrate taxa diversity (mean Shannon’'s H' per litterbag) across five Elwha watershed
sections: 1) Orange bars: four tributary sites not physically influenced by restoration activities (Griff Creek, Lower Little River, Indian Creek, and
Madison Creek); 2) Yellow bars: four river sites downstream of the upper Glines Canyon Dam; 3) Green bars: four river sites within the footprint of
the former Aldwell Reservoir upstream of the lower Elwha Dam; 4) Blue bars: four river sites downstream of the lower Elwha Dam; and 5) Purple
bars: four lentic sites in the newly developing Elwha delta (freshwater sites, not brackish). Bars represent means +/— 1 standard error and lower-case

letters represent diversity values that differ significantly.

Reservoir, and those communities differed significantly from many
other communities, except the Tributary and Delta sites.
Surprisingly, the fungal communities at the Delta sites did not
differ significantly from any other sites. These differences could
have been driven by large differences in multivariate dispersion
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across sections of the Elwha (F(s42) = 7.73, p = 0.001).
Environmental variables such as specific conductance, canopy
cover, algal biomass (chl-a), total P, and larger sediment sizes (P7:
proportion 9.5-13.2 mm; and P8: proportion 13.2-26.5 mm) were
correlated with fungal communities found at Tributary sites
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FIGURE 4

Non-metric multidimensional scaling (NMDS) ordination of aquatic macroinvertebrate communities. Symbols represent macroinvertebrate
communities colonizing leaf litterbags in the Elwha River watershed following the removal of two major dams in 2014 placed at 20 study locations
across five sections: 1) Orange squares: four tributary sites not physically influenced by restoration activities (Griff Creek, Lower Little River, Indian
Creek, and Madison Creek); 2) Yellow circles: four river sites downstream of the upper Glines Canyon Dam; 3) Green squares: four river sites within
the footprint of the former Aldwell Reservoir upstream of the lower Elwha Dam; 4) Blue circles: four river sites downstream of the lower Elwha Dam;
and 5) Purple squares: four lentic sites in the newly developing Elwha delta (freshwater sites, not brackish). Vectors represent significant correlations
through ordination space with environmental and biological factors. H’', Shannon’s diversity index; NO3™, nitrate concentration; NO,, nitrite

concentration; Dsp, median sediment size.

(Table 2). Variables like SiO4 and the diversity of macroinvertebrate
communities were correlated with fungal communities at some
Middle Elwha sites, while fungal richness was correlated with fungal
communities at the former Aldwell Reservoir, and smaller sediment
sizes (P2: proportion 0.0106-0.106 mm) was correlated with fungal
community structure at the former Mills Reservoir sites (Figure 6).

4 Discussion

This is the first study to examine leaf litter decomposition rates
following the removal of large dams in a restored landscape. A few

TABLE 3 Macroinvertebrate taxa identified from leaf litter bags that
indicate for specific sections of the Elwha watershed.

. Indicator
Section
value

Elwha Ephemeroptera: Baetis 0.3363 0.003
Middle sp.

Lower Elwha | Annelida: Oligochaeta 0.4112 0.003
Lower Elwha | Plecoptera: Zapada sp. 0.3992 0.025
Lower Elwha | Diptera: Chironomidae 0.2936 0.005
Delta Gastropoda: Physidae 1.0000 0.003
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related studies have examined changes in leaf litter decomposition
following small dam removal. One of these studies showed slower
decomposition rates and much lower fungal biomass and
macroinvertebrate diversity in leaf litter bags downstream of a
diversion dam (Muehlbauer et al., 2009). Following six months of
flow restoration, there was still slower decomposition at the site
downstream of the dam, but both fungi and macroinvertebrates had
recovered to upstream levels (Muehlbauer et al., 2009). In addition,
aquatic macroinvertebrate communities began to converge
following flow restoration, providing evidence that communities
can recover within several years of flow restoration (Muehlbauer
et al,, 2009). One additional study examined reservoir drawdown
during dam removal and found that organic matter decomposition
was slower downstream of a dam before and during drawdown
compared to nearby undammed reaches, but that all drawdown
effects disappeared quickly (within one year), likely due to a long
and slow drawdown process (Atristain et al., 2023). This study did
not examine leaf litter decomposition, but instead used thin sheets
of wood to examine organic matter processing. Reservoir
drawdown negatively influenced biofilm metabolism and reduced
autotrophic biofilm biomass (chlorophyll-a) on woody substrates,
but both recovered quickly following drawdown (Atristain et al.,
2023). In the present study, we found the slowest rates of
decomposition in the new Elwha delta (as hypothesized), but
contrary to our hypotheses the fastest decomposition rates were
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Aquatic fungal patterns showing: (A) fungal taxa richness (mean number of OTUs per litterbag), and (B) fungal taxa diversity (mean Shannon's H' per
litterbag) across six different Elwha watershed sections: 1) Red bars: four rivers sites upstream of the Glines Canyon Dam in the former Mills reservoir
footprint 2) Orange bars: four tributary sites not physically influenced by restoration activities (Griff Creek, Lower Little River, Indian Creek, and
Madison Creek); 3) Yellow bars: four river sites downstream of the upper Glines Canyon Dam; 4) Green bars: four river sites within the footprint of
the former Aldwell Reservoir upstream of the lower Elwha Dam; 5) Blue bars: four river sites downstream of the lower Elwha Dam; and 6) Purple
bars: four lentic sites in the newly developing Elwha delta (freshwater sites, not brackish). Bars represent means +/— 1 standard error and lower-case
letters represent diversity values that differ significantly (p < 0.05).

not in the tributaries, but in the Middle Elwha, possibly due to low
deposition of fine sediment materials in this section (Peters et al.,
2017). Decomposition rates did not decline longitudinally from
upstream to downstream as has been hypothesized (Naiman et al.,
1987; Sedell et al., 1989), but we may have seen more of a
longitudinal pattern had we extended the study further upstream.
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Although there are very few studies examining leaf litter
decomposition following dam removals, there are several
additional studies that have examined leaf litter decomposition
above and below dams. In general, the type of dam can partially
determine the influence of the dam on leaf litter decomposition
because diversion dams result in downstream dewatered areas while
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Non-metric multidimensional scaling (NMDS) ordination of aquatic fungal communities. Symbols represent fungal OTU (operational taxonomic unit)
communities colonizing leaf litterbags in the Elwha River watershed following the removal of two major dams in 2014 and placed at 24 study
locations across six sections: 1) Red circles: four rivers sites upstream of the Glines Canyon Dam in the former Mills reservoir footprint 2) Orange
squares: four tributary sites not physically influenced by restoration activities (Griff Creek, Lower Little River, Indian Creek, and Madison Creek);

3) Yellow circles: four river sites downstream of the upper Glines Canyon Dam; 4) Green squares: four river sites within the footprint of the former
Aldwell Reservoir upstream of the lower Elwha Dam; 5) Blue circles: four river sites downstream of the lower Elwha Dam; and 6) Purple squares: four
lentic sites in the newly developing Elwha delta (freshwater sites, not brackish). Vectors represent significant correlations through ordination space
with environmental and biological factors. H', Shannon’s diversity index; SiOy, silicate concentration; P8, P7, and P2 represent proportions of
sediment of various sizes (P2 = proportion of sediment between 0.0106-0.106 mm; P7 = proportion of sediment between 9.5-13.2 mm; P8 =

proportion of sediment between 13.2-26.5 mm).

hydropower dams result in high velocity, cold water releases below
dams. Several studies report slower leaf litter decomposition rates
below dams (Nelson and Roline, 2000; Tornwall, 2011; Mendoza-
Lera et al., 2012; Gonzalez et al., 2013), sometimes with significant
reductions in shredders (Short and Ward, 1980; Tornwall, 2011;
Mendoza-Lera et al., 2012) or fungal biomass below dams
(Muehlbauer et al,, 2009; Colas et al.,, 2016). However, at dam
sites with high nutrient concentrations in tailwaters, the biomass of
fungi and macroinvertebrates can be higher at downstream sites
(Casas et al., 2000; Menéndez et al, 2012) and counteract the
hydrological effects of dams, resulting in no difference in
decomposition rates upstream and downstream of dams (Casas
et al., 2000; Tabucanon et al.,, 2019), or occasionally, higher rates of
leaf litter decomposition downstream of dams (Short and Ward,
1980; Menendez et al.,, 2012; Russing, 2015).

The River Continuum Concept (RCC; Vannote et al., 1980)
suggests that the importance of leaf litter inputs as carbon and
energy sources to streams and rivers will decline in a downstream
direction, with the greatest reliance on leaf litter in the headwaters
and the least reliance in large-order rivers (Naiman et al., 1987;
Sedell et al., 1989). The Riverine Productivity Model (RPM)
modifies these predictions to argue that large rivers receive
organic matter inputs laterally and from floodplains, and that
decomposer communities can be important in large rivers,
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especially in littoral habitats (Thorp and Delong, 1994). Litter
inputs to large rivers can still be important, as shown by one
study which compared leaf decomposition in a low-order stream to
a high-order river, and found slower decomposition rates in the
high-order river, likely due to sediment deposition, but similar
biological activity by invertebrates and fungi at both locations
(Chauvet, 1997). Another study compared four locations within
two river systems and found highest decomposition rates in
headwaters with variation among lower reaches, but generally
slower rates in high-order rivers (Minshall et al., 1983). Although
not from a direct leaf litter decomposition study, one previous
microbial study from throughout a river continuum found that
microbial communities in sediments at headwater sites relied on
allochthonous dissolved organic matter, with a shift to
autochthonous dissolved organic matter downstream (Freixa
et al., 2016). Newer visions of the River Continuum incorporate a
more patchy dendritic network, and a less strict longitudinal
system, incorporating ideas from landscape ecology and
metacommunity ecology (Doretto et al., 2020). The newer RPM
makes note of the importance of near-continuous inputs of coarse
particulate organic matter in larger rivers (Thorp and Delong,
1994). There have been very few studies of leaf litter
decomposition throughout watersheds to directly compare low-
order and higher-order reaches of the same system, despite the ages
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of models like the RCC and RPM as well as more recent calls to do
this research (Doretto et al., 2020).

Some of the patterns we observed in our data are similar to
findings from an earlier study comparing benthic invertebrate and
periphyton in dammed and undammed sections of the Elwha
(Morley et al, 2008). In that study, the highest densities of
periphyton were found in the lower river. Invertebrate
communities in these areas of high autochthonous organic matter
production may be less efficient at processing leaf litter, as reflected
in the lower decomposition rates we observed in Lower Elwha and
Delta. Morley et al. (2008) also found that benthic
macroinvertebrate community structure differed between Upper,
Middle, and Lower sections of the Elwha, with a higher proportion
of non-insect taxa in the Lower Elwha compared to a dominance by
mayfly in reaches between and above the dams. These pre-dam
removal patterns still existed when this study was conducted after
dam removal in 2016, with litterbag dwelling baetid mayflies
associated with the Middle Elwha and chironomids and
oligochaetes associated with the Lower Elwha. Other studies also
show baetid mayflies to be abundant at sites just downstream of
dams, especially those with high nutrient concentrations in the
tailwaters (Brittain and Saltveit, 1989; Casas et al.,, 2000). In our
study, we found that a Nemouridae stonefly (Zapada sp.) was also
an indicator species for the Lower Elwha sites. Given that previous
studies have shown Nemouridae stoneflies to be significantly less
abundant downstream of dam sites (Mendoza-Lera et al,, 2012),
this finding could indicate potential post-dam recovery of in-stream
litter dwelling macroinvertebrates.

Some of the most dramatic hydrological and habitat changes in
the Elwha watershed after dam removal occurred downstream of
both dams in the Lower Elwha (Locations 13, 14, 15, and 16) and
the Delta (Locations 17, 18, 19, and 20). Predictive modeling
expected that approximately 50-60% of the estimated 21 +/—
3 x 10° m® of fine and coarse-grained accumulated sediment
behind the dams would erode from the reservoirs, and within the
first two years after dam removal, the steep, high-energy Elwha
River had transported a large fraction of sediments (mainly fine
sediments; Warrick et al., 2015; Peters et al., 2017; Ritchie et al,,
2018; Warrick et al,, 2019), and water turbidity increased by three
orders of magnitude (Foley et al., 2015). This study took place just
after the period of greatest geomorphic change in the Elwha
watershed, 5-6 years after the start of the dam removal process,
and about two years after the removal process had been completed
(East et al., 2018). The extreme redistribution and deposition of
sediment pushed the river delta approximately 200 m offshore,
reducing tidal influence in the pre-dam removal Elwha delta
complex and transforming it into a river-driven freshwater
system (Foley et al, 2015). This loss of estuarine habitat due to
altered water flow, decreased salinity, and elevated turbidity is
strongly predicted to alter Elwha food web structure and benthic
nutrient cycling in the delta, and likely contributed to the slowest
decomposition rates, low fungal diversity, and relatively low
macroinvertebrate abundance and diversity at the Delta sites.
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Seaward of the Delta sites, in tidally regulated wetlands (Foley
et al., 2017b), newly formed habitats are emerging where future
studies could examine how primary and secondary succession
proceed for decomposers in dynamic environments.

The macroinvertebrate and fungal decomposer communities we
examined responded differently to the dam removal landscape of
the Elwha River. Aquatic macroinvertebrate communities
inhabiting leaf litter were structured differently at the Delta sites
compared to the rest of the river. In contrast, fungal communities at
the Delta sites were not different from any other communities in the
river and the communities upstream of both dams (Mills Reservoir
sites) were the most different from other sections of the river.
Community structure within a section of the river was also more
consistent for invertebrate communities, which did not differ in
terms of multivariate dispersion among sections. In contrast, fungal
communities were most similar to one another upstream of both
dams (Mills Reservoir sites), and fungal community dispersion was
much higher downstream in the watershed. Invertebrate diversity
was highest at Tributary sites and decreased downstream (with a
slight uptick at Delta sites), while fungal taxa diversity was actually
highest at the Lower Elwha sites and lowest at the most upstream
site (Mills Reservoir). Despite these community differences for
invertebrates and fungi, two environmental variables, specific
conductance and canopy cover influenced the community
structure of both groups, with strong positive relationships with
Tributary sites. The environmental variables that influenced
macroinvertebrate diversity tended to be those associated with
tributary conditions: greater canopy cover, higher elevations, and
more upstream river distances. These patterns support the results
shown by a large review of decomposer communities (Cummins
and Klug, 1979; Cummins et al., 1989; Graga, 2001; Hayer et al.,
2022). The environmental variables that influenced fungal diversity
included greater canopy cover, but also higher nutrient contents (N
and P) and greater proportions of inorganic material in the seston
and sediment. There are fewer studies examining fungal
communities across longitudinal gradients in river systems, but
previous research in large rivers argues that fungal decomposers are
major players even in high order river reaches (Baldy et al., 1995).

The Glines Canyon and Elwha dams were constructed without
fish passage facilities, which prevented upstream migration of
anadromous salmonids for over 90 years, as well as prevented
extant resident salmonids above the dams from migrating
downstream (Brenkman et al., 2008; Pess et al., 2008). The
regulation of the river severely disrupted sediment transport and
deposition, as well as the movement of woody debris, resulting in a
loss of suitable spawning habitat in the reaches of the Lower Elwha
(Pess et al., 2008). Pre-dam removal salmonid population declines
likely contributed to decreased primary productivity in the Elwha
River due to nutrient limitation, as marine-derived nutrient inputs
from salmonids are important for freshwater food webs across
trophic levels (Duda et al., 2011; Tonra et al., 2015; Kane et al,
2020). As anadromous salmonids return to the Elwha (Kane et al.,
2020; Quinn et al., 2021), we expect increases in productivity at all
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trophic levels and continued alterations to other ecosystem
processes like organic matter processing. For example, we found
highest levels of fungal diversity at Lower Elwha sites, which could
be related to greatest spawner densities.

Dam decommissioning and removal in the United States has
increased in the last several decades as social and ecological
risks have begun to outweigh benefits generated by dams (Duda
etal., 2016). At the time of this study, the simultaneous removal
of the Elwha and Glines Canyon dams on the Elwha River in
northwestern Washington State was the largest dam removal in
the world (Warrick et al., 2019). The two dam removals on the
Elwha River offered a unique opportunity to evaluate the impact
of watershed-wide ecological restoration within a relatively
short timeframe on organic matter processing and
decomposer communities. Information on fundamental
ecological processes such as organic matter decomposition are
essential to better understand the mechanisms underpinning
restoration response.
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Persistent disconnect between
flow restoration and restoration
of river ecosystem functions after
the removal of a large dam on the
Sélune River
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The removal of the two dams on the Sélune River since 2019 has led to
profound changes in the aquatic ecosystem. Lentic habitats bordered by
forest had shifted to new conditions (running water and sparsely vegetated
riverbanks) therefore shaping organisms’ assemblies. We studied how the
reestablishment of aquatic lotic habitats in interaction with riparian
vegetation could mediate the restoration of important ecological
functions in the new river. Six stations located along the river continuum
were surveyed for 3 years after dam removal: two control stations upstream
the former reservoir, three restored stations within the former reservoir, and
one control station downstream. We monitored physico-chemical
characteristics, phytobenthos biomass and the river's benthic metabolism,
and assessed the functional composition of macroinvertebrate communities.
We compared the recorded variables among upstream, downstream and
restored sampling stations. We observed a rapid recolonization by
invertebrates, but a still low phytobenthic primary production in restored
stations. Such a low primary productivity was also reflected in the functional
composition of invertebrate communities. Three years after dam removal,
there was still a significant time lag between communities recovery and
expected ecosystem functioning restoration. We observed a quick
colonization by aquatic running-water invertebrate communities of new
lotic reaches, but a slower recovery of important ecological functions
rates such as those observed in control stations.

KEYWORDS

functional integrity, river restoration, phytobenthos, macroinvertebrate feeding groups,
river metabolism, gas exchange, benthic chambers
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1 Introduction

Dams and impoundments have been built for thousands of years
for various purposes, including flood control, water supply,
irrigation, recreation, navigation, and hydropower generation.
However, the number of dams and reservoirs has increased
markedly over the past decades, and they are potentially
impacting up to 575,900 km of rivers worldwide (Lehner et al,
2011). Even if most of them are small, at least 50,000 of them are
large dams higher than 15m (Berga et al, 2006). Dams and
reservoirs are among the main causes of freshwater biodiversity
loss (Vorosmarty et al., 2010; Grill et al., 2019; Reid et al., 2019).
Decades of research have highlighted the adverse effects of dams on
the physical, chemical, and biological characteristics of rivers (Ward
and Stanford, 1983; Poff et al., 1997; Rodriguez-Pérez et al., 2021).
Consequently, the removal of dams has accelerated significantly in
recent decades, and more than 2,000 have been removed in the
United States and Europe, mainly low weirs and small dams
considered obsolete or abandoned long ago (Bellmore et al,
2017; Habel et al., 2020).

Concomitantly, interest in dam removal as a means of river
restoration has driven attention to important new challenges for
watershed management and created opportunities for advancing the
science of aquatic ecology (Hart et al., 2002; Bellmore et al,, 2019).
One of the main scientific challenges lies in determining the
magnitude, timing, and range of the physical, chemical, and
biological responses that can be expected following dam removal
(Hart et al.,, 2002). Therefore, the removal of a dam is a tricky
question, and the decision must be taken after careful examination
of possible environmental consequences (Doyle et al., 2003; Noda
etal, 2018; Habel et al., 2020). Given the relatively small number of
studies on the effects of dam removal and the wide range of observed
outcomes, the range, magnitude and trajectory of the expected
ecological responses are highly uncertain. Environmental
responses to dam removal depend on many factors not yet
clearly addressed and are highly context dependent (Foley et al.,
2017a; Bellmore et al,, 2019). For example, improved understanding
will require greater focus on how the responses to removal vary with
the dam type, the river characteristics, and the watershed setting
(Hart et al., 2002). The effects of small dam removal may be much
smaller than those of large dam removal (Poff and Hart, 2002; Foley
et al., 2017a), notably regarding the physical effects (Major et al,
2017) and their consequences on vegetation colonization and
succession (Shafroth et al, 2016) and biological activities
(Bellmore et al,, 2019). Moreover, the sole responses of specific
species (i.e., migratory fish) have been monitored in many studies,
and the mechanisms underlying the restoration of the entire
ecosystem are still poorly understood (Bellmore et al., 2017). The
challenge is greater for the removal of large dams (>15 m high)
presenting much larger impacted areas and bigger expected
consequences and for which far fewer study cases are available
than for small dams and weirs (Wieferich et al., 2021).

Current knowledge on the effects of large dam removal on
sediment loss and channel morphology, fish, and riparian vegetation
in the former reservoir or in the downstream section are rather
limited (Wieferich et al., 2021). Upstream of the dam, a positive and
rapid impact of dam removal on sediment storage and
geomorphology has been showed (Wilcox et al, 2014; Randle
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et al,, 2015) and also a positive and rapid effect on migratory fish
(Bellmore et al., 2019; Duda et al,, 2021), with potential indirect
effects on non-migratory species (Tabor et al, 2022). The
macroinvertebrate community also recovered quickly within
2 years following the removal of dams (Bellmore et al, 2019;
Mahan et al,, 2021). However, dam removal usually triggers the
downstream movement of large amounts of sediment stored in the
reservoir that typically increase turbidity, clog the substrate, decrease
invertebrate density (Foley et al., 2017b; Mahan et al,, 2021) and
reduce autotrophic biofilm biomass and activity, at least over the
short term (Bellmore et al., 2019; Atristain et al., 2023). In terms of
temporal dynamics, most biological and physico-chemical
components (Foley et al, 2015) respond much faster than
geomorphological ones (Major et al, 2017). In large dam
removal case studies, the subsequent responses of the fish and
take

1-3 years after dam removal (Mahan et al., 2021; Dézerald et al.,

invertebrate communities between a few months to
2023), and the same is true for small dam removal (Carlson
et al.,, 2018).

At the ecosystem level, the potential impacts on ecosystem
functioning caused by the mobilization of stored sediment,
nutrients, and organic matter from aquatic ecosystems and/or
riparian vegetation changes are still poorly understood (Bellmore
et al,, 2019). This is especially true for large dams: no study had
focused on the functional responses of their freshwater ecosystems,
except the recent short-term study on Enobieta dam removal on
biofilm in Spain (Atristain et al, 2023). Some of the potential
impacts on ecosystem functioning can be deduced using known
chemical, physical, and biological responses to dam removal. After
the removal, the environmental conditions in the new channel shift
from a lentic (lake) to a lotic (riverine) system that changes the types
of organisms in the former impounded reach. Aquatic communities
may also shift from pelagic-to benthic-dominated primary
producers and invertebrate consumers (Bellmore et al., 2019). As
a consequence, we should expect important changes of the river
ecosystem functioning, notably its oxygen metabolism. The river
metabolism is driven by two fundamental functional processes that
regulate carbon and nutrient cycling in river systems (Tank et al.,
2010): 1) gross primary production (GPP) is the total fixation of
inorganic C to organic C by all photoautotrophs, and ii) ecosystem
respiration (ER) corresponds to the mineralization of organic C by
all organisms in the ecosystem. The GPP/ER ratio can also be used to
characterize heterotrophic streams (GPP/ER < 1) often supplied by
external inputs of terrestrially derived organic C. Conversely, in
autotrophic streams most of organic C is provided by the
activity of primary producers. The
metabolism is highly correlated to the stream size (Vannote
et al, 1980), turbidity or light (Dodds et al, 2013), or the
presence of dams (Chowanski et al., 2020), so that it appears as a

photosynthetic river

good indicator to follow ecosystem-level consequences of dam
removal since all these parameters are affected by the removal.
To document the ecosystem responses to large dam removal, we
assessed the consequences of the removal of one the Sélune River
large dams (36 m high) over 3 years by following the trends in
physico-chemical = parameters, ecosystem functioning, and
community structure shifts. We focused on benthic processes and
communities—both producers and consumers—e.g., the benthos

metabolism, the phytobenthos community composition, and the
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FIGURE 1
Spatial locations of sampling stations on the Sélune River.

macroinvertebrate community trophic structure. By comparing six
lotic stations located upstream, downstream and in the new
running-water reach that replaced the former reservoirs, we
expected (hypothesis H1) a fast homogenization of physico-
chemical conditions between the control stations upstream and
the stations in the new channel following restoration of water
flow, except for turbidity as sediments are exported and affect
this parameters downstream. Conversely, the restoration of
phytobenthos and of the river metabolism should take longer in
the former reservoir and downstream (hypothesis H2) because of
higher water turbidity and unstable sediment on the river bottom.
Finally, the trophic structure of the macroinvertebrate community
should reflect the changes in the availability of feeding resources
such as the increase in benthos autochthonous primary production
in comparison with a higher contribution of pelagic primary
and the
sedimentation of fine particles (hypothesis H3).

production in the former reservoirs decreased

2 Materials and methods

2.1 Study site

The Sélune River is located in Normandy (France), in a temperate
oceanic climate region (Rodriguez-Pérez et al,, 2021). It is a 91 km-
long coastal stream (mean slope 0.3% to 0.1% in its downstream part)
flowing into the Mont Saint Michel Bay after draining a watershed of
1,106 km* mainly composed of schists and metamorphic rocks. The
Sélune River basin lies in a patchy landscape made of forests, pastures,
and traditional extensive livestock farming with very few crop areas.
The watershed’s climate is oceanic, with a low temperature amplitude
and rainfall distributed throughout the year with highest precipitation
in December and lowest in July. The Sélune River floods regularly in
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winter and spring (Fovet et al,, 2023). Until recently, the water flow
and chemistry of the Sélune River had been profoundly impacted over
a 17 km-long section (Fovet et al., 2020; Rodriguez-Pérez et al., 2021)
by two large hydropower dams built in 1919 and 1932, respectively
and separated by a very short (<1 km) free-flowing section. The
amount of fine sediments stored in the 2 dam reservoirs was estimated
as 1,800,000 m* (IDRA, 2012). A small part of the reservoir was
contaminated with heavy metals (Andrade et al, 2020), but these
sediments were dredged and safely stored outside the riverbed before
the removal. The most upstream dam—Vezins Dam (36 m height)—
was removed in 2019 after 1 year of regular decrease of the water level
in the reservoir, whereas the second dam—Roche-qui-Boit Dam
(16 m height)—was completely removed in 2022 (see Dézerald
et al,, 2023 for details). To keep the massive amount of sediments
stored in reservoirs from clogging the downstream section of the river,
much of it was dredged and stored in ponds built with gabions and
dykes made with local sediments (Berrée, 2019). After the sediments
had dried, the gabions were removed.

Six sampling stations were chosen according to their relative
positions to the dams (Figure 1). Slu (48°35'56.5"N 0°57'28.5" W)
and S2u (48°34'18.0"N 1°06'58.4" W) were located upstream of the
two reservoirs, had never been impacted by the dams except for the
absence of migratory anadromous fishes, and were used as control
stations. These two stations presented slightly anthropized
conditions (pasture) but altogether natural river banks with
typical riparian tree communities along the rivers of this region
(Ravot et al, 2020). S3r (48° 33’ 53.9"N, 1° 09’ 2"W), S4r
(48°34'22.1"N 1°10'51.9"W) and S5r (48°34'36.2"N 1°13'11.5"W)
were located in the new channel after the recovery of the natural flow
regime since 2019 (Figure 2). Finally, S6d was located 4 km
downstream of the second dam (48" 35’ 44.9"N, 1° 17" 35.9"W).
The water depth was 80-100 cm maximum and the river was fully
wadeable in all stations.
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Pictures of the stations [(A): S3r; (B) S4r; (C) S5r] in the Vezins Reservoir before (left side; May 2015) and after (right side; May 2023) the dam removal.
Photograph credits of “Observatoire photographique des paysages de la Sélune—Université Paris Nanterre et SMBS".

2.2 Measurement of functional restoration

2.2.1 Physicochemical parameters

Water chemistry was recorded seasonally (four seasons per year)
at each station from June 2020 to December 2022. Sampling
frequency didn’t allow to highlight short events (e.g., turbidity
peak), but this monitoring programme was enough to compare
the values between stations. Measurements were always carried out
after stabilised water flows (i.e., at least 1week) and almost
simultaneously (time lag of more or less 2h between Slu and
S6d). Water temperature, conductivity, the pH, the dissolved
oxygen content (WTW 3320, WIW, Weilheim, Germany) and
turbidity (Turb 430T, WTW, Weilheim,
measured in the field. Filtered-water samples (Syringe filter
0.45 um, Sarstedt, Niimbrecht, Germany) were analyzed by

Germany) were

colorimetry methods for soluble reactive phosphorus, ammonium
and nitrate using laboratory test kits for spectrophotometer
(PhotoLab 7100 VIS WTW, Weilheim, Germany).
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2.2.2 Phytobenthos composition and biomass

The biomass of chlorophyll a in the biofilm (i.e., green algae,
diatoms and cyanobacteria), naturally growing on river’s hard
substrate, was estimated at each station by the end of June 2020,
2021 and 2022 using a BBE Benthotorch fluorescence probe (bbe
GmbH, Germany).
measurements were taken randomly at each station upon

moldaenke Twenty-eight to thirty-four

similarly sized pebbles and boulders.

2.2.3 Benthic metabolism

The benthic metabolism of the river bed was estimated in all
stations in spring (mid-May) and summer (end of July) 2022, except
at S5r and S6d where the use of equipment and measuring tools was
not possible due to high turbidity and unstable sediment on the
stream bottom in relation to the breaching of the second dam in June
2022. The metabolism was estimated using optically clear acrylic
benthic chambers and dark benthic chambers for estimating benthic
fluxes of CO, (pH values in this section of the river remained stable)
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(Colas et al., 2021). The 20-cm diameter chambers were buried
around 10 cm inside the sediment to reach a volume of around 3 L
for the measurement of gas exchanges. The chambers were equipped
at the top with a HOBO Temperature/Light sensor (UA-002) data
logger, and a hand-held mixer inserted through cable glands. The
mixer was used for water homogenization inside the chamber just
before water sampling. A PVC tube (6 and 4 mm outer and inner
diameters, respectively) with a valve inserted through a cable gland
placed at the top of the chamber allowed the water to drain into the
chamber during immersion and avoided air bubbles getting into the
chamber. The PVC tube also allowed water to get inside the chamber
during water sampling in the middle of the chamber at around
10 cm above the sediment. Deployments usually started between 10:
30 and 11:00 a.m. by lowering the chamber into the sediment and
fixing it using two threaded rod bars (12-mm diameter) sank 40 cm
into the sediment and large wing nuts to maintain it in the sediment.
Five pairs of dark and clear chambers were placed on soft gravel
sediment at each station, at less than 1 m depth and 1-2 m from the
bank to avoid shaded areas and vegetation patches. Incubation lasted
around 5 h, during which temperature and light were recorded every
10 min to take into account frequent local variations in oceanic
weather conditions. At the beginning and at the end of the
incubation, 100-mL water samples were collected using 200-mL
syringes with three-way stopcocks connected to the end of the PVC
tubing equipped with a Luer-lock syringe valve. We created a 100-
mL headspace in the syringes with ambient air for each water
sample, and then the sample was shaken for 2 minutes to
homogenize the concentration of dissolved and air gases. Then,
the headspace was stored in Tedlar bags at room temperature (=
20°C) for less than 24 h. For each station, additional samples of air
were taken at the beginning and at the end of the incubation. As
photosynthetic activity was very low at the bottom of the river, the
variation in dissolved O, was small and the probes were not sensitive
enough to detect a small variation over only 5 h of incubation and
our measurement protocol did not allow us to obtain robust values
for O,. Consequently, we preferred to use river metabolism using
only dissolved CO, concentrations. The CO, concentrations were
finally measured by GC-MS (microGC 3000, Agilent Technologies,
Inc., Santa Clara, United States).

The CO, concentration (C, mmol) in the chamber was
calculated as follows (Eq. 1):

C:<ﬁ+ Vatm

) X (Cwater - Catm) (1)

water

where V. is the volume (mL) of the sample in the syringe and
Vaim is the volume of the headspace, C,;,,, and C,, 4, are the CO,
concentrations (ppm) measured with the micro-GC in the
atmosphere and in the water, and f3 is the Bunsen coefficient of
dissolution (L/L,,;,) computed as follows (Eq. 2):

0 () =+ a0 vasin( 1)
v s[b1 #(105)+ b3(WTo)2] (2)

where a; = —58.0931; a, = 90.5069; a; = 22.294 and b; = 0.0278;
b, =-0.02589; b3 = 0.00506 are constants for the Bunsen calculation
(Weiss, 19705 1974), T is temperature (K) and S salinity (%o).
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The flux of CO, in chamber (Fcp,; mmol.m>day™) was
calculated as follows (Eq. 3):

24
Feor = (Ci = Co) x = x V. / S, 3)

where C is the CO, concentration at the beginning of incubation
and C, the concentration at the end, t; is the duration of incubation
(h), V. the volume of the chamber (L) and S, the surface area of the
sediment enclosed in the chamber (m?).

We used Fcp, in dark chambers as a proxy of the ER of the
benthos, and the difference between F., in the clear and dark
chambers as a proxy of the Net Primary Production (NPP). Contrary
to the classical approach of river metabolism with O,, with Fco, we
could not measure the GPP as Fcp, is the result of the
photosynthetic activity which consumed the CO, and the
respiration of the benthos that produces CO,. However we could
use the NPP as a proxy of the intensity of the net ecosystem
production of CO,.

Finally, by using a YSI EXO2 multiparameter sonde (YSI, Yellow
Springs, OH, United States) the following parameters were recorded
every 10s during the incubations: temperature (°C), electrical
conductivity (uS.cm™ corrected to 25°C), dissolved oxygen (%
and mgL™), turbidity (NTU), pH, total algae (chlorophyll +
phycocyanin and phycoerythrin, RFU), fluorescent dissolved
organic matter (fDOM, QSU), and water depth (m). These
measures taken in the water surrounding chambers allowed to
record any brief events occurring during the incubations.

2.2.4 Macroinvertebrate sampling

Benthic macroinvertebrates were sampled using a Surber net
sampler (0.05 m? 0.5 mm mesh size) in May 2020 and 2022. Six
stratified samples were collected at each date and station in order to
cover a similar range of available habitats (cobble, sand-sediment,
macrophytes, leaf litter and debris). The samples were immediately
fixed with 96° ethanol and stored until sorting under a binocular
microscope. Taxa were identified down to the species or genus levels
(most crustaceans and Insect larvae), except Nematoda,
Hydracarina (not identified further), and most of Diptera
(identified down to the family/tribe levels).

We assigned trait values to each invertebrate taxon and each
Tachet et al. (2010) and the

freshwaterecology. info database (Schmidt-Kloiber and Hering,

modality according to
2015). Whenever the taxonomic resolution of our list and that of
the databases did not match, we used the next upper taxonomic
resolution. Only the feeding habits were retained according to their
potential sensitivity to changes in feeding resource availability (light,
riparian vegetation) after dam removal. The percentage of each
feeding group in the macroinvertebrate community was computed
by multiplying the affinity scores of each invertebrate taxon for each
feeding group by the abundance.

We also computed the abundances of scrapers/(shredders +
collectors) ratio (R,). This ratio highlights the balance between
autotrophy and heterotrophy (Merritt et al., 2017). The ratio
increases when invertebrates wusing autotrophic resources
(i.e, scrapers) dominate the community in comparison with
invertebrates (shredders and

using heterotrophic resources

collectors).

frontiersin.org


https://www.frontiersin.org/journals/environmental-science
https://www.frontiersin.org
https://doi.org/10.3389/fenvs.2024.1250810

Piscart et al. 10.3389/fenvs.2024.1250810

TABLE 1 Mean values (+SD) and results of the similarity percentage (SIMPER) analysis of water quality (normalized values) after the dam removal, and
percent contribution to compositional dissimilarity between the control (C: S1u and S2u) and restored (R: S3r, S4r, and S5r) stations and between the

restored and downstream (D: S6d) stations.

Parameter Control stations Restored stations
Temperature ("C) 124 + 44 135+ 5.2

pH 72402 75+ 05

Cond. (pS.cm™) 191 + 41 225 + 35
Turbidity (NTU) 12,6 + 4.3 151 + 5.4

NO;™ (mgL™) 28.5 + 5.8 334 +4

NH,* (mgL™) 0.09 + 0.11 0.06 + 0.02

PO, (mgL™) 0.10 + 0.05 0.11 + 0.03

2.3 Statistical analysis

The seasonal physico-chemical datasets collected from 2020 to
2022 were used to test for differences in water quality between the
control (S1u and S2u), restored (S3r, S4r, and S5r) and downstream
(S6d) stations using PERMANOVA (Anderson and Walsh, 2013).
The data were normalized before generating a similarity matrix
(Euclidian distance similarities) to test the factors “station” and
“date” with Monte-Carlo tests. We also conducted a similarity
percentage analysis (SIMPER) to determine which water quality
parameters changed according to the station type (control vs.
restored and restored vs. downstream). PERMANOVA and
SIMPER analyses were performed using PRIMER 7 software
(PRIMER-E, Plymouth, United Kingdom).

Between-station differences in the phytobenthos biomass and
benthic flux of CO, (Fco,) were compared statistically using one-
way ANOV As per date and per type of chamber (dark vs. clear) with
“station” as a fixed factor. For the macroinvertebrate feeding groups,
two-way ANOVAs on
normalization, with “station” and “year” as fixed factors. For all

we used square-rooted data for
tests, pairwise comparisons were performed using Tukey’s HSD
tests. All analyses
7 software (StatSoft).

were carried out using Statistica

3 Results
3.1 Physicochemical parameters

Physico-chemical parameters varied between stations along the

upstream-downstream  gradient and  across years (see
Supplementary File S1 for annual data). Briefly, we observed an
increase in temperature up to 2.6°C and in a lower extend an increase
in pH (up to 0.5 UI), conductivity (up to 72 uS.cm™>) and NO3 (up
t014.3 mg.L™"), except for turbidity and PO,*~ which increased from
upstream to downstream but decreased at Sdeé.

The PERMANOVA on the physico-chemical dataset showed a
highly significant “station” effect (Pseudo-F = 2.84; p = 0.001) but a
weak “sampling date” effect (Pseudo-F = 2.07; p = 0.047), and no
interaction between “station” and “date” (Pseudo-F = 0.23; p = 1.0).
Pairwise comparisons highlighted that the “station” effect only

concerned Slu, which significantly differed from all other
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Downstream  Contrib. (%) C vs. R Contrib. (%) R vs. D
14.1 £5.8 11.6 19.1
75+ 04 142 169
227 + 31 16.1 11.0
111 + 44 142 160
350 + 4 16.2 100
0.07 + 0.02 14.8 113
0.10 + 0.05 129 157

stations (p values <0.02), whereas the other stations did not
differ significantly (p values >0.175). A marginal effect of “date”
was found between 2021 and 2022 (p = 0.042). SIMPER analyses
showed that multiple water quality parameters contributed to the
change in overall conditions upstream and downstream (Table 1).
Increases in turbidity, nitrate, conductivity, and pH accounted for
60.7% of the dissimilarity in water quality conditions between the
two control and the three restored stations. In the downstream
station, temperature increased but the pH, turbidity and reactive
phosphorus decreased and accounted for 67.7% of the dissimilarity
in water quality between the restored (S3r, S4r, and S5r) and the
downstream (S6d) stations.

3.2 Phytobenthos composition and biomass

Whatever the station, the phytobenthos community was
composed of a majority of diatoms (mean value 50.0% * 15% of
total biomass) and cyanobacteria (mean value 48.0% + 16% of total
biomass). Green algae represented only a very small share of the
phytobenthos (1.0% + 6% of total biomass). Green algae were
detectable in only 4% of the samples, exclusively in summer.
Consequently, this group was discarded for further analyses. The
biomasses of cyanobacteria and diatoms strongly varied between
years (Figures 3A, B; p-values <0.0001), but the overall trends among
stations remained similar over time (Figure 3C), except for diatoms
in S4r in 2020. S3r and S5r hosted a lower phytobenthic biomass
than Slu and S2u (Figure 3C). However, the difference was greater
in 2020, especially for diatoms, and was highly reduced in 2021 and
2022, except for in S6d where the biomass of both diatoms
(Figure 3A) and cyanobacteria (Figure 3B) strongly declined in
2021 and 2022.

3.3 Benthic metabolism

Benthic gas fluxes of CO, were successfully estimated in the five
stations in spring, and only in four stations in July because data from
Sr5 were not reliable in summer (Figure 4). Fluxes ranged
from —0.08-1.27 g CO,. m > d' for Fco,. In most cases, a net
benthic primary production was recorded in the clear chambers
(CO, consumption), except at S2u in spring and at S4r in summer
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letters (for dark chambers) and numbers (for white bars) indicate significant differences between stations.

that exhibited benthic fluxes suggesting a higher sediment
respiration.

The ER of the benthos tended to be lower in the restored
stations in spring and in control and restored stations in summer,
but the difference were not significant (Fisher exact t-test, p
values >0.210). Conversely, GPP was similar in all stations in
spring (p = 0.392), but decreased significantly in the restored
stations in summer (Table 2, p = 0.029). The GPP/ER ratio
(Table 2) increased significantly in restored stations compared
with control stations in spring (p = 0.026) and tended to be higher
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also in summer, even if the difference was not significant in
summer (p = 0.472).

3.4 Macroinvertebrate feeding groups

The proportion of most of the different feeding groups
(Figure 5) varied significantly across stations (p values <0.049)
and years (p values <0.006), except for deposit feeders that were
similar among stations (p = 0.093), and shredders that remained
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TABLE 2 Mean values (+SE) of ecosystem respiration (ER) and gross primary
production (GPP) in the control (S1u and S2u) and restored (S3r, S4r, and
S5r) stations in spring and summer 2022. Small letters indicate results of
Fisher exact t-tests between stations and seasons for each indicator.

Parameter Stations Spring Summer
ER (g CO,m™>2d™") Control 0.59 + 0.67° 0.12 + 0.16*

Restored 0.25 + 0.19° 0.09 + 0.05*
GPP Control 0.32 + 0.32° 0.18 + 0.16*
(g CO,m™=2d™) Restored 0.40 + 0.27° 0.08 + 0.6
GPP/ER Control 0.24 + 0.27° 0.81 + 0.39°

Restored 1.49 + 0.36" 1.99 + 1.86"

stable across stations and years (Figure 5B, p = 0.283 and p = 0.490,
respectively).

As for the feeding groups, the R,, ratio also varied spatially and
temporally (p values <0.001). There was not significant interaction

10.3389/fenvs.2024.1250810

between “station” and “year” for the feeding groups (p
values >0.077), except for scrapers (p < 0.001) and the Ry, (p <
0.001) ratio. The proportion of scrapers increased toward the
downstream station to become the dominant feeding group
(Figure 5A), whereas deposit-feeders (Figure 5C) and predators
(Figure 5E) decreased toward the downstream station. The
proportion of filter-feeders (Figure 5D) remained stable across
stations and years except in D where they significantly dropped
down in 2022. As for scrapers, their R, ratio also increased in the
(S3r, S4r, and S5r) (S6d)

stations (Figure 5F).

restored and downstream

4 Discussion

The ecosystem of the Sélune River was strongly modified by the
erection of two successive large dams between 1919 and 1932. For
almost one century, deep changes occurred in this ecosystem and
shaped plankton and macroinvertebrate communities along half of
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FIGURE 5

Mean percentage values (+SD) of the main feeding groups in the macroinvertebrate community in 2020 (dark bars) and 2022 (white bars): (A),
scrapers; (B), shredders; (C), deposit feeders; (D), filter feeders; (E), predators; (F), Ry ratio.
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the main stem (Rodriguez-Pérez et al., 2021) and also induced a
major discontinuity in the natural process of C flow in aquatic food
webs along the river by promoting carbon sequestration (Roussel
et al., 2024). The two dams strongly altered the physical, chemical
and biological continuity of the river, but their vicinity was not
sufficient to create differential impacts: their impact is as that of a
single artificial water mass (Rodriguez-Pérez et al., 2021). Overall,
our results show that the removal of dams leads to a relatively fast
homogenization of habitats and environmental conditions within
the former reservoirs, but also important changes downstream since
the removal.

4.1 Consequences of dam removal on
physico-chemical conditions

In 2021, only 1 year after the removal of Vezins Dam and the
decommissioning of Roche-qui-Boit Dam (i.e., the reservoir has
been emptied in 2021 before its removal in 2022), only subtle
changes in water quality were noticed downstream between the
control, restored and downstream stations. This result confirms a
very fast restoration of water flows and homogenization of chemical
factors following geomorphological restoration, except for turbidity
(Fovet et al., 2023) and temperature (hypothesis H1), as observed in
previous restorations of large dams (Foley et al., 2015; Atristain et al.,
2023) and as expected in conceptual models (Bellmore et al., 2019).
Before the dam on the Sélune River was removed, reservoirs were
characterized by higher temperature, higher conductivity, a higher
total nitrogen concentration but a lower turbidity and lower
phosphorus concentrations than in running-water reaches
(Rodriguez-Pérez et al.,, 2021). These differences disappeared for
most of the parameters, except temperature and turbidity. Turbidity
tended to increase in the restored stations in comparison with the
control (S3r, S4r, and S5r) and downstream (S6d) stations, likely
explained by the destocking of fine sediment (Wilcox et al., 2014;
Bellmore et al., 2019) that was partly deposited downstream in the
second reservoir of the decommissioning dam in 2021 and before
reaching the downstream station and subsequently the ocean after
the removal of the second dam in 2022. This result is corroborated
by the continuous monitoring of physico-chemical parameters and
sediment transfer from 2017 to 2022 between the upstream part of
the reservoir of the former Vezins Dam (between S2u and S3r) and
the downstream station S6d (Fovet et al, 2023). Temperature
slightly increased between the upstream control stations and
downstream stations, probably as a consequence of the lack of
riparian vegetation and the reduced the canopy cover in the
restored stations (Figure 1) that added heat to the river reach
(Webb and Zhang, 2004).

4.2 Phytobenthos and river metabolism
restoration

The characteristics of the geomorphic and aquatic habitats
changed rapidly after sediments started eroding from the former
reservoirs (Fovet et al., 2023). One year after the reservoir emptying
(in 2020), the proportion between the two dominant groups in
phytobenthos, diatoms and cyanobacteria, remained similar across
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all stations. However, their biomass was twice as low at the restored
sites, especially for diatoms, and had only partly recovered after
2 years (as expected in hypothesis H2). Contrary to restored stations,
the biomass of phytobenthos decreased in 2021 and 2022 in the
downstream station S6d. The reduction of phytobenthos biomass is
likely related to an increase in turbidity and fine sediment
concentration following the release of fine sediments into the
water column after the dam removal (Fovet et al, 2023).
Reduced light associated with increased turbidity is indeed a
well-known consequence of dam removal (Bellmore et al., 2019).
Sediment release can be very fast in large dams, and most of the
stored sediment can be removed only a few months after dam
removal (Wilcox et al, 2014; Foley et al., 2015). However, this
process occurred throughout the whole study period in the Sélune
River, even if it decreased since 2021 (Fovet et al., 2023). This result
is mainly due to a long emptying process in several steps, consisting
in a high reduction of the water level in the reservoir since 2018 by
opening the bottom gates for operations on sediments and bank
stabilization before breaching the dam in 2019. The method was
selected to avoid a high amount of sediment release in the water
downstream in order to protect the Mont St Michel Bay since the
Sélune River is one of its main tributaries. This methodological
choice diluted the sediment release over time and may explain the
lower extent of the increase in turbidity and its persistence over time
in the restored stations. The removal process also explains the
response in the downstream station S6d since part of the
sediment is being retained in the river before reaching the station
S6d. The similar phytobenthos biomass observed in control and
downstream stations in 2020 and 2021 may be explained by the
presence of the Roche-qui-Boit dam, which trapped the sediment
released after the Vezins dam breaching. These trapped sediments
were then progressively released into the Mont St Michel Bay over
time. The quantity of sediments released to the station downstream
the former reservoirs was lower in 2020 and 2021, hence lower
turbidity and the low impact of dam removal on the phytobenthos
during the first 2 years after removal of Vezins Dam. However, the
complete removal of the second dam in June 2022 (after its
decommissioning in 2021) released a lot of sediment downstream
(Fovet et al.,, 2023), which could have had a significant impact on
sediment colonization by phytobenthos this year.

Sediment release does not only affect turbidity, but also
sediment stability—a key parameter to allow the colonization by
photosynthetic biofilm (Biggs, 1996). Sediment instability in the
restored stations likely explains the specific response of station S4r
(shows ER = NPP in spring and ER > NPP in summer suggesting
biofilms are lacking photosynthetic organisms and likely dominated
by non-photosynthetic organisms. S4r was indeed located in a 300-
m linear and homogenous stretch with a laminar flow (personal
observation) providing more stable conditions for phytobenthos
growth (Hondzo and Wang, 2002).

The metabolism of the Sélune River was still weakly but
altered in the regards
phytobenthic biomass 2 years after dam removal (hypothesis H2).

significantly restored stations as
The change was mainly driven by ER, which decreased in the
restored and control stations both in spring and in summer
whereas NPP remained more stable. The spring increase in ER in
restored station when discharge was highest suggests that the overall

metabolism of the Sélune River may be mainly driven by the
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seasonal availability of allochthonous C and to a lesser extent by
autochthonous processes and light attenuation in the water column
(Dodds et al., 2013). The lower ER rates in the restored stations
compared with the control stations suggest that a significant
proportion of the carbon stored in the fine sediments of the
former reservoir may be removed by sediment leaching and may
not contribute significantly to sediment respiration. The low
contribution of primary producers measured in our study is also
partly explained by the location of benthic chambers outside
macrophyte beds to avoid their potential impact on the river
metabolism (Kupilas et al., 2016) and to focus only on the effect
of dam removal on sediment metabolism. The contribution of
autotrophy to the river metabolism tends to increase slightly in
the restored stations but only in spring. However, the GPP/ER ratio
recorded during our short-term incubations increase highly in
restored stations both in spring and in summer. The difference
observed in the restored stations could result from the increase in
available light and a warmer temperature due to the lack of riparian
vegetation in the restored stations (Webb and Zhang, 2004).

4.3 Functional composition of the
macroinvertebrate community

Dam removal strongly modified the availability of the algal primary
feeding resources of macroinvertebrates with strong consequences on
the relative contribution of the functional feeding groups in the restored
(S3r, S4r, S5r) and downstream (S6r) stations since it is the main
primary resources available for macroinvertebrates at this part of the
Sélune River (personal observation). These effects were still observed
3 years after removal. As for the river metabolism, the contribution of
autotrophy increased in the restored stations, mainly driven by the
increased abundance of scrapers whereas the abundance of shredders
remained stable and the abundance of deposit feeders tended to
decrease in the station downstream of the former reservoirs. This
result is congruent with our third hypothesis (H3), ie., a change in
the trophic structure of the macroinvertebrate community is expected
following changes in the availability of feeding resources. Dam removal,
especially for large dams, deeply changes the interactions between
riparian and aquatic ecosystems by reducing the abundance of
riparian trees (Ravot et al, 2020). As a consequence, we suspect
reduced terrestrial inputs into the Sélune River and a higher
contribution of autotrophy in the system. An increased percentage
of scrapers was observed in restored channels during the first 2 years
after the removal of a small dam (Pollard and Reed, 2004; Poulos et al.,
2019), but also in woodland harvesting with clear-cutting of riparian
trees (Thompson et al,, 2009) or agricultural practices (Piscart et al,
2009; 2011). Moreover, Tonin et al. (2017) suggested that variability in
decomposition rates between stream reaches was primarily explained by
variation in local canopy cover rather than environmental conditions at
the catchment scale, indicating the importance of local leaf inputs.
Contrary to the percentage of scrapers, the percentage of deposit feeders
tended to decrease in the restored channel. Previous studies on small
dam removal have highlighted this kind of change (Sullivan and
Manning, 2017; Sullivan et al., 2018; Poulos et al,, 2019). For large
dam removal, the result of the only study available was opposite (Mahan
et al,, 2021). However, in that case, the increased percentage of deposit
feeders was mainly explained by the greater abundance of
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Chironomidae larvae in the restored channel than in the control
reaches, and the percentage of predators declined downstream of the
control stations, as the percentage of deposit feeders did. Previous
studies have highlighted more idiosyncratic with
contradictory results making the pattern of predators less predictable

responses

and likely site-dependent. In our study, the decreased percentage of
predators could be related to an increase in size of predators since
predators are mainly represented by small dipterans in control stations
and by larger Rhyacophyla sp. larvae in restored and downstream
stations. The percentage of shredders remained stable across all stations,
whereas the absence of riparian trees in the restored stations might lead
to a decreased percentage of shredders in the community. However and
surprisingly, the percentage of shredders often remains stable following
small or large dam removal (Sullivan et al,, 2018; Mahan et al,, 2021).
This suggests a site effect: for instance, Amphipoda are the dominant
shredders in the Sélune River and they are indeed omnivores (Macneil
et al,, 1997) with opportunistic feeding behavior (Maazouzi et al., 2009;
Pellan et al, 2016). A complementary hypothesis, could be the
availability of leaf litter material transported longitudinally over a
few kilometres from the upstream part of the river and/or laterally
over 30-50 m from older riparian trees.

The other parameters (phytobenthos, physico-chemistry) showed
that the macroinvertebrate community in the downstream station
responded more or less in the same way as in the restored stations,
with a higher contribution of autotrophy associated to an increased
percentage of scrapers and a decreased percentage of deposit-feeders
and predators. Sediment release downstream seems to have had a
limited impact on the functional feeding groups even 1 year after
removal in 2020. In 2022, the downstream station reacted differently
than the other stations, with a very strong increase in the percentage of
scrapers and a strong decline in the percentage of filter-feeders, hence a
high increase of the autotrophy/heterotrophy ratio. The change in
trajectory observed in 2022 may likely be linked to lower turbidity in the
station that year.

4.4 Conclusion

Our study shows that, although macroinvertebrate biodiversity
recovered rapidly, the ongoing restoration of ecosystem functional
responses to the removal of a large dam is still detectable 3 years after
the removal. Even if physico-chemical variables reacted quickly, the
continuous release of fine sediment and the instability of habitats
lead to unfavorable conditions for primary producers. The
modification of terrestrial/aquatic linkage inputs of terrestrial
carbon and the increase in water temperature in restored stations
devoid of riparian trees may also have altered the metabolism of the
Sélune River by promoting photoautotrophs. Changes in feeding
resources both in the benthic (biofilm, fine sediment) and pelagic
(suspended organic matter) areas also impacted the functional
groups of macroinvertebrates even after 3 years. These impacts
are congruent with impacts observed in small dam removal
studies. However, the impact of large dam removal on the
riparian area and the huge quantity of sediment trapped in rivers
may have functional impacts in the former reservoir and
downstream over decades, the time required for trees to grow
and stabilize the geomorphology of the river. Finally, our study
highlights potential site-specific responses (size of the river,
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geomorphology, land cover). Delays in restoring the productivity of
the restored ecosystems should not affect the recolonization of
migratory fishes, since they only have an impact on the restored
station of the former reservoirs and the station located downstream.
Further studies and long-term monitoring are required to fully
understand the functional consequences of large dam removal at
the ecosystem level.
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Fast but transient recovery
of aquatic and terrestrial
communities after a large
dam removal

Olivier Dézerald ®™, Jean-Marc Roussel ®*, Elven Lanoé,
Thibaut Beauverger??, Alan Bazin*?, Héctor Rodriguez-Pérez*?,
Simon Dufour ®°, Ivan Bernez ®* and Christophe Piscart ®*

DECOD (Ecosystem Dynamics and Sustainability), INRAE, Institut Agro, IFREMER, Rennes, France,
2Pdle Gestion des Migrateurs Amphihalins dans leur Environnement, OFB, INRAE, Agrocampus Ouest,
UPPA, Rennes, France, 3U3E, Unité Expérimentale d'Ecologie et d'Ecotoxicologie Aquatique, INRAE,
OFB, Rennes, France, “Univ. Rennes, CNRS, ECOBIO - UMR 6553, Rennes, France, *Péle R&D ECLA,
OFB, ECOAQUA, DRAS, Aix-en-Provence, France, ¢Université Rennes 2, CNRS, LETG UMR 6554,
Rennes, France

Introduction: Ecological restoration through dam removals receives increasing
attention from scientists, environmental managers and policy makers. However,
most dam removal projects focus on small structures (< 10 m in height) and on
few ecosystem compartments at a time (e.g. river morphology, reservoir
sedimentation, aquatic invertebrates, terrestrial vegetation), but rarely aquatic
and riparian ecosystems simultaneously.

Methods: We explored the joint taxonomic recovery (temporal patterns in o.- and
B-diversity) of three communities after the removal of the Vezins dam (36 m in
height; Sélune River, France): aquatic benthic invertebrates, riparian
invertebrates, and the riparian vegetation. These communities were monitored
yearly, during three years after the dam removal, on sites located within (n = 3;
restored sites) and outside (n = 3; two upstream and one downstream; non-
impounded sites) the former reservoir.

Results: Results showed a fast recovery of the three ecological communities, as
patterns in o-diversity between restored and non-impounded sites were not
necessarily different from each other 1.5 years after complete reservoir
dewatering. The mean number of species or morphospecies (+ standard
deviation) reached up to 28.2 + 5.2, 17.0 + 2.3 and 77.5 + 11.2 for the aquatic
invertebrates, and the riparian vegetation and invertebrates, respectively. Relative
to the sampled area, the riparian invertebrates were the most diversified of all
ecological communities with > 500 taxa (i.e., pooling all sites and years). In
addition, in some restored sites, o-diversity kept increasing over time while
species turnover (B-diversity) remained high after three years for all ecological
communities suggesting a transient recovery (i.e., still facing temporal changes in
species diversity and composition). This recovery was mediated by the identity of
the ecological community as inter-annual changes in o.- and B-diversity of the
riparian vegetation were less pronounced compared to those of aquatic and
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terrestrial invertebrates. This recovery depended also on site-specific features as
the most distant restored site from the former dam had more time for recovery
following the slow reservoir dewatering and through increased sedimentation in
the downstream site.

Discussion: Differential patterns of recovery in o- and B-diversity found in this
study are discussed in light of species functional traits and ecosystem functioning.

KEYWORDS

ecological restoration, metacommunity, riparian vegetation, macroinvertebrate, habitat
fragmentation and modification, river continuum

Introduction

Increasing societal concerns towards biodiversity and water has
shed new light on a widespread but overlooked driver of rivers’
ecosystem functioning: the barriers to free flow. Barriers to free flow
have played an important role in modern human history to control
water for irrigating crops, drinking water, generating hydropower
and preventing floods. Recent estimates, most likely far below
reality, point to at least 1.6 million instream barriers in Europe
(Belletti et al., 2020), and only a few remaining very long and free-
flowing rivers worldwide (Grill et al., 2019). In addition, although
most of those barriers are less than a couple of centuries old, many
began to be outdated with unsafe structures and low benefit-cost
ratios. Consequently, those barriers, mainly dams, are frequently
dismantled, thus drawing attention from the scientific community
(Hart et al., 2002; O’Connor et al., 2015; Ryan Bellmore et al., 2017;
Habel et al,, 2020) and leading to the emergence of a new field in
restoration ecology: “the science of dam removal” (Poff and
Hart, 2002).

Dam removal projects offer unique opportunities to explore the
ecological mechanisms underlying the recovery of rivers after the
long-term press disturbances induced by dams. The ecological
consequences of dam removals on habitat fragmentation through
longitudinal processes are well-documented, with particular
emphasis on fish and aquatic macroinvertebrate communities.
For instance, fish communities rapidly recolonize upstream areas
following small dam removals (Hogg et al., 2015; Kornis et al.,, 2015;
Bubb et al, 2021), although communities may not necessarily
recover immediately after the removal (< 3 years; Catalano et al,
2007; Stanley et al., 2007; Poulos and Chernoff, 2017). Long-term
trends also agree on overall positive effects of river restoration on
fish populations (Birnie-Gauvin et al., 2017) and fish communities
(Whittum et al., 2023). Aquatic macroinvertebrate communities
show more mitigated responses to dam removal compared to fish
with first decreases in diversity, most likely due to high downstream
sedimentation (Chiu et al.,, 2013; Renofilt et al., 2013; Rubin et al,,
2017), followed by increases in diversity over time (Orr et al., 2008;
Kil and Bae, 2012; Mahan et al, 2021). Yet, macroinvertebrate
communities may not recover completely even after three years
following dam removals (Hansen and Hayes, 2012; Renofilt et al,
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2013; Poulos et al., 2019; Mahan et al,, 2021). In addition, increasing
evidence supports strong influence of taxa identity (Sethi et al,
2004; Tszydel et al., 2009), seasonality (Sullivan and Manning,
2017), geomorphic features (Tullos et al, 2014) and habitat
characteristics (Pollard and Reed, 2004; Claeson and Coffin, 2016;
Poulos et al., 2019) on patterns of macroinvertebrate recovery in
stream following dam removal.

Removing dams not only affect aquatic habitats longitudinally
but also terrestrial habitats through both longitudinal and lateral
processes. For instance, recent evidence supports strong
longitudinal patterns in riparian vegetation communities
following dam removals (Brown et al., 2022) with pioneer plant
species tracking changes in geomorphic and hydrologic features in
downstream new coastal habitats (Foley et al,, 2017) and in newly
dewatered habitats closest to the river channel (Lisius et al., 2018;
Ravot et al., 2020). A study on an exposed reservoir due to dam
maintenance confirms an important shift in species composition
from mesic to xeric plant communities within less than four years
(Auble et al., 2007). In restored sites, plant recovery was usually fast
(Laslier et al., 2019) and was positively affected by mycorrhizal and
ectomycorrhizal fungi (Cortese and Bunn, 2017) while being
threatened by non-native and competitive plant species (Orr and
Stanley, 2006; Tullos et al., 2016). In turn, only few studies have
investigated the effects of dam removals on the terrestrial fauna
(e.g., megafauna, birds; Stephens, 2017; McCaftery et al, 2018;
McCaffery et al.,, 2020). Concerning macroinvertebrates, some
evidence suggest strong declines in spiders within four years post-
removal (Sullivan et al., 2018). Altogether, the primary literature on
dam removal highlights three important limitations to our
understanding of mechanisms at play during community
recovery. First, most studies focus on local processes following the
removal of small dams (< 10 m in height; but see Foley et al., 2017).
More specifically, compared to small dams, tall dams may have
stronger impacts on the hydromorphological features (e.g.,
increased sediment load in impounded sites, large spatial extent
of influence) of rivers, and thus may trigger lagged responses and
longer recovery of ecological communities. Second, most studies
focus on one ecological community (e.g. aquatic invertebrates,
terrestrial vegetation), mainly aquatic ones (Doyle et al., 2005;
Carlson et al., 2018), while investigating multiple ecological
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communities should provide more accurate responses of
ecosystems to dam removals (Thomson et al., 2005; Chang et al.,
2017; Cook and Sullivan, 2018; Atristain et al., 2023). Third, we lack
an integrated view of spatial (longitudinal and lateral processes) and
temporal (inter-annual processes) patterns of recovery. It is
particularly difficult to find appropriate control sites when
comparing restoration processes due to high historical
contingencies and ecological idiosyncrasies. In addition, very
often we lack information on the state of ecosystems before
removals. We therefore advocate to move further away from
restored vs. control and before vs. after treatment designs.

Changes in o.- and B-diversity, i.e., the spatial variations in local
and regional species composition (Whittaker, 1965), offers
unparalleled insights into the mechanisms (ie., species sorting,
species competition, dispersal limitation) supporting meta-
community dynamics (Lopez-Delgado et al., 2020). These changes
can also inform biodiversity-based conservation decisions by
identifying sink and source populations of colonizers for
enhanced recovery (Socolar et al., 2016). Therefore, exploring
temporal changes in o- and B-diversity of multiple ecological
communities following a dam removal may then help dissecting
spatial-temporal patterns of recovery. In the present study, we
aimed to address all three above-mentioned limitations from dam
removal studies. We explored temporal changes in patterns of o-
and B-diversity in both terrestrial and aquatic environments by
monitoring multiple ecological communities (i.e., aquatic benthic
invertebrates, riparian invertebrates, and the riparian vegetation)
from one to three years after the removal of the tall Vezins dam (36
m in height; Selune river, France). The sampling sites, both within
and outside the former reservoir, were selected to reflect a
longitudinal upstream-to-downstream gradient along the river
thus moving further away from the common restored vs. control
study design. In addition, since some study sites were previously
under water (i.e., precluding meaningful before vs. after
comparisons), we started the monitoring right after the dam
removal thus moving away from a before vs. after study design.
Based on knowledge gained from previous studies, we specifically
tested two main hypotheses. Our first hypothesis (H1) states that
taxonomic recovery is driven by rapid inter-annual increase in o
diversity in restored sites. Indeed, evidence shows that the diversity
of invertebrate and plant communities can increase in just a few
month up to less than four years even though transient decreases
can be observed right after the dam removal or dewatering (Auble
et al., 2007; Foley et al, 2017; Carlson et al., 2018). Our second
hypothesis (H2) stipulates that B-diversity remain high between
distant sites with gradual changes in species composition from
upstream to downstream sites and across years of sampling. This
second hypothesis follows a pattern found in a companion study
using the same ecosystems but occurring before the dams were
removed (Rodriguez-Perez et al., 2021). Last, we briefly discussed
how spatial-temporal patterns in o- and B-diversity can be
community-dependent (e.g., invertebrates vs. vegetation, aquatic
vs. terrestrial) due to their conspicuous differences in life history
traits, which integrate environmental changes over different time
scales (Southwood, 1977; Townsend and Hildrew, 1994; Doyle
et al., 2005).
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Materials and methods

The Sélune River, dams and sampling sites

The Sélune is a 91 km-long river located in northwest France, it
drains a watershed of 1,106 km?, and flows into the Mont Saint
Michel bay (Figure 1A; Rodriguez-Pérez et al., 2021). The climate is
temperate oceanic with a mean annual precipitation of 800 mm and
a mean annual temperature of 10°C. The Sélune river flows across a
patchy landscape, mainly composed of crops, pastures and livestock
farming, with the presence of a few forested and urbanized areas.
Two hydropower dams, the Roche-qui-Boit (built in 1919; 16 m in
height) and the Vezins (built in 1932; 36 m in height) were located
at 26 km and 30 km from the Selune’s mouth, respectively
(Figure 1). The emptying of the Vezins’ reservoir started in May
2017 and was complete in May 2019 (Figures 1B-E). Note that the
reservoir was filled again in October/November 2018 after decisions
related to water and sediment management issues during the winter
period (Figure 1F). The dismantling of the Vezins dam started in
2019 and ended in late 2020 while the Roche-Qui-Boit dam was
completely removed in 2023 after gradual decreases in water levels
(ie., free flowing water since June 2022; Figure 1F).

Six sampling sites were selected and monitored once a year in
late spring/beginning of Summer for three years (i.e., 2020, 2021,
and 2022) after the end of the reservoir emptying (spring 2019).
This sampling period was chosen, assuming that it maximizes peaks
of species richness and abundances of all studied ecological
communities (i.e., plants and animals, aquatic and terrestrial;
Sullivan and Manning, 2017). Two sites were located upstream
the former Vezins reservoir: Slu (latitude: 48.599043; longitude:
-0.958010083) and S2u (latitude: 48.57171721; longitude:
-1.116205727; Figure 1). Three restored sites were located within
the former dam reservoir: S3r (latitude: 48.56789852; longitude:
-1.146223939), S4r (latitude: 48.57532161; longitude:
-1.178982545), and S5r (latitude: 48.57576597; longitude:
-1.221868824). The last site was located downstream all dams:
S6d (latitude: 48.59570284; longitude: -1.2938635). The sites S3r
and S5r were located in the shallowest and deepest part of the
former reservoir, while S4r was at intermediate depth. Beside
constraints in sampling efforts, those sites were selected to reflect
potential upstream-downstream patterns in species richness in
aquatic communities that could influence the recovery of
communities within the former dam reservoir (S3r-S5r). In
addition, they were selected because the terrestrial habitats in
those sites reflect the typical landscape in the Selune basin with
S1u, S2u and S6d being close to crops, pastures and livestock farms
(i.e., intermediate human activities between forest and urban
patches) while S3r, S4r and S5r being located in a relatively more
steep-sided river valley (i.e., typical of the former dam reservoir)
also located nearby crops, pastures and livestock farms. Note, that it
may be challenging to select sampling sites in dam removal projects
in an attempt to optimize the trade-off between statistical
robustness and processing time and costs. This is particularly
important as funding opportunities and successes fluctuate over
time, while dam removal projects may last for decades (Birnie-
Gauvin et al, 2017). We therefore initiated a simple sampling
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FIGURE 1

Environmental context of the Sélune river. (A) spatial locations of sampling sites. Pictures displaying the effect of the dam removal in S3r (B, C) and
S5r (D, E) between 2014 (B, D) and 2022 (C, E). (F) Timeline of events related to the removal of the Vezins and La-Roche-Qui-Boit (LRQB) dams
Photos credits: Observatoire photographique des paysages de la Sélune - Université Paris Nanterre et SMBS.

procedure (i.e., six sites sampled once a year at the same period) that
could easily be maintained in the long run, especially in cases of
funding shortages.

Aquatic and terrestrial macroinvertebrates

Benthic macroinvertebrates, hereafter ‘aquatic invertebrates’,
were sampled using a Surber net sampler (collecting area: 0.05
m?%; mesh size: 500 um). Terrestrial macroinvertebrates, hereafter
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‘riparian invertebrates’, were sampled using a suction sampler (13
cm in diameter; mesh size: 500 pm). To mimic the collecting area of
the aquatic invertebrates (0.05 m?), four suctions were performed
over 10 seconds to constitute one sample of riparian invertebrates.
Then six samples of aquatic and riparian invertebrates per site and
date were collected to reflect dominant habitats occurring at the
sites. Samples were preserved in the field with 96° ethanol and
stored until processed in the laboratory. Samples were sorted under
binoculars and identified to the lowest taxonomic resolution (i.e.,
species or morphospecies level), except for some taxa (e.g.,
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nematods, water mites, midges, flies), which were identified at the
family or order level. We will hereafter use the terms ‘taxa’ or
‘richness’ or ‘taxonomic richness’, in reference to this diversity of
taxonomic resolutions in our database. The sampling of aquatic
invertebrates in S1u, S2u and S3r was not done in 2021.

Riparian vegetation

The riparian vegetation was characterized at each site using 18
quadrats (1 x 1 m). For each quadrat, the species’ identities and
relative percent cover were determined, in situ, by the same person
across all three years of sampling. Quadrats were located either close
to (n = 9) or further away from (n = 9; > 15 m depending on field
topography) the stream to integrate local heterogeneities in site
conditions. Note that terrestrial communities, the riparian
vegetation and invertebrates, were all sampled within 20 m from
the river channel. The information from 12 quadrats in S1u 2020
were lost while nine quadrats from S6d were not done in 2021. The
exact location of quadrats (i.e., riparian vegetation) and collecting
areas (i.e., aquatic and terrestrial invertebrates) could vary by just a
few meters at most from year to year.

Statistical analyses

To test for changes in o.-diversity across years and sites, we used
generalized linear models (GLMs; stats-package) with the
taxonomic richness as response variable fit with either Poisson or
Negative Binomial families. The year and site identities and two-way
interactions were used as predictors. Pairwise comparisons were
evaluated using Tukey method (emmeans-package). One model was
built for each ecological community (i.e., aquatic invertebrates,
riparian invertebrates, riparian vegetation). Models were checked
for overdispersion (performance-package), and model fit was
graphically evaluated. The normality of residuals was assessed
using a Shapiro test (stats-package).

To explore changes in B-diversity across years and sites, we used
a permutational multivariate analysis of variance (PERMANOVA;
RVAideMemoire-package; Herve, 2020). The Jaccard dissimilarity
index (vegan-package; Oksanen et al., 2019) was calculated on a
matrix with the presence/absence of species across years and sites
(rows). The year and site identities, and two-way interactions were
used as predictors. Since PERMANOVA may fail to appropriately
identify potential intra-group variability (e.g., year and site), we
performed the analysis of homogeneity of multivariate group
dispersions (PERMDISP; vegan-package) with similar model
construction as the PERMANOVA. Results from both
PERMANOVA and PERMDISP were graphically displayed using
Principal COordinates analysis (PCO; ecodist-package; Goslee and
Urban, 2007). Since our study design follows a longitudinal
upstream-to-downstream gradient rather than a restored wvs.
control design, the influence of dam removal on o- and B-
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diversity can be highlighted by significant ‘site:year’ interactions
and by further exploring significant pairwise differences across sites
(i.e., upstream, restored, downstream) and within restored sites
across years following GLM, PERMANOVA, and PERMDISPs
analyses. All statistical analyses were done with the R software
(R Core Team, 2020).

Results

Ecological communities along the
Sélune river

After three years of sampling and across the six sites, ie.,
pooling all years and sites, the riparian invertebrates were the
most diversified of all ecological communities with 530 species
distributed into 92 families and 29 orders. The riparian vegetation
displayed the second highest number of species (n = 158)
distributed into 41 families and 23 orders. Last, we found 110
species within aquatic invertebrates with 70 families and 19 orders.
Regardless of the year of sampling, any given sampling site
displayed between 53 and 69 aquatic species, between 37 and 93
species of plants, and between 236 and 350 species of riparian
invertebrates. In the different sites, the number of families varied
from 39 to 52, from 17 to 35, and from 64 to 77, aquatic
invertebrates, riparian vegetation and riparian invertebrates,
respectively. Similarly, the number of orders were in the range
13-17, 11-20 and 20-25 for the aquatic invertebrates, riparian
vegetation and riparian invertebrates, respectively. Overall, we
collected between one (i.e., multiple taxa) and 13,145 (i.e.,
Simuliidae spp) aquatic invertebrate specimens (mean + SD: 455
+ 1,709) and between one (i.e., multiple taxa) and 5,236 (i.e.,
Entomobryomorpha sp2) terrestrial invertebrate specimens (mean
+ SD: 64 + 294). The number of specimens for the riparian
vegetation could not be estimated.

Changes in o-diversity across sites
and years

Overall, the mean richness varied (+ standard deviation) from
14.2 (£ 3.66) to 28.2 (+ 5.23), from 3.9 (+ 1.41) to 17.0 (£ 2.35) and
from 23.5 (+ 13.8) to 77.5 (+ 11.2) for the aquatic invertebrates, and
riparian vegetation and invertebrates, respectively (Figure 2). The
richness was significantly influenced by the interaction between site
and year of sampling for the aquatic and riparian invertebrates
(p < 0.0001 and p < 0.0001, respectively; Table 1) but not for the
riparian vegetation (p = 0.16; Table 1; Figure 2). However, when the
interaction is not included in the riparian vegetation model, the site
and year effects became significant (Chi2 = 117.5, p < 0.0001 and
Chi2 = 18.4, p < 0.0001, respectively; results not shown).

In 2020, approximately 1.5 years after the beginning of the
reservoir dewatering, levels of taxonomic richness of all
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Changes in mean taxonomic richness of the aquatic invertebrates, the riparian vegetation and the riparian invertebrates from upstream to

downstream sites and over time (see Table 2 for slope significance).

communities in restored sites (i.e., S3r-S5r) were not significantly
different from that of sites located outside the former reservoir (i.e.,
Slu, S2u, S6d; Table S1). The richness of all ecological communities
increased significantly over time in the restored site S4r (Table 2;
Figure 2). Similar patterns were found in S5r for the aquatic and
riparian invertebrates but the relationship was not significant for
the riparian vegetation (Table 2; Figure 2). In the upstream of all
restored sites (S3r), none of the communities showed significant
changes in richness over time (Table 2; Figure 2). We also found a
significant increase in taxonomic richness over time in Slu for the

aquatic and riparian invertebrates and in S6d for the riparian
vegetation (Table 2). Last, a significant decrease in richness of the
riparian invertebrates was found in S6d (Table 2; Figure 2).

Changes in 3-diversity across sites
and years

All three ecological communities (i.e., riparian vegetation,
aquatic and riparian invertebrates) showed significant differences

TABLE 1 Results of GLMs evaluating the effects of the sampling sites, years and two-way interactions on the taxonomic richness.

Models (R?) Effects Chi2 df P
Aquatic invertebrates (0.47) Site 34.52 5 1.9¢-06
Year 10.15 1 1.4e-03
Site : Year 34.51 5 1.9¢-06
Riparian vegetation (0.34) Site 7.93 5 1.6e-01%
Year 1.92 1 1.7e-01*
Site : Year 7.95 5 1.6e-01
Riparian invertebrates (0.53) Site 39.02 5 2.4e-07
Year 31.2 1 2.3e-08
Site : Year 39.04 5 2.3e-07

*becomes significant when removing the Site : Year interaction from the model.
Bold font indicates significant relationships.
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TABLE 2 Contrasts of GLMs evaluating the effects of the sampling sites, years and two-way interactions on the taxonomic richness of three
ecological communities (see Table 1 for associated models and Figure 2 for visualizations).

Estimates

Aquatic invertebrates

Slu 0.197 0.062 3.156 1.6e-03
S2u 0.102 0.067 1.524 1.3e-01
S3r -0.024 0.059 -0.411 6.8e-01
S4r 0.332 0.066 5.032 4.9¢-07
S5r 0.215 0.069 3.123 1.8e-03
Sed -0.112 0.061 -1.831 6.7e-02

Riparian vegetation

Slu 0.14 0.1 1.395 1.6e-01
S2u 0.056 0.087 0.645 5.2e-01
S3r -0.01 0.08 -0.124 9.0e-01
S4r 0.207 0.076 2.73 6.3e-03
S5r 0.116 0.069 1.68 9.3e-02
Sed 0.246 0.064 3.84 1.2e-04

Riparian invertebrates

Slu 0.414 0.077 5.346 9.0e-08
S2u 0.085 0.074 1.136 2.6e-01
S3r 0.023 0.075 0.305 7.6e-01
S4r 0.351 0.076 4.622 3.8¢-06
S5r 0.174 0.076 2.288 2.2e-02
Sed -0.183 0.084 -2.191 2.8e-02

Estimates display the slope estimates between taxonomic richness and years of sampling. Bold font indicates significant relationships.

TABLE 3 Results of PERMANOVAs evaluating the effects of the sampling sites, years and two-way interactions on the pairwise taxonomic
dissimilarities (Jaccard’s index on presence/absence matrices).

Models Effects Sum of Squares F Df P
Aquatic invertebrates Site 3.13 4.34 5 1.0e-03
Year 1.38 4.81 2 1.0e-03
Site : Year 2.67 2.65 7 1.0e-03
Residuals 10.80 - 75 -
Riparian vegetation Site 24.77 17.28 5 1.0e-03
Year 4.47 7.80 2 1.0e-03
Site : Year 12.93 4.51 10 1.0e-03
Residuals 81.71 - 285 -
Riparian invertebrates Site 4.56 3.13 5 1.0e-03
Year 5.70 9.76 2 1.0e-03
Site : Year 5.66 1.94 10 1.0e-03
Residuals 26.28 - 90 -

Bold font indicates significant relationships.
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Principal coordinate analyses displaying the centroids (position of labels) and dispersions around centroids (ellipses) of two sources of variation (i.e.,
years: A—-C; sites: D—F) of three ecological communities (i.e., aquatic invertebrates: A, D; riparian vegetation: B, E; riparian invertebrates: C, F) within
the Jaccard's dissimilarity space. For the sack of visual clarity, results of pairwise comparisons across sites and years are not shown (significant year
site interaction in PERMANOVA and PERMDISP but see Tables S2 and S5, respectively).

in taxonomic turnover (Jaccard’s dissimilarity index on presence/
absence data) across sites and years (p < 0.0001; Table 3; Figure 3).
Posthoc tests after the PERMANOVA indicates that the taxonomic
turnover of each community varied significantly across all years
(Figures 3A-C; Table S2) and sites (Figures 3D-F; Table S2), except
for the turnover in taxa identity between S2u and S4r of the aquatic
invertebrates, which was not significant (Figure 3D; see more details
about pairwise comparisons across years and sites in Table 53). The
temporal turnover in taxa of all ecological communities indicated
that the year 2020 differed from 2021 and 2022 (Figures 3A-C). For
the aquatic invertebrates, the average intra-site and intra-year
Jaccard dissimilarity in restored sites decreased by 0.053 + 0.10
between 2020 and 2022 (e.g., pairwise comparisons of all samples
within S3r in 2020), while it increased by 0.010 + 0.12 and 0.17 +
0.04 for the riparian vegetation and riparian invertebrates
respectively (Table S4). In 2022, the average intra-site
dissimilarity between three restored sites remained high for all
ecological communities: the aquatic invertebrates (0.49 + 0.06), the
riparian vegetation (0.74 * 0.07), and the riparian invertebrates
(0.79 + 0.05). The average intra-site and inter-year dissimilarity in
restored sites (e.g., pairwise comparisons of all samples between S3r
- 2020 and S3r - 2022) were the highest and lowest for the riparian
(0.88 + 0.01) and aquatic invertebrates (0.63 % 0.05), respectively
(intermediate values for the riparian vegetation: 0.86 + 0.10; Table
S4). In addition, the first PCoA axis of the riparian vegetation was
positively correlated with upstream sites (S1u, S2u and S3r) and
negatively with downstream ones (S4r to S6d) suggesting some
signal of the river continuum (Figure 3E). The second PCoA axis of
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the riparian vegetation discriminates the communities found in
restored sites (S3r-S5r; negatively correlated with PCoA2) from
those found in other sites (S1u, S2u and S6d; positively correlated
with PCoA2; Figure 3E).

The overall variability in taxonomic turnover of aquatic
invertebrates across sampling years and sites were not
significantly different (posthoc tests after PERMDISP; Table S5;
ellipses in Figure 3). In turn, the variability was significantly
different between most years (except between 2021 and 2022) and
sites (except for Slu-S3r, S2u-S5r, S4r-S6d) for the riparian
vegetation (Table S5). Last, the variability in taxonomic turnover
of riparian invertebrates was significantly different across all years,
and only between Slu-S6d, S2u-S6d, S3r-S6d, S4r-S6d, S5r-Sed
(Table S5; see more details pairwise comparisons across years and
sites in Table S6).

Although previous analyses on [B-diversity were done at the
species or morphospecies level (i.e., very rich information; n = 798
taxa in total), we here start exploring main trends in taxonomic
turnover using the order level (n = 71 orders in total; Figure 4).
Similar exploration of taxonomic turnover can be done at the family
(Figure S1) and species/morphospecies levels (Figure 52). Across all
six sites, Diptera were amongst the most dominant orders of aquatic
organisms, along with Ephemeroptera and Amphipoda (Figure 4).
Spatial patterns in plant orders were slightly more complex with
more turnover in the most dominant orders from Slu to S6d
compared to the aquatic invertebrates. Overall, Poales followed by
Rosales were the most dominant orders in S1u, S2u, S3r, S6d, while
Asterales and Poales dominated communities in S4r and S5r
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Distribution of the four most abundant orders of aquatic invertebrates, riparian vegetation and riparian invertebrates within each sampling site. Note

that y-axes are displayed in the log10 scale.

(Figure 4). Non-impounded sites (Slu, S2u, S6d) can be
distinguished from other sites by the presence of Apiales,
Ranunculales and Lamiales in the four most abundant orders.
The riparian invertebrates showed the highest turnover in the
ranks of dominant orders compared to the aquatic invertebrates
and the riparian vegetation (Figure 4). Entomobryomorpha
dominated communities within restored sites (S3r to S5r), but
were also present in the most abundant orders in other sites (S1u,
S2u and S6d). Araneae were among the most abundant orders in the
restored sites: S3r and S4r.

Discussion

Fast taxonomic recovery in restored sites
(o-diversity)

In less than 1.5 years after the complete dewatering of the
Vezins’ reservoir, the mean taxonomic richness of riparian
vegetation, riparian invertebrates and aquatic invertebrates
found in restored sites was similar to that of non-impounded
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sites. This suggests a fast recovery as expected (H1), in line with
results from previous studies (Claeson and Coffin, 2016; Lisius
et al., 2018; Poulos et al., 2019; Mahan et al., 2021). It contrasts,
however, with other studies on macroinvertebrate recovery, which
found either null or negative effects of dam removal on taxonomic
diversity followed by an increase in diversity in subsequent years
(Stanley et al., 2002; Kil and Bae, 2012). We found a negative but
nonsignificant effect of the dam removal on the taxonomic
richness of the aquatic invertebrates in the downstream site S6d,
possibly impacted by increased downstream sedimentation after
the removal of the second dam (La-Roche-Qui-Boit; Figure 1F;
Mahan et al., 2021). Indeed, the presence of the La-Roche-Qui-
Boit dam between the Vezins dam and S6d may have downplayed
the adverse effects of increased sediments on aquatic communities
in Sér by filtering the sediments coming from the removal of the
Vezins dam. Overall, changes in the geomorphic (Tullos et al,
2014), and habitat features (Pollard and Reed, 2004; Claeson and
Coffin, 2016) following dam removal should impose strong
constraints on local communities, but the intensity of these
constraints may depend on the spatial locations of study sites
relative to the removed dam.
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Contrary to our first hypothesis (H1), the a-diversity of all
communities did not continue rising after one year post-removal in
S3r, which rather hosted communities with near constant mean
taxonomic richness over time. Two interrelated explanations could
support this result. First, ecological communities in S3r had more time
to colonize the new riverbanks and channel compared to other restored
sites because of the slow dewatering (i.e. over several months) of the
Vezins reservoir. Second, S3r is also the closest of all restored sites to
the two upstream non-impounded sites (i.e., Su and S2u), which may
be important sources of colonizers (e.g., hydrochory, active dispersal of
winged organisms). Therefore, community recovery may have been
enhanced by a rapid organismal colonization at S3r from nearby
upstream sites (i.e., upstream non-impounded sites, river tributaries)
and in situ seed banks or dormant forms. For instance, the riparian
vegetation in S3r displayed the characteristics of a fast colonizing and
competitive post-pioneer assemblages, which were dominated by
Urtica urtica (stinging nettle) and Phalaris arundinacea (reed canary
grass; Figure 52). To help understand ecological recovery, future dam
removal studies could identify nearby and in situ pools of colonizers
(Ravot et al., 2021), for instance, within the 100 m from river channel
(< 20 m in the present study; enhancing lateral recovery; Auble et al,,
2007) or by increasing the sampling effort along the river and its
tributaries (enhancing longitudinal recovery).

Patterns of recovery depended on ecological community, which is
in accordance with our expectations. At the most downstream of the
three sites in restoration (S5r), the riparian vegetation displayed no
increase in mean taxonomic richness after one year compared to
significant increases for both aquatic and riparian invertebrates. This
site had a shorter restoration time than S4r and S3r (Figure 1F), and
hosted, for instance, more pioneer plant taxa in communities, which
then have either been replaced by more persistent taxa or prevented the
establishment of additional taxa due to strong competition for limiting
space and resources (Foley et al,, 2017; Laslier et al., 2019).

In turn, all ecological communities showed significant increases
in mean taxonomic richness across all three years of sampling in
S4r. Studies on dam removals found similar temporal patterns for
macroinvertebrate (Hansen and Hayes, 2012; Renofilt et al., 2013;
Poulos et al, 2019; Mahan et al, 2021) and riparian vegetation
(Foley et al., 2017; Lisius et al., 2018; Brown et al.,, 2022). The
literature is far less abundant regarding responses of riparian
invertebrate communities to dam removal, but some reports
suggest strong declines in spiders within four years post-removal
(Sullivan et al., 2018). Our results indicate that spiders (Figures 4,
S1, S2) were among the most abundant taxa in restored sites. The
extent to which taxonomic richness will continue to rise in S4r for
all communities and in S5r for aquatic and riparian invertebrates
beyond three years is unknown. Altogether these results suggest that
the ecological recovery although fast is transient over three years for
some communities and restored sites (i.e., context-dependent).

Spatial-temporal turnover in taxonomic
composition (B-diversity)

We originally assumed that the upstream-to-downstream gradient
would leave an imprint on the recovery of ecological communities in
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the form of gradual changes in taxonomic composition (B-diversity)
from upstream to downstream sites (Slu to S6d; H2; Rodriguez-Peérez
et al, 2021). This assumption was supported by the riparian vegetation
(supporting H2), displaying an upstream-to-downstream pattern in -
diversity. To a lesser extent, this spatial signal was also found in aquatic
communities (i.e., upstream-to-downstream changes correlated with
PCoA2 except for Slu; Figure 3F). This upstream-to-downstream
pattern in P-diversity suggests that the longitudinal dispersal of
communities along the river may play an important role in
community recovery to dam removals.

Last, we expected the taxonomic recovery to vary according to the
identity of the ecological community. This assumption was also
partially supported as we found that all studied communities
displayed high compositional differences in 2020 compared to 2021
and 2022 (including restored and non-impounded sites). This result
may find an explanation when considering unmeasured but large-scale
processes. For instance, Sullivan and Manning (2017) found that
seasonality was as much important as local drivers (e.g., daily
discharge, water depth and velocity, stream width) in
macroinvertebrate responses to a dam removal. In addition, as for o-
diversity, we found a strongly significant interaction between sites and
years of sampling driving patterns in B-diversity of all ecological
communities, suggesting a strong temporal and context-dependence
of community recovery. Interestingly, the temporal turnover in
taxonomic composition was higher in riparian organisms (ie.,
invertebrates and plants) than in aquatic invertebrates. This
difference between realms may arise because riparian organisms are
influenced by in situ, lateral and longitudinal colonization processes
while aquatic organisms are mainly driven by in situ and longitudinal
processes. These finding add to the growing evidence of the spatial,
temporal and ecological complexity of river recovery following dam
removals. This recovery may result from direct and indirect
interactions between local and regional deterministic processes along
with dispersal limitations of organisms.

Functional recovery and implications for
species interactions within and across
ecosystem boundaries

Functional ecology offers a powerful framework to better
understand the causes and consequences of species-environment
relationships (Southwood, 1977; Townsend and Hildrew, 1994;
Violle et al, 2007) with countless implications in conservation
biology and restoration ecology. It is a common practice in dam
removal projects to investigate changes in the functional characteristics
of fish communities (Shaffer et al,, 2018; Jones et al.,, 2023), aquatic
macroinvertebrate communities (Pollard and Reed, 2004; Hansen and
Hayes, 2012; Kil and Bae, 2012; Poulos et al., 2019; Mahan et al., 2021),
and riparian vegetation (Foley et al, 2017). In the present study, we
explored taxonomic changes of these three communities as a first step
to report ecosystem recovery after dam removal. Yet, rapid evaluations
of taxonomic lists in our study (Figures 4, S1, S2) corroborate some
evidence found in previous studies. For instance, collector-gatherers,
represented by Chironomidae (Diptera) and Baetidae
(Ephemeroptera), were among the most dominant taxa in newly
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restored channels (S3r to S5r; Mahan et al., 2021). In addition, pioneer
plant taxa rapidly colonized the newly emerged riverbanks (e.g.,
Salicaceae, Polygonaceae, Asteraceae; Foley et al, 2017). A non-
exhaustive review of the literature on the use of functional traits in
dam removal studies highlighted, however, three main trends: most
studies evaluate trophic-related traits (but see Tullos et al, 2014;
Sullivan and Manning, 2017) excluding potentially important traits
related to community recovery (e.g., dispersal capacities, flood-resistant
seeds, dormant forms, reproduction type, life history traits), and
functional information is scarce regarding many ecological
communities (e.g., riparian vegetation, riparian invertebrates) thus
preventing from a more integrated vision of ecosystem functioning
under recovery. Exploring trophic relationships or food webs among
organisms provides such an integrated picture of ecosystem
functioning. Injecting food-web perspectives into the science of dam
removal is, however, a daunting challenge. Only very few attempts
explored how dam removal may affect cross-ecosystem trophic
interactions (Sullivan et al, 2018). We therefore push future dam
removal studies to further investigating the joint recovery of multiple
ecological communities from both aquatic and terrestrial realms
through the lens of trait-based and food-web ecology.

Conclusion

In between spring 2018 and 2019, the emptying of the one-century
old, large-dam reservoir of Vezins offered new habitats to aquatic and
terrestrial organisms on the Selune River catchment. One year later, in
spring 2020, we found that plants and invertebrates communities,
reached levels of taxonomic diversity (c-diversity) similar to what is
observed elsewhere on the river and its banksides suggesting a fast
recovery. However, after three years post-removal, the o-diversity kept
increasing and dissimilarity in taxonomic composition (B-diversity)
remained high in some sites, suggesting a fast but transient ecological
recovery. These patterns of recovery were strongly influenced by the
identity of the ecological community, as well as spatial (e.g., lateral,
longitudinal) and temporal (e.g., slow dewatering of former reservoirs)
processes. These findings are in line with recent evidence of the strong
context-dependent responses of ecological communities to large dam
removals. This study initiates a first step within a larger goal to further
understanding long-term and ecosystem-wide consequences of large
dam removals.
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Dam removal is used increasingly to restore aquatic ecosystems and remove
unnecessary or high-risk infrastructure. As the number of removals increases,
there is a growing understanding about the hydrologic, geomorphic, and
ecological responses to these removals. Most dam removal studies, however,
focus on river and watershed responses to dam removal. The removal of two
dams on the Elwha River provided a unique opportunity to characterize the
response of nearshore (coastal) ecosystems. We conducted SCUBA surveys
between 2011 and 2022 to quantify trajectories of change in a nearshore
ecosystem during and after dam removal. We focused on the degree to which
the abundances of kelp, benthic invertebrates, and fish changed in response to
patterns of sediment fluxes during and after dam removal. Our findings point to
two pathways of response depending on the disturbance mechanism and
species type. Sites with persistent sediment deposition were characterized by
wholesale community changes that did not recover to a before dam removal
condition. Instead, the sites were colonized by new species that were largely
absent prior to dam removal. Sites that experienced high turbidity but lacked
persistent seafloor deposition were primarily characterized by a reduction in the
abundance of kelp and other algae during dam removal and a rapid recovery
after sediment flux to the nearshore declined. Dam removal influences on
invertebrates and fish at these sites were more variable, benefiting some
species and disadvantaging others. In addition to dam removal, sea star
wasting syndrome and a marine heatwave exerted distinct controls on subtidal
communities during the same period. The loss of the predatory sea star
Pycnopodia helianthoides was associated with gains in some of its prey
species, and kelp community changes reflected regional trends in ocean
temperature and kelp abundance. The results presented here have important
implications for understanding the response of marine ecosystems to future dam
removals and similar sediment perturbation events.
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1 Introduction

In marine ecosystems, sediment plays an important role in
determining community composition in time and space (Hall, 1993;
Airoldi, 1998; Lohrer et al., 2004; Erftemeijer et al., 2012). Large
disturbance events that alter sediment dynamics in marine systems
—such as storms and debris flows—can result in high turbidity, bed
scour, and burial of benthic communities. Studies from disturbance
events in a wide range of ecosystem types tend to point to two
pathways of response for both the physical and ecological aspects of
the system. The first is the stable state response, whereby the system
is “resilient” and returns to the pre-disturbance state over time
(Holling, 1973; Gunderson, 2000; Fuller et al., 2019). The second is
the alternative state response, wherein the system resets to a state
different from the pre-disturbance condition (Beisner et al., 2003;
Knowlton, 2004; Schréder et al., 2005; Phillips and Van Dyke,
2016). Disturbance events such as these are natural laboratories that
can provide insights about effects, recovery, and resilience,
including the magnitude of impact, types of species affected, and
the duration and trajectory of the recovery (Paine and Levin, 1981;
Sousa, 1984; Palumbi et al., 2008).

Dam removal is a relatively new sediment disturbance in
aquatic and marine ecosystems as dam removal activities in the
United States and elsewhere have increased, particularly in the last
three decades (O’Connor et al., 2015). As such, there is a growing
body of literature that describes the physical, hydraulic,
geomorphic, and ecological changes that occur following dam
removals of all sizes in a range of watershed types (Foley et al,
2017b). For small dam removals, the effect on freshwater benthic
communities is often undetectable or short lived (Doyle et al., 2005;
Tullos et al., 2014), while larger dam removals can result in benthic
effects that can be detected multiple years after dam removal
(Morley et al., 2020). Because many of the dam removals to date
have been small and/or far upstream, there are few studies
describing the ecological response in marine ecosystems following
dam removal. Many of those that have been published in the last ten
years (Rubin et al., 2017; Shaffer et al., 2017; Glover et al., 2019) are
associated with dam removal on a single river, the Elwha, which is
the subject of the study described in this paper.

In this paper we describe observations of change for kelp
(brown algae in the order Laminariales), benthic invertebrates,
and fish over a twelve-year period, between 2011-2022, in the
nearshore ecosystem during and after the removal of two dams
on the Elwha River. The analysis presented here builds on the
observed changes to the nearshore system presented in Rubin et al.
(2017) by following kelp, benthic invertebrate, and fish
communities for an additional eight years after dam removal was
complete. This paper focuses on the following dam-removal related
hypotheses for kelp, benthic invertebrate, and fish communities: 1)
fine suspended sediment load in the Elwha nearshore will decrease
after the completion of dam removal and algal communities at
unburied sites will return to conditions similar to those that existed
before dam removal; 2) kelp, benthic invertebrate, and fish
community composition at the buried sites will not return to
those that existed before dam removal due to persistent changes
in habitat characteristics; 3) decreased suspended sediment and (or)
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recovery of kelp communities at the unburied sites will benefit kelp-
dependent benthic invertebrates that decreased during dam
removal and hinder invertebrates that increased during dam
removal due to increased food supply or relaxed competition for
space with algae.

During the 2011-2022 period, additional regional phenomena
occurred that likely affected the trajectory of ecological recovery. In
2013, sea star wasting syndrome (SSWS) decimated populations of a
major predatory sea star, Pycnopodia helianthoides (hereafter
referred to as Pycnopodia), coast-wide during our study period
(Montecino-Latorre et al., 2016). In addition, a marine heatwave
affected the eastern Pacific from 2014-2016 (Tolimieri et al., 2023).
While the focus of the paper is on dam removal effects, we also
tested the effects of SSWS and compared kelp recovery trajectories
to regional kelp data, specifically focusing on two additional
hypotheses: 4) SSWS will negatively impact sea star density and
positively impact other benthic invertebrates, particularly those
released from predation; and 5) kelp abundance at unburied and
control sites will show similar patterns of loss during the marine
heatwave compared to regional kelp surveys.

1.1 Background and study area

The Elwha River is a relatively short (72-km long), high gradient
river flowing north out of the Olympic Mountains into the Strait of
Juan de Fuca (Figure 1). Two dams constructed on the Elwha River,
Washington State, USA (Figure 1B), in the early 1900s trapped
approximately 30 million tonnes (Mt) of sediment by 2011 (Ritchie
et al,, 2018). The staged removal of the 32-m tall Elwha Dam (at
river kilometer 8) and the 64-m tall Glines Canyon Dam (at river
kilometer 21), began in September 2011 and was completed by
2014. Sediment flux through the lower river and to the coast
increased dramatically in response to dam removal, starting in
March 2012, during the deconstruction of the lower Elwha Dam
(Ritchie et al., 2018). The reservoir upstream of the Glines Canyon
Dam, Lake Mills, started spilling sediment past the dam site in
October of 2012. During the first two years of dam removal,
between September 2011 and September 2013, over 10 Mt of
sediment were eroded from the two reservoirs. Turbidity in the
river downstream of the dams increased nearly three orders of
magnitude above background levels during the same period (Magirl
et al, 2015). In the subsequent three-year period (September 2013
to September 2016), an additional ~9 Mt of sediment eroded from
the reservoirs, thereby resulting in almost 20 Mt of sediment eroded
since the beginning of the project (Ritchie et al.,, 2018).

Roughly 90% of the sediment eroded from the reservoirs during
dam removal was transported rapidly through the river to the
dynamic coastal environment of the Strait of Juan de Fuca. The
diurnal tidal range, the difference between mean lower low and
mean higher high water is 2.1 meters, and the exchange of tides
through the Strait of Juan de Fuca generates large tidal currents that
regularly exceed 1 m/s near the Elwha River delta (Warrick and
Stevens, 2011). Wave energy in the Strait of Juan de Fuca near the
Elwha River delta is a mix of locally forced wind waves and swell
waves propagating from the Pacific Ocean, with a mean annual
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significant wave height of ~0.4 m and a bimodal distribution of
dominant period, with peaks at 4 and 10 seconds (Miller et al., 2011).
The large increase in sediment supply associated with the dam
removals resulted in dramatic physical changes in the nearshore,
including: 1) growth of the river mouth delta landform and
modification of a variety of coastal habitats (Foley et al, 2017¢;
Warrick et al., 2012; Gelfenbaum et al., 2015; Warrick et al., 2019),
2) increased turbidity in coastal waters near the river mouth (Foley
and Warrick, 2017; Glover et al., 2019), and 3) persistent and
intermittent sedimentation on the seafloor offshore of the delta
(Eidam et al., 2016; Foley and Warrick, 2017; Glover et al., 2019).
These dam removal-mediated habitat alterations had a variety of
implications. Rubin et al. (2017) documented > 75% decrease in
brown algal density and decreased benthic invertebrate species
diversity at sites near the Elwha River mouth during dam removal
compared to before dam removal surveys. Changes in algal
abundance during dam removal were associated with the
deposition of sediment and reductions in light driven by
increased turbidity (Rubin et al., 2017; Glover et al., 2019).

2 Materials and methods

A suite of approaches for monitoring and tracking the influence
of dam removal were developed prior to dam removal. Methods are
briefly described below and in greater detail in previously published
papers, including Magirl et al. (2015) for fluvial sediment fluxes,
Gelfenbaum et al. (2015) for coastal morphology, and Rubin et al.
(2017) for nearshore subtidal communities.

2.1 Grain size, bathymetry and
sediment flux measures

Seafloor grain size and topographic and bathymetric
measurements were collected annually on and around the Elwha
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River delta, typically over 3-4 days during the summer (Gelfenbaum
et al., 2015; Stevens et al, 2017). Intertidal topographic
measurements were collected with differentially corrected GNSS
systems, mounted on backpacks, and walked by surveyors along
the beach and the backshore during low tides. The GNSS
system records positions and elevations in an auto-by-interval
mode, in which observations were collected automatically as the
surveyors moved over the beach and backshore. Measurements
were concentrated on cross-shore oriented transects with
approximately 50-m alongshore spacing, but surveyors also
collected observations along slope breaks and irregular features.

Bathymetric observations were made during the same surveys
using personal watercraft equipped with GNSS systems coupled
with depths measured using single beam echosounders. Vessel
operators collected bathymetric data at high tide along the same
set of cross-shore oriented transects used by walking surveyors at
low tide, and generally collect observations between mean lower low
water (0.12 m NAVD88 at Elwha) and offshore depths of 15-20 m.
The combined topographic and bathymetric data are interpolated
onto a uniform grid with a resolution of 5 m. The resulting digital
elevation model (DEM) has an estimated vertical uncertainty of 12
cm (Stevens et al., 2017).

Surface sediment samples were collected with a petite ponar
grab sampler (Gelfenbaum et al, 2015). Samples were obtained
along a series of cross-shore transects at sites that, prior to dam
removal, were subtidal (elevations between -1 and -12 m,
NAVDS88). As the bathymetry of the Elwha River delta changed
during and after dam removal (Ritchie et al, 2018), the sampling
locations stayed the same, such that some sites sampled from a boat
in 2012 were sampled by hand from the beach in subsequent years.
For samples collected with the grab sampler, up to three attempts
were made to collect a sample with adequate mass (approximately
50 g) from the seafloor; if no sample could be collected the site was
assumed to be coarse-grained. Suitable samples were transported to
a U.S. Geological Survey (USGS) laboratory in Santa Cruz,
California, USA, and analyzed to determine the disaggregated
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grain size distributions using a combination of sieves and a
Beckman Coulter LS 13 320 particle size analyzer (Stevens
et al., 2017).

Sediment fluxes in the Elwha River for the period between
September 2011 and September 2016 were estimated using the
methods of Magirl et al. (2015) as calculated and tabulated by
Ritchie et al. (2018) for the USGS gaging station 12046260 on the
Elwha River (Figure 1), which captures the sediment inputs from
both reservoirs upstream. Suspended sediment concentrations
(SSC) were derived from a combination of standard flow-
weighted suspended sediment samples, automated point-sampler
daily composite samples, and three sediment-surrogate instruments
—two optical turbidimeters and one acoustic Doppler velocity
meter (ADVM)—to generate 15-min interval records of SSC
during the 2012 to 2016 water years. These estimates include the
proportions of the suspended sediment discharge within sand grain
sizes (0.063 to 2 mm) and silt and clay grain sizes (less than 0.063
mm), which we termed fine suspended sediment load (FSSL).
Sediment discharge was calculated by the product of SSC and
measured river discharge, which were summarized into daily and
annual sediment discharge values.

Turbidity measurements in the Elwha River were discontinued
after the 2016 water year, so sediment fluxes after that time were
estimated using a rating curve derived from measurements of 2016
water year average daily river discharge (Q, m3/s) and daily
suspended-sediment discharge (Qs, t/d) using power-law
formulations. Sediment rating curves were generated from least-
squares regression for both sand grain-size fractions (Q, = 0.000188
Q33181 12=0.77) and silt-to-clay grain size fractions (Q, = 0.000786
Q*"3%; 1> = 0.76) and applied to daily average discharge records
(Warrick et al., 2012). Our computations assume that the sediment
supply rates to the river continued to be dictated by river flow and
that the sediment availability stayed relatively constant with time.
These assumptions likely result in overestimates of sediment
discharge because they do account for the observed decreased
sediment availability over time after dam removal ended (Ritchie
et al., 2018).

2.2 Subtidal SCUBA surveys

Subtidal marine community surveys were conducted annually
between mid-July and early September at 13 sites near the Elwha
River delta, and at two additional control sites at Green Point,
approximately 20 km east in the Strait of Juan de Fuca (Figure 1).
Before dam removal, each site was surveyed at least once between
2008 and 2011 (Rubin et al., 2017). Since 2012 all sites have been
surveyed annually except the two control sites, which were not
surveyed in 2018. Sites vary in depth between 5 and 17 m, and
(excepting the control sites) are distributed up to 7.5 km east
and 2.5 km west of the Elwha River mouth. Substrate type at sites
is a mix of sand, gravel, cobbles, and boulders (Rubin et al., 2017)
and has not changed measurably except where persistent
deposition occurred.

Each site was marked on the seafloor with a stainless steel post,
which identifies the center of two 50-m long transects, one trending
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east and one trending west, marked on either end by a cement
block. Along each transect, divers enumerated benthic invertebrates
greater than 2.5 cm along any dimension and kelp and acid kelp
(Desmarestia sp) greater than 24 cm in length, within a 30-m long
and 1-m wide swath. Divers also enumerated fish of any size within
a 30-m long by 2-m wide by 2-m high tube. Additionally, a modified
uniform point contact methodology was used to characterize the
substrate type and algal cover at 0.5 m intervals along the transect
(Rubin et al., 2017).

2.3 Data analysis

Kelp, invertebrates, and fish were analyzed separately. Species
were grouped to the lowest taxonomic level practicable for
consistency among observers and across years. Many fish were
small, cryptic, and mobile, and are generally aggregated to
taxonomic levels higher than those for kelp or invertebrates.
Common rather that scientific names were used for fish. Data
were averaged over transects within each site-year before analysis.
All data collected between 2008 and 2011, before the start of dam
removal, were consolidated and are presented here as belonging to
2011 (see Rubin et al., 2017 for full details). All data used in analyses
are publicly available (Rubin et al., 2023).

Sites were categorized into three “site groups” prior to analysis:
buried (4 sites), unburied (9 sites), and control (2 sites; Figure 1).
Buried and unburied site groups were separated because previous
analyses (Rubin et al., 2017) indicated fundamental differences in
biological response between sites buried under persistent sediment
deposits and unburied sites. We classified a site as buried if it
experienced deposition greater than 15 cm based on analysis of
bathymetry survey data or measurements of a post installed at each
site that allowed divers to estimate changes in elevation unless
the depth of deposition exceeded post height (Rubin et al., 2017).
Sites classified as buried first became buried in 2013 or 2014 and
remained buried for the duration of our study; unburied sites did
not experience persistent burial.

2.4 Community analysis

Community analyses compared trajectories of change among
communities at buried, unburied, and control sites. A difference in
trajectory for the control sites compared to the other two site groups
would suggest that change at the buried and unburied sites was due
to dam removal. A trajectory difference between buried and
unburied sites would suggest that communities were differentially
affected by dam removal at buried compared to unburied sites.
Community analyses addressed hypotheses 1, 2, and 3.

Multivariate community analyses were conducted using species
that were present in at least five site-years. Analyses were performed
on Bray-Curtis similarity matrices computed from square root-
transformed species densities (Clarke et al., 2014). Analyses were
conducted in Primer 7 (Clarke and Gorley, 2015).

Two-way analysis of similarity (ANOSIM) with factors survey
year and site was used to investigate which major taxon (kelp,

frontiersin.org


https://doi.org/10.3389/fevo.2023.1233895
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

Rubin et al.

invertebrates, or fish)-by-site group combinations showed
significant community change across years (Clarke et al., 2014).
Site was included as a factor to account for (i.e., factor out) variation
due to spatial differences among sites. Taxon-by-site group
combinations that did not exhibit significant community change
across years were not included in subsequent analyses, except for
testing the effect of the density of the sea star Pycnopodia on
community composition within the control and unburied
site groups.

Two-way analysis of similarity percentages (SIMPER) with
factors survey year and site was used to investigate which species
contributed most to community change across years within each
site group (Clarke et al., 2014). SIMPER generated percent
contribution of species contributing most to the difference
between each year pair, up to a cumulative contribution of 70%.
We computed a weighted average of a species’ contribution to each
year pair difference where the weights were the average community
dissimilarity between each year pair. This gave a single mean
percent contribution to community differences among years for
each species. Species contributing most to differences over time
were highlighted in subsequent analyses.

Nonmetric multidimensional scaling (NMDS) analysis was
conducted on densities averaged across sites within site groups
and was used to investigate when community change occurred and
the trajectory of change (e.g., unidirectional with different start and
end states, circular with similar start and end states). Species
vectors, indicating the strength and direction of correlations
between species densities and each NMDS axis were
superimposed on NMDS plots (Clarke et al., 2014; Clarke and
Gorley, 2015).

Species analyses (Somerfield and Clarke, 2013) were used to
identify groups of species that changed similarly across years.
Analyses were conducted on densities averaged over sites within
site groups. Densities were standardized by total within species
(density from each year was divided by total density across years).
Then cluster analysis was performed on Bray-Curtis similarity
matrices computed from standardized densities (no square root
transformation). Species that did not contribute to community
change between at least one pair of years according to SIMPER
analysis were excluded. Species that did contribute to community
change but only occurred in one year were also excluded.

2.5 Mechanisms driving change

Analyses of mechanisms driving change addressed whether
communities or individual species were affected by variables
directly or indirectly related to dam removal or other stressors.
Variables considered were fine suspended sediment load (FSSL),
algal cover, and Pycnopodia density. Mechanism analyses primarily
addressed hypotheses 3 and 4.

We used regression approaches to test the three mechanisms,
with FSSL, percent algal cover, and Pycnopodia density as
independent variables. We chose FSSL in the river as the
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independent variable representing suspended sediment because
suspended sediment in the nearshore was linked to FSSL in the
river (Glover et al, 2019). We used cumulative FSSL between
February 1 and July 31 because our observations of the system
suggest that elevated suspended sediment during that period could
suppress algal recruitment and growth in our study area.

Distance-based redundancy analysis (dbRDA) was used to
investigate whether community change was related to FSSL,
percent algal cover, or Pycnopodia density (McArdle and
Anderson, 2001). dbRDA is akin to multivariate regression and is
appropriate when the dependent variables, in our case densities of
species, are represented by a Bray-Curtis similarity matrix as ours
were. Site was included in dbRDAs as an independent variable (as a
fixed effect because dbRDAs do not allow random effects) to
account for spatial effects. dbRDAs were conducted in Permanova
+ (Anderson et al., 2008).

Univariate regression analysis was used to investigate whether
densities of single species were related to FSSL, algal cover, or
Pycnopodia density. Species identified by SIMPER as contributing
most to community change across years at Elwha unburied sites were
chosen for this analysis. Species density was log-transformed before
analysis to increase normality and decrease heteroskedasticity. Sites
where the species did not occur in any year were excluded. Analyses
were conducted in R (R Core Team, 2022). We used General Additive
Models (GAM) to test which shape of a curved relationship fit best, or
whether a linear relationship fit better than any curve, and also to test
which of four error structures fit best: 1) including site as a random
effect, 2) including an auto-correlation term (AR1) to account for any
non-independence due to consecutive years of data, 3) including both
site as a random effect and an auto-correlation term, and 4) including
neither site nor an auto-correlation term (R package mgcv; calls gam
or gamm; Wood, 2017). The model with the lowest AIC value was
selected as the best fit. A final step was to test whether adding to the
best fitting model a term allowing residual spread to vary as a
function of the independent variable (VarExp variance structure;
Zuur et al., 2009) improved model fit further (Pinheiro et al., 2023).

3 Results
3.1 Sediment flux and coastal turbidity

Between water years 2011 and 2015 the Elwha River discharged
roughly 14 Mt of suspended sediment to the coastal waters,
composed of ~58% silt and clay, and ~42% sand, and roughly 5
Mt of sand and gravel bedload. After dam removal ended in 2014
sediment discharge declined rapidly: A total of ~3 Mt of suspended
sediment were discharged between water years 2016 and 2022,
composed of ~62% silt and clay and 38% sand (Figure 2A). The
seasonality of suspended discharge also changed during and after
dam removal. Most of the suspended-sediment discharge occurred
during winter high flow events both during and after dam removal.
Suspended sediment fluxes during the lower flows of summer,
though, decreased rapidly after dam removal ended as the
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availability of erodible sediment decreased (Figure 2B). These
summer season decreases in sediment discharge were especially
apparent after dam removal was completed (WY2015-2022;
Figure 2B), whereas during dam removal (WY2012-2014), the
suspended-sediment discharge during the summer was several
orders of magnitude higher. For example, by early August (day of
year 200) when many of the scuba surveys were conducted, the
Elwha River was discharging 20 to 400 t/d during active dam
removal (WY2012-2014) but only ~1 t/d following the
completion of dam removal (WY2015-2022; Figure 2B). Thus,
dam removal resulted in three distinct intervals of time with
respect to river sediment and turbidity: 1) during dam removal
(WY2012-2014), when suspended sediment discharge was high
during both winter and summer seasons, 2) immediately
following dam removal (WY2015-2016), when annual suspended-
sediment discharge was high, but with lower turbidity and sediment
discharge during the summer, and 3) several years following dam
removal (WY2017-WY2022) when river sediment loads were
relatively low in both winter and summer.

3.2 Sea-floor morphology changes

Morphologic changes to the seafloor occurred near the Elwha
River mouth during dam removal (Gelfenbaum et al., 2015),
resulting in vertical sediment deposition exceeding 5 m in some
locations (Figure 3E). Sediment deposits to the west of the river
mouth were composed primarily of mud, and to the east of the river
mouth of fine sand (Figure 3H). As sediment flux to the nearshore
declined after dam removal ended (Figure 2A) these new sub-tidal
deposits were eroded and re-worked in response to hydrodynamic
forces (Figures 3C, T, I). Notably, the sand deposit on the east side of
the delta eroded, and deposits at all points around the delta
coarsened (Figures 3F, I). The four sites in the buried site group
include those nearest to the river mouth, and at shallower depths.
Two sites were in an area of mud deposition to the west of the river
mouth, and two sites were in an area of fine sand deposition to the
east of the river mouth (Figures 3E, F).
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3.3 Change in density and richness of kelp,
invertebrates, and fish

The earliest and most pronounced change during dam removal
was the decrease of kelp density and species richness at both buried
and unburied site groups beginning in 2012 (Figures 4A, B). This
change is consistent with the timing of an increase in suspended
sediment flux from the river following the breach of the Elwha Dam
(Figure 2A; Rubin et al., 2017), increasing the turbidity of coastal
waters (Foley and Warrick, 2017) and reducing the availability of
light in the water column (Glover et al.,, 2019). The trajectory of
change following the initial response of kelp to dam removal,
however, was different for the buried and unburied site groups.
Within the buried site group, density and species richness of kelp
did not recover to pre-removal levels by 2022 (Figures 4A, B)
despite a substantial reduction in suspended sediment flux between
2017 and 2022 (Figure 2).

At the unburied sites, kelp density and richness decreased
immediately following dam removal when suspended sediment
flux was highest (Figures 2, 4A, B). Unlike the buried sites, the
density of kelp at unburied sites started to rebound in 2015
(Figure 4A), coinciding with reduced sediment flux from the
river, especially during the spring and summer months
(Figure 2B). The rate of kelp recovery was rapid at unburied sites,
largely returning to pre-removal levels by 2015 for richness and
2017 for density, although variability among sites was considerable
within the unburied group (Figures 4A, B). Density of Desmarestia
sp., the other main group of brown algae in the study area besides
kelp, total percent cover of algae, and percent cover of red algae, the
other main algal group besides brown, showed trends across time
generally like kelp at buried and unburied sites (Figures S1B, C,
E, F).

For invertebrates and fish at sites within the buried group,
density and species richness also decreased during dam removal and
had not recovered to pre-removal levels by 2022 (Figures 4C-F).
The decrease in invertebrate and fish density and species richness
were most pronounced in 2013 (fish) and 2014 (invertebrates), which
coincided with the period of sediment deposition in the buried site
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group (Figure 3; Gelfenbaum et al, 2015; Rubin et al, 2017). At
buried sites, fish density increased briefly in 2017 and 2018, decreased
in 2019, and then remained low through 2022 (Figure 4).

Invertebrate and fish density and species richness did not
decrease within the unburied site group during dam removal
(Figure 4; Rubin et al, 2017). Invertebrate density at unburied
sites increased in 2014 and remained high through the end of the
time series. Fish density within the unburied site group briefly
increased from 2016-2018, but otherwise remained at a similar level
throughout the time series. Invertebrate and fish density and species
richness were highly variable within site groups between 2011-2022
without any clear trend over time.

At the control sites, density and species richness of kelp,
invertebrates, and fish, and density for Desmarestia sp. and
percent cover for red algae, varied annually between 2011 and
2022, but with no clear trend over time (Figures 4, SIA, D). The
decrease in kelp richness at control sites in 2014-2016 is consistent
with regional patterns of kelp decline due to a marine heatwave
affecting the eastern Pacific (Tolimieri et al., 2023).

3.4 Community composition during and
after dam removal

3.4.1 Kelp

Kelp community composition changed significantly from 2011-
2022 at all site groups (Table 1; Figure 5A). For the buried site
group, the loss of all kelp species drove the change in community
composition between years (Figures 5B, 6A; Tables SI, 52).
Community composition measured at the buried sites was most
different between 2011 (before dam removal) and 2014 (end of dam
removal; points on the NMDS plot that are closer together are more
like each other than points farther apart). Community composition
did move closer to starting conditions after 2014, mainly due to
modest increases in Pterygophora californica and Nereocystis
luetkeana (Figure 6A; Table S1), but did not return to before dam

10.3389/fevo.2023.1233895

removal composition by 2022 within the buried group. Between-
year variability became less pronounced between 2018 and 2022
(Figure 5B) when sediment flux from the river was lower than
previous years (Figure 2A).

For the unburied site group, the loss of all kelp species during dam
removal drove the change in composition across years, particularly
from 2012-2015 (Figure 6B). Consistent with the recovery of density
and species richness (Figures 4A, B), kelp community composition
returned to a state similar to that before dam removal by 2018
(Figure 5C). Individual species density was highly variable across
years (Figure 6B), but most species started to increase in 2015.

Within the control group, changes in kelp community
composition across years (Figure 5D), which was least variable
over time of the three site groups (Figure 5A), was driven by
the annually variable densities of kelp species (Figure 6C) rather
than a complete loss of species as in the buried and unburied site
groups. Note that there was little change in kelp community
composition from 2011-2013 within the control group, which is
when drastic changes occurred at the buried and unburied site
groups (Figures 4-6), suggesting the effects of dam removal did not
affect the control group.

3.4.2 Benthic invertebrates

For the invertebrate community, composition change across
years was significant for the buried and unburied site groups but not
for the control (Table 1; Figure 7A). Within the buried site group,
species composition changed substantially following dam removal,
driven by the loss of multiple species, including anemones
(Halcampa spp. and Epiactis spp.), sabellid tubeworms
(Schizobranchia spp., Chone aurantiaca, Eudystylia vancouveri),
and an increase in crabs (Metacarcinus magister), geoduck
(Panopea abrupta), and polychaete worms (Pista sp., Diopatra
ornata) (Figures 7B, 8A, B; Tables S1, S2). Community
composition did not return conditions like those before dam
removal by 2022, but composition was similar in 2021 and 2022.

TABLE 1 Results of two-way crossed ANOSIM results for community differences among years and sites for kelp, invertebrates, and fish at buried,
unburied, and control site groups.

Site Group
Kelp Buried 0.198 0.014 0.145 0.011
Unburied 0.460 0.000 0.536 0.000
Control 0.617 0.000
Invertebrates Buried 0.488 0.000 0.610 0.000
Unburied 0.408 0.000 0.599 0.000
Control -0.011 0.500
Fish Buried 0.269 0.001 0.083 0.083
Unburied 0.033 0.112 0.228 0.000
Control 0.142 0.182

Site was included in the analysis to account for high variability between sites within each group. R ranges from -1 to 1, with 0 indicating no difference among groups (in this case years or sites) and

1 indicating maximum difference among groups. Bold text represents significant effects.
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NMDS plots showing trajectories of kelp community change across years by site group. The communities—in terms of species composition and
density—in the closer together points are more similar than farther away points. (A) Site groups are shown together with ANOSIM R and p-values

(* p < 0.05, ** p <0.01, *** p < 0.001) for each site group included (see Table 1) and the first and last years labeled. (B—D) Buried, unburied, and
control site groups, respectively, are shown separately with blue vectors indicating the direction and strength (vector length) of correlations between
density of kelp species and NMDS axes included for species contributing most to community change (see Table S1), and all years labeled. See

Table 2 for full species names. Note that points in (A) were plotted with the goal of showing similarities (differences) among all year-by-site group
combinations, whereas points in (B—D) were replotted to show similarities between years within a particular site group, so trajectories in A do not

exactly match trajectories in (B—=D).

TABLE 2 Full names and abbreviations assigned to species, or lowest

identified taxonomic level, in figures and tables.

Full name

Abbreviated
name

Kelp Alaria marginata Alari_ma
Costaria costata Costa_co
Cymathere triplicata Cymat_tr
Laminaria ephemera Lamin_ep
Laminaria setchellii Lamin_se
Neoagarum fimbriatum Neoag_fi
Nereocystis luetkeana Nereo_lu
Pleurophycus gardneri Pleur_ga
Pterygophora californica Ptery_ca
Saccharina latissima_Hedophylum S_laH_ni
nigripes

Invertebrates

Anemone | Epiactis sp An_Epi

Halcampa sp An_Hal
Other An_oth
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(Continued)

TABLE 2 Continued

Full name Abbreviated
name
Bivalve  Clinocardium nuttallii BV_Cli_nu
Mya truncata BV_Mya_tr
Other BV_oth
Panopea generosa BV_Pan_ge
Saxidomus gigantea BV_Sax_gi
Tresus capax BV_Tre_ca
Chiton = Mopalia sp Ch_Mop
Tonicella sp Ch_Ton
Crab = Cancer productus Cr_Can_pr
Metacarcinus magister Cr_Met_ma
Metacarcinus magister juvenile Cr_Met_mj
Pugettia gracilis Cr_Pug gr
Hermit crab ~ Other HC_oth
Pagurus beringanus HC_Pag_be
Sea pen  Ptilosarcus gurneyi Pe_Pti_gu
(Continued)
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TABLE 2 Continued

Full name Abbreviated
name
Polychaete = Diopatra ornata PW_Dio_or
worm
Pista sp PW_Pis
Shrimp  Crangon sp Sh_Cra
Pandalus sp Sh_Pan
Snail  Calliostoma sp Sn_Cal
Nucella sp Sn_Nuc
Sea star  Henricia sp St_Hen
Pycnopodia helianthoides St_Pyc_he
Sabellid worm = Chone aurantiaca SW_Cho_au
Eudystylia polymorpha SW_Eud_po
Eudystylia vancouveri SW_Eud_va
Myxicola sp SW_Myx
Schizobranchia sp SW_Sch
Urchin = Mesocentrotus franciscanus Ur_Mes_fr
Fish Flatfish other (Pleuronectiformes) FF_Other
Starry flounder (Platichthys stellatus) FE_Starr
Gunnel sp (Pholidae) Gunnel
Poacher sp (Agonidae) Poacher
Ratfish (Hydrolagus colliei) Ratfish
Pacific sand lance (Ammodytes Sandlanc
hexapterus)
Buftalo sculpin (Enophrys bison) Sc_Buffa
Sculpin other (Cottoidei) Sc_Other
Snailfish unknown (Liparidae) Snailfis

Mean density and percent occurrence over all site-years are given in Table S3.

Invertebrate community composition was comparatively less
variable over time for the unburied site group than the buried site
group and was driven by increases and decreases of a range of
species (Figures 7C, 8C, D; Tables SI, S2). This response was
fundamentally different from the response of the kelp
community, which had the same trajectory for all species. There
was a marked increase in two sabellid worms (Schizobranchia spp.,
Eudystylia vancouveri) and bivalves (Saxidomus gigantea, Tresus
capax), and a decrease in anemones (Halcampa sp.), bivalves (Mya
truncata, other), and two other sabellid worms (Chone aurantiaca,
Myxicola sp.). The dissimilarity between invertebrate community
composition across years in the unburied site group was much
smaller than in the buried site group (Figure 7A), which was also the
case for kelp (Figure 5A). However, invertebrate community
composition in the unburied site group did not return to before
dam removal conditions by 2022, but composition was relatively
stable from 2019-2022 (Figure 7C).
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In the unburied site group, there was also a marked decrease in
sea star abundance, particularly Pycnopodia (Figure 8C). While
negative effects from dam removal cannot be completely ruled out,
the disappearance of this species and Henricia sp. was likely most
attributable to sea star wasting syndrome (SSWS) that decimated
sea star populations in the eastern Pacific beginning in 2014
(Montecino-Latorre et al., 2016). Note that Pycnopodia also
decreased at buried sites but the decrease mainly occurred in
2013 (Figure 8A) when sites became buried but before SSWS
started. The red urchin, Mesocentrotus franciscanus, only
occurred at one unburied site, but at that site its abundance
started to increase in 2014 concurrently with the loss of sea stars,
reaching a peak in 2015 and continuing to be higher than before
SSWS occurred (Figure 8D). Algae had not recovered at the site
by 2014.

3.4.3 Fish

Fish community composition in the buried site group changed
significantly between years (Table 1; Figure 9A). Like invertebrates
in the buried site group, the density of many fish species—including
gunnel (Pholidae), ratfish (Hydrolagus colliei), and sculpins
(Cottoidei)—decreased when vast amounts of sediment were
deposited near the river mouth in 2013-2014 and did not return
to previous densities (Figure 10B). Some fish species, however, were
able to take advantage of the newly created habitat at the buried sites
near the river mouth, including flat fish (Pleuronectiformes),
snailfish (Liparidae), and poacher (Agonidae), and increased in
density after dam removal (Figure 10A). Similar to kelp and
invertebrates, fish community composition did not return to a
state similar to that prior to dam removal by 2022 but was relatively
similar from 2020-2022 (Figure 9B).

Pacific sand lance (Ammodytes hexapterus) were difficult to
accurately count because they were either darting in and out of the
sediment or schooling in the water column, so we only recorded
them as present or absent. When sand lance were present there were
usually many of them. We rarely encountered sand lance at
unburied sites (4 occurrences in 108 site-years) or control sites (4
occurrences in 22 site-years).

3.5 Mechanisms driving change in the
buried and unburied site groups

The major physical changes in the nearshore during dam
removal included increased suspended sediment flux (Figure 2)
and sediment deposition (Figure 3). For the buried site group, the
dominant mechanism driving community change was burial and an
accompanying change in grain size (Figures 3G-I). The change in
grain size, however, was not the same at all buried sites. At the sites
to the west of the river mouth, sand was buried by mud; to the east,
gravel was buried by sand (Figures 3G-I).

This change in grain size resulted in changes in invertebrate and
fish species present within the buried group (Figure 11). For
invertebrates, the bivalves Clinocardium nuttallii (cockles) and
Panopea generosa (geoduck clams) and the polychaete worms
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Diopatra ornata and Pista sp. were more abundant at the western
buried sites (mud) following dam removal than before (Figure 11B).
For fish, flatfish and snailfish became more abundant at the western
sites when the habitat changed from sand to mud after burial.
Poacher decreased after the western sites were buried but were still
occasionally present.

For the buried sites on the eastern side of the delta where the
habitat changed from gravel to sand, Metacarcinus magister
(Dungeness crab) were recorded during our surveys after the sites
were buried and had not been observed at those sites before. Sand
lance were present during every survey in the new sand habitat at
the eastern sites despite not being observed there before deposition
(Figure 11A). Flatfish (other and starry flounder Platichthys
stellatus) also became more abundant following burial at the east
sites than before.

The mechanisms driving change in the unburied site group
varied depending on taxonomic group. The only dam removal-
related physical change at unburied sites was elevated suspended
sediment. Kelp community composition was strongly related to
FSSL in the river, which was correlated with suspended sediment in
the nearshore (Glover et al., 2019), and total kelp density and
percent algal cover were strongly negatively correlated with FSSL
(Tables 3, 4; Figure S2A), suggesting that algal trajectories of change
during and after dam removal were primarily driven by high
suspended sediment levels during dam removal followed by water
column clearing following dam removal (Figures 2, 4-6, S1). Kelp
community composition was also related to Pycnopodia density at
unburied sites (p < 0.05; Table 3). Kelp community composition
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(Table 3), kelp density, and algal cover were unrelated to FSSL
within the control site group (p > 0.05).

Invertebrates in the unburied site group were affected by
changes in suspended sediment and (or) algal cover, and by
changes in Pycnopodia density. Invertebrate community
composition change within the unburied site group was
significantly related to FSSL, algal cover, and the density of
Pycnopodia (p < 0.001 for all three terms; Table 3). For
invertebrates within the control site group, community change
was not significantly related to FSSL or algal cover (p > 0.05) but
was related to Pycnopodia density (p < 0.05; Table 3) even though
the ANOSIM test did not detect significant community change
across years at control sites (Table 1).

For individual invertebrate species that contributed most to
community composition change within the unburied site group
(Table S1; vectors in Figure 8C), the significance of associations
with FSSL, algal cover, and the density of Pycnopodia varied widely
based on the univariate regressions (Table 4). Except for the seastar
Henricia sp., all species that were positively correlated with FSSL
(Figure S2) were filter feeders (bivalves and sabellid worms). Most
of those species also had a significant negative correlation with algal
cover (Figure S3). Comparatively, Cancer productus (crab) density
was negatively correlated with FSSL and positively correlated
with algal cover. Multiple invertebrate species were negatively
correlated with Pycnopodia density, including two species of
bivalves, one snail, two sabellid worms, and one urchin (Figure
S4). This correlation suggests that the loss of Pycnopodia from
our sites between 2013 and 2014 could be driving the increase
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NMDS plots showing trajectories of invertebrate community change across years by site group. (A) Site groups are shown together with ANOSIM R
and p-values (* p < 0.05, ** p < 0.01, *** p < 0.001) for each site group included (see Table 1) and the first and last years labeled. (B) and (C) Buried
and unburied site groups, respectively, are shown separately with blue vectors indicating the direction and strength (vector length) of correlations

between density of invertebrate species and NMDS axes included for species contributing most to community change (see Table S1), and all years
labeled. The 11 bracketed species in (B) are: An_Epi, An_Hal, An_oth, Cr_Can_pr, Cr_Met_m)j, Hc_oth, Sh_Cra, St_Pyc_he, SW_chone, Tw_Eud_va,

and SW_Sch. See Table 2 for full species names.

in abundance of those species (Figure 8D), particularly for species
that were not correlated with FSSL or algal cover (bivalves, sabellid
worm Eudistylia polymorpha, and red urchin Mesocentrotus
franciscanus). Mean Pycnopodia density (averaged over site years)
was higher at control than at unburied sites, and community
composition change was significantly related to the density of
Pycnopodia within the control and unburied site groups.
However, different species were affected by Pycnopodia within
those two site groups. All invertebrate species that were negatively
correlated with the density of Pycnopodia within the unburied site
group had no relationship with Pycnopodia density within the
control site group, possibly because the density of these species
was lower in the control than in the unburied site group (< 0.75
times as high).
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4 Discussion

Sediment flux and deposition associated with dam removal can
drive both short-lived and persistent changes to aquatic ecosystems
(Foley et al., 2017b; Bellmore et al., 2019; Stanley and Doyle, 2003;
O’Connor et al, 2015). During and immediately following dam
removal on the Elwha River (2012-2016), nearly 90% of the 20 Mt of
sediment eroded from behind the two dams was transported to the
Strait of Juan de Fuca, resulting in significant deposition at the
mouth of the river (Figure 3) and three orders of magnitude
increase in suspended sediment concentration above background
levels in the river. The physical changes associated with this
sediment flux—deposition, changes in seabed substrate, and
increased turbidity—were the dominant drivers of the multiple
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Standardized density (density in each year divided by total density across all years) versus year for invertebrate species that changed similarly across
years according to cluster analyses (see Table S2 for clusters). (A) Species that decreased at buried sites. (B) Species that increased at buried sites.
(C) Species that decreased at unburied sites. (D) Species that increased at unburied sites. See Table 2 for full species names. Vertical dashed lines

show start and end of dam removal.

direct and indirect pathways that drove changes in algal, benthic
invertebrate, and fish communities in the Elwha nearshore.

4.1 Two response trajectories:
buried vs. unburied

Following disturbance events, systems can have a range of
trajectories. In most cases, systems tend to either return to a
condition closely resembling the pre-disturbance state or reset to
a different state (Palumbi et al., 2008; Fryirs and Brierley, 2016). In
the Elwha, Ritchie et al. (2018) described evidence for both models
in the geomorphic system. Similarly, we found evidence for two
trajectories of species and community change in the Elwha
nearshore depending on the location of a site and whether a site
was exposed to the joint stressors of increased turbidity and
sediment deposition (buried site group, close to the river mouth)
or only increased turbidity (unburied site group, farther away from
the river mouth). Within each of these groups, we also found that
different taxonomic groups responded differently to burial and
increased turbidity, including differences in timing of response.

The geomorphic response in the coastal environment can
explain, in part, the response trajectory of the marine community.
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Within the unburied site group, kelp responded directly to the
increased flux of fine suspended sediment as soon as dam removal
began (2012; Table 4) and started to rebound quickly once turbidity
decreased shortly after dam removal was complete (Figures 4A, B,
5C). Increased suspended sediment decreased light availability at
the unburied site group (Rubin et al., 2017), but may have also
resulted in increased scour and temporary deposition, which is
known to negatively affect algal recruitment and survival of juvenile
sporophytes (Traiger and Konar, 2018; Picard et al., 2022). Kelp
density and species richness at the unburied site group responded
rapidly (Figure 4)—within a year—to the attenuation of FSSL after
dam removal was complete. Overall kelp community composition
at the unburied site group took longer—closer to ten years—to re-
establish a state equivalent to the initial condition (Figure 5C). The
close similarity between the initial kelp community and the
community present at the end of our study, after a major
disturbance, is notable. Watson and Estes (2011) followed
recovery of kelp after sea otters reoccupied areas and removed
red urchins, and found considerable variation in the re-established
communities attributable to propagule availability, succession,
and demography.

The invertebrate response within the unburied site group was
not as universal across species as it was for kelp, nor was it directly
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FIGURE 9

NMDS plots showing trajectories of fish community change across years by site group. (A) Site groups are shown together with ANOSIM R and p-
values (* p < 0.05, ** p < 0.01, *** p < 0.001) for each site group included (see Table 1) and the first and last years labeled. (B) The buried site group
is shown separately with blue vectors indicating the direction and strength (vector length) of correlations between density of fish species and NMDS
axes included for species contributing most to community change (see Table S1), and all years labeled. See Table 2 for full species names.
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tied to the timing of increased turbidity caused by dam removal for
most species. Invertebrate density and richness did not immediately
change when turbidity increased (Figures 4C, D), but overall
community composition did change in 2012 (Figure 7C).
Invertebrate density started to increase in 2013 and remained
elevated compared to before dam removal throughout the time
series (Figure 4C). For some species, increased turbidity and the loss
of kelp seemed to allow them to gain a toehold at the unburied sites
(Table 4; Figures S2, S3), and they were able to persist after kelp
recovered and turbidity subsided (Figures 4C, 8D). Studies have
shown that some filter feeders benefit from increased suspended
sediment in the water column, particularly when it is correlated
with an uptick in the availability of organic carbon (Dunton et al.,
2006; McGovern et al., 2020). Decreases in understory algae can
benefit sessile invertebrates by releasing them from competition for
space (Arkema et al., 2009), or by increasing filter feeder access to
food because the understory inhibits flow rates beneath it and
possibly delivery of suspended particulate material as well (Eckman
et al, 1989; Eckman and Duggins, 1991). For species whose
abundance was positively correlated with algal cover, density
tended to increase starting in 2015 (Figure 8D) when kelp started
to recover.

There was no significant change in fish species composition
within the unburied group, suggesting that increased turbidity and
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loss of kelp had little effect on the fish enumerated in our surveys.
The lack of an effect of kelp density on fish abundance is contrary to
other studies from kelp forest systems (Bodkin, 1988; Norderhaug
et al., 2020). However, many of those studies focused on canopy-
forming kelp (e.g., Macrocystis gigantea, Nereocystis luetkeana),
while the kelp community in the Elwha nearshore is dominated
by prostrate species, such as Alaria marginata, Costaria costata, and
Laminaria spp. However, in some cases understory kelp too can be
associated with increased fish abundance (Hamilton and Konar,
2007). There were fewer clear long-term invertebrate winners and
losers within the unburied site group due to the transitory nature of
the dam removal effects at these sites. The invertebrates that were
able to sustain an advantage from short-term changes in turbidity
and algal cover appear to be the long-term winners following
dam removal.

The response of kelp, invertebrates, and fish within the buried
site group was consistent with previous studies in other marine
ecosystems following large sediment deposition events where
communities tend to shift to an alternate state (Miller et al., 2002;
Lohrer et al., 2006; Connell et al., 2008; Watanabe et al., 2016). The
species response at the buried site group highlighted winners and
losers due to dam removal. Species that were dependent on the
gravel substrate at the eastern buried sites were lost locally and had
not recovered by 2022. For the sand-dependent species, the area of
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TABLE 3 Multivariate tests (distance based redundancy analyses) for associations between kelp community change and fine suspended sediment load
(FSSL) or Pycnopodia density, and between invertebrate community change and FSSL, algal cover, or Pycnopodia density.

Delta R-squared (P)

Site group FSSL Algal cover Pycnopodia density R-squared
Kelp UB 0464 0102 0.566
0.463* 0.012* 0476
C 0.448*% 0.034 NS 0.482
0.435% 0.027 NS 0.474
Invertebrates UB 0.519** 0.021%* 0.54
0.455%** 0.021* 0.54
0.508"* 0034 0.554
C 0.233% 0.059 NS 0.292
0.205* 0.052 NS 0.285
0.226* 0.071* 0.305

Site groups are unburied (UB) and control (C). NS=p>0.05, *=p<0.05, **=p<0.01, ***=p<0.001.

new habitat created by deposition of relatively fine sediment
associated with dam removal resulted in density increases. Within
the buried site group, kelp responded initially to the increased
turbidity in 2012 and recovery was precluded due to burial and a
change in habitat suitability when the cobble substrate at the eastern
buried sites was buried by sand (Figure 3I), which reduced or
eliminated substrate suitable for holdfast attachment. For
invertebrates, the effects were more species specific, although the
overall trajectory was decreased density and species richness
(Figure 4). The initial increase in turbidity resulted in an increase
in filter feeding sabellid worms, followed by a steep decline once the
sites were buried in 2014 (Figure 8A). For other species, burial
provided new habitat that was rapidly colonized by species that rely
on finer grained habitat than cobble. For fish, increased turbidity at
the start of dam removal in 2012 did not result in drastic changes to
species density and richness or overall community composition, but
burial and related grain size changes in 2013 and 2014 resulted in
decreased richness and a significant change in species composition
(Figures 4, 9). For some species, particularly the ecologically
important forage fish Pacific sand lance, the change in habitat at
the river mouth was a boon for their population (Figure 11). Frick
et al. (2022) also saw an increase in sand lance at their Elwha sites
after dam removal, but the increase was not significant. For all three
taxonomic groups at the burial sites, despite their different initial
responses to turbidity and burial, they all reached a relatively stable
level of density and richness, and consistent community
composition by 2016, following the peak of sediment deposition
at the buried sites (Figures 3-5, 7, 9). The evolution of seafloor
deposits formed during dam removal is on-going (Figure 3), with
important implications for the species found within the buried site
group. As the deposits of mud and sand formed during dam
removal are eroded by tides and waves and the substrate coarsens
(Figure 3I), it is possible that the composition of the benthic
community associated with those new habitats will continue to
evolve until geomorphic processes stabilize.
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Within the control site group, change was unrelated to the
effects of dam removal. Kelp community composition did
significantly change over the course of our study, but the
trajectory of change was highly variable over time (Figure 5D)
and changes in density and species richness did not correspond with
the timing of changes within the buried and unburied site groups
(Figure 4). There were regional changes that occurred at our sites
(see Other drivers of change below) that likely had a stronger effect
on the variability of kelp, invertebrates, and fish within the control
site group.

4.2 Other drivers of change

While dam removal was the dominant driver of change for kelp
and some invertebrate and fish species from 2012-2015 for the
unburied and buried site groups, dam removal was not the only
disturbance playing out in the Pacific Northwest during our study
period. As mentioned previously, SSWS decimated populations of
Pycnopodia in the Strait of Juan de Fuca between our 2013 and 2014
surveys (Montecino-Latorre et al., 2016; Harvell et al., 2023) and
populations had not recovered by 2022 (Figure 8C). Correlation
analysis showed that the changes in the density of Pycnopodia was
significantly negatively correlated with densities of six invertebrate
species in the unburied site group, including (from strongest effect
to weakest) Mesocentrotus franciscanus, Saxidomus gigantea,
Schizobranchia sp., Tresus capax, Eudistylia polymorpha, and
Nucella sp. (Table 4; Figure S4). Pycnopodia is a generalist in
most subtidal communities (Duggins, 1983), so the loss of
Pycnopodia may have affected other invertebrate species besides
those we included in our analysis. We limited our analysis to those
species that contributed to the overall change in invertebrate
community composition within the unburied site group during
our study. To the north of our study sites, but still within the Salish
Sea, Schultz et al. (Schultz et al., 2016) found evidence of a trophic
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TABLE 4 For Elwha unburied sites only, univariate tests (regressions) for association of fine suspended sediment load (FSSL), algal cover, or

Pycnopodia density with kelp density (summed over species), percent algal cover, or invertebrate species densities.

Taxon Species FSSL Algal cover Pycnopodia density
Algae Kelp Neg*** (crv) NS
Algal cover Neg*** (str) NS
Anemone Halcampa sp Uni* (crv) NS NS
Bivalve Mya truncata Pos** (str) Neg*** (str) NS
Other NS NS NS
Saxidomous gigantea NS NS Neg*** (str)
Tresus capax NS NS Neg** (str)
Chiton Tonicella sp NS Pos* (crv) Pos* (str)
Crab Cancer productus Neg*** (str) Pos** (str) NS
Pugettia gracilis Neg** (str) Uni** (crv) NS
Hermit crab Other NS NS NS
Polychaete worm Diopatra ornata NS NS NS
Shrimp Pandalus sp Neg* (str) NS NS
Snail Calliostoma sp NS NS NS
Nucella sp Neg*** (crv) NS Neg* (str)
Sea star Henricia sp Pos*** (str) Neg* (crv) NS
Pycnopodia helianthoides NS NS
Sabellid worm Chone aurantiaca Pos*** (crv) Neg*** (str) NS
Eudistylia polymorpha NS NS Neg** (str)
Eudistylia vancouveri NS NS NS
Myxicola sp Pos* (str) Neg*** (crv) NS
Schizobranchia sp Pos* (crv) Neg** (str) Neg* (str)
Urchin Mesocentrotus franciscanus® NS NS Neg*** (str)

“Mesocentrotus franciscanus occurred at only on site.

Neg, negative correlation; Pos, positive correlation; Uni, unimodal (single peak; neither positive nor negative). Str = straight (linear relationship); Crv, curved relationship (when curved fit better
than linear). Regression lines for significant relationships are shown in Figures $2-54. NS=p>0.05, *=p <0.05, **=p <0.01, ***=p< 0.001.

cascade in the subtidal communities in Howe Sound following the
loss of Pycnopodia, whereby the population of green urchins
(Strongylocentrotus droebachiensis) increased, and kelp cover
declined. Although invertebrate community composition did not
change significantly across years within the control site group
(Table 1; Figure 7A), community composition at control sites was
significantly related to the density of Pycnopodia (Table 3). This
mixed result provides some support for a more extensive regional
effect of the loss of this important sea star predator.

For some species, density increases following the loss of
Pycnopodia may have resulted from behavior changes rather than
reduced predation mortality. Urchins sometimes come out of
hiding and switch from passive to active foraging (Smith et al,
2021) and are preyed upon by and show an escape response to
Pycnopodia (Duggins, 1983), however, susceptibility of red urchins
(Mesocentrotus franciscanus) to Pycnopodia predation is greatly
reduced when they reach full size (Duggins, 1983). Although we did
not take size measurements, the red urchins we censused appeared
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to be full sized. They were usually aggregated on boulders or more
spread out on gravel-cobble substrate, suggesting a change in
foraging behavior rather than a release from predation.

The other regional event that coincided with the tail end of
increased suspended sediment associated with the dam removal was
the largest marine heatwave on record from winter 2013-2015 (Di
Lorenzo and Mantua, 2016). Given the regional nature of this event,
we would expect to be able to see the effects, if any, of the marine
heatwave at our control sites. For kelp, there was significant change
in community composition across years that was not temporally
aligned with change at Elwha sites (little change from 2011-2013 at
control sites compared to great change at Elwha sites; Figure 5). The
waters along the outer coast of Washington, including the western
entrance to the Strait of Juan de Fuca, experienced anomalously
warm temperatures in 2013 and 2014 (Tolimieri et al., 2023), and
canopy kelp extent was anomalously low on the outer coast and in
the Strait of Juan de Fuca in 2014 (Pfister et al., 2018). Kelp density
at our control sites decreased from 2013 to 2016 with some recovery
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in 2017 (Figure 4), and Nereocystis leutkeana and Laminaria
setchellii were lost in 2014 but reappeared by 2016-2017
(Figure 6C), accounting for the large change in kelp community
composition between 2013 and 2017 (Figure 5D). These results
suggest some correspondence between kelp response at our control
sites and regional trends in ocean temperatures and canopy kelp
abundance. We would expect that regional oceanographic
conditions would affect kelp at Elwha sites as well, but we were
unable to separate regional from dam removal effects based on our
sampling design because of the overlap of the two stressors.

The correlations we observed between community composition
and the loss of sea stars (Tables 3, 4; Figure 54), along with the potential
connection with climate variability (Tolimieri et al., 2023) cloud, to a
degree, our ability to characterize the long-term dam removal response
in the marine ecosystem, as well as to predict the ongoing trajectory of
change. Invertebrate community composition within the unburied site
group, for example, was indirectly related to dam removal (correlation
to algal cover), but directly affected by SSWS. The relaxed predation
pressure likely drove increased densities of bivalves, urchins, and some
worms, suggesting that both dam removal and SSWS contributed to
the response trajectory. It is possible that dam removal sparked
changes in the marine community that were then further shaped by
additional stressors in the system, some of which we could directly test
and others that we could not.

4.3 Considerations for other dam removals

While dam removal is accelerating in the United States (O’Connor
et al, 2015), the number of dam removals motivated by, or that
considered, marine impacts or restoration in their management is
small (Ralston et al., 2021; Cancel Villamil and Locke, 2022). The
removal of the two dams on the Elwha was notable for its influence on
multiple aspects of the marine system (Gelfenbaum et al., 2015; Rubin
etal.,2017; Shaffer et al., 2017; Glover et al., 2019; Warrick et al., 2019). It
is likely that a variety of factors contributed to those effects, including the
characteristics of the impounded sediment (volume, erodibility, and
grain size distribution), length and steepness of the river system, and
distribution of dams within the watershed (i.e., tributary versus
mainstem), which have been well characterized, particularly for dam
removals in the western United States (Foley et al.,, 2017a; Major et al.,
2017). The characteristics of marine waters into which the watershed
drains—waves, currents, and bathymetry—influenced sediment
dynamics in the nearshore. While data on the marine influence of
dam removals besides Elwha is generally lacking, sediment dynamics in
the nearshore from other sediment disturbances (e.g., land use change,
landslides) have been studied (Crain et al., 2009; Erftemeijer et al., 2012;
Booth, 2020; Rangel-Buitrago et al.,, 2023). Below we highlight processes
that contributed to the geomorphic changes and ultimately ecological
responses and how they may be used to consider effects of sediment
disturbances, including dam removal, in other locations.

The Elwha River delivered 20 Mt of sediment to the nearshore
during and immediately following dam removal, resulting in greater
than 5 m of deposition near the river mouth (Figure 3E). The
watershed steepness, proximity of dams to the coast, and lack of
additional impoundments all contributed to the rapid flux of
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sediment to the nearshore and subsequent reduction following
the completion of dam removal (Ritchie et al,, 2018). The tidal
currents in the Strait of Juan de Fuca are a dominant driver of
sediment transport at the Elwha and likely contributed to a reduced
amount of fine sediment retention (Warrick et al., 2008; Miller et al.,
2011) compared to other systems with weaker tidal forcing. Of the
20 Mt of sediment delivered to the nearshore, approximately 60%
was fine silt and clay (fine suspended sediment), which was
predominantly dispersed away from the Elwha River delta by the
strong tidal currents (Gelfenbaum et al., 2015). This sediment was
transported predominantly to the east of the river mouth, affecting
the spatial distribution of water column turbidity (Gelfenbaum
et al, 2015; Foley and Warrick, 2017; Glover et al., 2019) and
resulting impacts to nearshore communities (Rubin et al., 2017).
During the dam removals, the large flux of coarse sediment to
the nearshore overwhelmed the littoral transport processes resulting
in widespread accumulation of mostly sand-sized sediment
(Figures 3E, H) that deposited on top of formerly eroding lag
deposits of cobbles and boulders (Warrick et al., 2008). The two
dams were operated as run of river dams, allowing for the passage of
a substantial portion of fine sediment to reach the nearshore while
the dams were in place, while retaining most of the sand and coarse
sediment in the reservoirs. With the removal of the dams, it is likely
that sand delivery to the nearshore will be greater than when the
dams were in place. While the large influx of sediment initially
resulted in deposition near the river mouth, those deposits are
actively being reworked by tidal currents and waves, resulting in net
erosion on the subaqueous delta (Warrick et al, 2019) and a
coarsening of grain size (Figures 3C, F, I). The ongoing changes
at the delta and the magnitude of deposition and erosion will likely
affect future habitat suitability for the species in the new deposits.
Based on our observations of geomorphic and ecological response
after the Elwha dam removals, the major factors to consider when
evaluating the potential effects from dam removals or large sediment
fluxes from watersheds to the marine environment (e.g., landslides,
wildfire debris flows) include the type, magnitude, and duration of
the disturbance, character of the sediment, and coastal sediment
transport processes that result in dispersal and sorting of sediment in
the nearshore. In the case of the Elwha, ecological change was driven
by two types of effects, sediment deposition of coarser grain sediment
and increased turbidity from finer grain sediment. The duration of
the disturbance depended on the type of effect. Sediment deposition
had longer lasting effects on the ecosystem than increased fine
suspended sediment, in part due to the more variable effects of
suspended sediment in space and time. In addition, species likely had
different sensitivities to stressor types depending on their life history,
morphological structure, mobility, and habitat needs. The magnitude
of effect on the Elwha ecosystem was likely a function of both the
overall sediment flux from the reservoirs to the coast as well as the
hydrodynamics of the Elwha nearshore. Coastal areas without strong
tidal currents would likely be most affected by burial due to a lack of
transport capacity in the system, particularly if the amount of
sediment being delivered is greater than background conditions.
While the exact trajectories of community response to a
disturbance are difficult to predict, assessing these conditions can
be used to inform the development of conceptual models of potential
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outcomes that can inform monitoring and modeling efforts before
and after dam removal.
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Using riverscape genetics to
investigate the genetic response
of two species and their life-
history forms to dam removal
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Aimee H. Fullerton®, David Kuligowski®, Todd Bennett?®,
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Travis Seaborn™'* and Alexandra K. Fraik™**

‘Department of Wildlife Ecology and Conservation, University of Florida, Gainesville, FL, United States,
2College of Fisheries and Ocean Sciences, University of Alaska Fairbanks, Fairbanks, AK, United States,
3Department of Animal Science, University of California, Davis, Davis, CA, United States, “Department
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Fargo, ND, United States, *?Fish and Wildlife Sciences, University of Idaho, Moscow, ID, United States,
BNational Genomics Center for Wildlife and Fish Conservation, United States Department of
Agriculture (USDA) Forest Service, Missoula, MT, United States

Barriers such as hydroelectric dams inhibit migratory pathways essential to many
aquatic species, resulting in significant losses of species, their unique life-history
forms, and genetic diversity. Understanding the impacts of dam removal to
species recovery at these different biological levels is crucial to fully understand
the restoration response. We used the removal of two large dams on the Elwha
River as an opportunity to characterize how restored connectivity impacts the
reestablishment of two fish species, Chinook salmon (Oncorhynchus
tshawytscha) and Steelhead/rainbow trout (Oncorhynchus mykiss), and their
unigue ocean migration return-timing life-history forms. In this study, we
employed riverscape genetics to understand how restoration and the
environment influence the distribution of neutral and return-timing genetic
variation underlying the migratory life-history forms and species at- and
between- sampling sites. We genotyped fish sampled over time and space in
the Elwha River using Genotyping-in-Thousands by sequencing (GTseq) loci for
both species at neutral and putatively adaptive loci in and near the major effect
genic region GREB1L/ROCKI putatively associated with migration timing. We
observed little evidence of genetic structure for either species, but a statistically
significant increase in early return-timing alleles in upriver O. mykiss population
post-dam removal. For O. tshawytscha, at-site genetic variation was shaped by
river distance and a combination of environmental habitat differences, while
between-site genetic variation was mainly shaped by river distance. For all O.
mykiss, at- and between-site genetic variation is primarily explained by river
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distance. Genetic variation in juvenile and adult Steelhead, respectively, were
influenced by at- and between-site environmental and habitat differences. Our
study illustrates the power of using genetics to understand the implications of
both demography and environment in facilitating the recovery of species and
their diverse life-history forms following barrier removal.

KEYWORDS

Chinook, Steelhead, rainbow trout, dam removal, restoration, return-timing, landscape
genetics, GREB1L/ROCK1

1 Introduction

Significant habitat degradation, reduced connectivity, and total
isolation of suitable habitat are possible outcomes of anthropogenic
barriers in freshwater environments for numerous species (Bunn and
Arthington, 2002). Anthropogenic barriers can cause significant
population declines, extirpations, and elimination of unique life-
histories, which can have cascading ecological effects for the system
across taxa (Brenkman et al., 2008; Bellmore et al., 2019; Zarri et al.,
2022). Barrier removal has occurred for decades to improve
accessibility and reestablish the necessary habitats for migratory
animals such as salmon (Pess et al., 2012; Pess et al, 2014;
Bellmore et al,, 2019), which has in turn has successfully restored
connectivity and contributed to population gains for key taxa in
formerly blocked habitats (Brenkman et al., 2012; McHenry et al,
2017; Duda et al., 2020; Hess et al., 2020; Fraik et al., 2021; Pess et al.,
In Review). Understanding the extent to which the removal of these
large barriers may ultimately lead to restored biological communities
remains an important area of study (Grummer et al., 2019; Tamario
et al., 2019).

Necessary ecological conditions for movement must exist for
aquatic species to reestablish in their historical habitat after barrier
removal. Aquatic species respond, move and disperse across
riverscapes in different ways, as a function of their migration
capabilities (Crozier et al, 2008; Dodson et al., 2013; Pess et al,
2014). Some species remain in one freshwater habitat for their entire
lives, whereas others move between different freshwater environments
(e.g., rivers and lakes) or into marine habitats (Quinn, 2018). This is
exemplified in salmonids which undergo physiological transformations
to migrate (Nichols et al., 2008; Hecht et al., 2012; Dodson et al., 2013;
Kendall et al., 2015) and have significant intraspecific variation in their
migration life-history forms. Challenges to upriver movement in
freshwater environments for salmonid species include the distance to
new habitat, environmental conditions, physical capacity to reach the
habitat, life-history traits required to exploit the habitat, and physical
barriers (Pess, 2009; Duda et al., 2020). These challenges may impact
both the local population connectivity of those species still present, and
the species that may reestablish the river network after local extirpation.
Evaluating the impacts of barrier removal therefore requires
consideration of the ecological characteristics of migratory corridors,
the breadth of life-history forms expressed and the standing genetic
variation underlying these life-history traits in extant populations

Frontiers in Ecology and Evolution

(Gaggiotti et al., 2004; Anderson et al., 2010; Pess et al, 2012;
Anderson et al,, 2013).

Juvenile and adult ocean migration life-history forms of
salmonids have a genetic (Nichols et al., 2008; Hecht et al., 2012;
Pearse et al,, 2019) and environmental basis (Docker and Heath,
2003; Heath et al., 2010; Kendall et al., 2015). In particular, there is a
strong association of alleles in and near the GREBIL and ROCKI
genes with ocean migration return-timing in several salmonid
species (Hess et al.,, 2016; Prince et al, 2017; Micheletti et al.,
2018; Thompson et al., 2019; Collins et al., 2020; Willis et al., 2020;
Willis et al., 2021; Tigano and Russello, 2022). Previous work
suggests early freshwater adult return-timing for anadromous
salmonid species is an adaptation for fish migrating longer
distances as they return to freshwater during higher flows, when
water temperatures are cooler, producing more energetically
optimal conditions compared to those experienced by later
returning adult fish (Quinn et al., 2016; Waples et al., 2022). This
knowledge of the genetic basis, in association with the ecological
requirements, of these life-history forms is crucial for
understanding the response to migratory corridor restoration.
Monitoring and assessing these diverse life-history forms of
salmonids, however, can be quite challenging due to variable river
sampling conditions during these distinct freshwater entry-times.

Landscape genetics is a tool that allows us to examine the role
specific environmental conditions have on genetic connectivity among
these life history forms across a defined area (Storfer et al., 2007; Manel
and Holderegger, 2013; Storfer et al, 2018). While developed
specifically for terrestrial studies, landscape genetics has been applied
to riverscapes to identify the impacts of shared environmental features
on the movement, gene flow and structure of aquatic populations
(Whiteley et al., 2004; Davis et al., 2018; Kelson et al., 2020; Rougemont
et al,, 2023). These methods have been employed to identify unique,
population specific responses (Narum et al., 2008; Sidharthan et al,
2022) as well as inter-specific responses to shared, environmental
stressors (Whiteley et al,, 2004; Goldberg and Watis, 2010; Olsen
etal, 2010; Emel et al,, 2019). Using riverscape genetic methods, we can
test the impacts of barrier removal on spatial patterns of species with
life-history specific genetic variation.

Research is underway to document the implications of barrier
removal on aquatic life-history diversity in the Elwha River watershed
(Brenkman et al., 2019; Duda et al., 2020; Duda et al., 2021). Located
in the Olympic peninsula of western Washington state, the Elwha
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River basin occupies 883 rkm” and was once one of the more
productive watersheds in the Pacific Northwest. This watershed is
home to the five Pacific Salmon species (from the genus
Oncorhynchus), as well as bull trout (Salvelinus confluentus), coastal
cutthroat trout (Oncorhynchus clarkii), Steelhead/rainbow trout
(Oncorhynchus mykiss), Pacific lamprey (Entosphenus tridentatus)
and numerous other freshwater fish (Brenkman et al., 2008; Pess,
2009). The construction of the Elwha River (1912) and Glines
Canyon (1927) dams in the lower and middle portions of the main
stem without fish passage blocked upstream and downstream
connectivity for fishes, leading to declines of several aquatic species
(DOL, 1996; Winans et al., 2008). In particular, life-history variants of
salmonid species that previously occupied the river appeared to be
extirpated after dam construction, including many species’ early
return-timing life history forms (Brenkman et al., 2008; Pess,
2009). As a result of the Elwha River Restoration Act, dam removal
of the Elwha River dams began in 2011. Following the Glines Canyon
Dam removal in August 2014, a rockfall occurred in Glines Canyon
and created at least a partial barrier to fish. This blockage was
addressed in late 2015 with selective blasting which reopened the
channel for fish passage (Ritchie et al., 2018). Over time, Chinook
salmon (Oncorhynchus tshawytscha), Steelhead and numerous other
salmonid species have ascended the river upstream of the former
Glines Canyon dam, expanding their spatial distributions into the
upper watershed (Duda et al., 2020; Duda et al., 2021; McHenry et al.,
2022; Peters et al., 2022). However, the rates and extents of fish
returning to the upper river varied, particularly across species with
distinct life-history forms (Brenkman et al., 2019; Pess et al, In
Review). One remaining question is how reestablishing connectivity
in the Elwha River may affect salmonid species’ distinct life-history
forms and their underlying genetic variation in different ways.

In this study, we used population and riverscape genetics to
investigate the distribution of neutral and return-timing genetic
variation within O. tshawytscha and O. mykiss sampled from the
Elwha River. First, we investigated neutral genetic structure for each
species and explored associations with time and space. Second, we tested
for shifts in frequencies of alleles associated with early ocean return-
timing for each species. Finally, we employed riverscape genetics to test
for differences in gene flow of neutral and return-timing genetic variants
in each species that could be explained by freshwater environmental
variation. Specifically, we compared the relationships of genetic variation
with models of river distance to models of at-site and between-site
environmental conditions, with the distance models representing the
null hypothesis of isolation-by-distance. Overall, this study represented a
unique opportunity to understand potential differences between neutral
and return-timing genetic variation through space and time after large-
scale dam removal, with important implications for broad restoration
efforts related to connectivity.

2 Methods
2.1 Study system

We sampled two species: Chinook salmon (O. tshawytscha) and
Steelhead/rainbow trout (O. mykiss). Each species exhibits multiple
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migration life-history forms, but the species differ in their
anadromous form. Oncorhynchus tshawytscha are obligately
anadromous, meaning that they must migrate to the ocean.
Oncorhynchus mykiss are facultatively anadromous, exhibiting
both marine migrating (Steelhead) and freshwater resident
(rainbow trout) forms that spatially overlap in spawning sites and
can reproduce (Behnke, 1992; Docker and Heath, 2003; Kendall
etal, 2015). Both O. tshawytsha and O. mykiss express variation in
the timing of their return to freshwater for spawning. Early ocean
return-timing in the Elwha River is thought to occur in the spring/
summer (May-June) for O. tshawytscha and the summer/fall (June-
November) for Steelhead (Busby et al., 1996; Quinn, 2018; Denton
et al,, 2022a; Denton et al., 2022b). While the exact phenotype and
genetic architecture for these traits are not precisely known (Ford
et al., 2020; McKinney, 2020; Tillotson et al., 2021; Waples et al.,
2022), the GREBIL/ROCKI genomic region has been repeatedly
identified as a strong candidate underlying this life-history variant
(Micheletti et al., 2018; Thompson et al., 2019; Koch and Narum,
2020; Thompson et al., 2020; Willis et al., 2020; Willis et al., 2021).
Variant genotypes across species have been associated with
freshwater entry timing, spawning site arrival timing and sexual
maturation status upon start of migration (Myers et al., 2006; Hess
etal, 2016; Narum et al., 2018). Due to the complexity of their life-
history forms, these fish are hereafter referred to by their scientific
names unless the exact phenotype (i.e. summer Steelhead or spring
Chinook) is described.

2.2 Fish sampling and tissue collection
for genotyping

We included both natural and hatchery-origin O. tshawytscha
and O. mykiss in this study. We sampled fish from the main stem
and tributaries of the Elwha River including below the former Elwha
dam (BD), in between the former Elwha and Glines Canyon Dams
(ID) and above the former Glines Canyon Dam (AD) (Figure 1).
We sampled O. tshawytscha between 2014 and 2018 and O. mykiss
between 2004 and 2022 using a variety of methods depending on
the age, origin and species. Different numbers of samples, sampling
resolutions (reach versus geographic point), time periods (pre and
post-dam removal), spatial distributions (watershed-wide versus
stream-level) and knowledge of life-history phenotypes (date of
capture) were collected across species. Demographically, the
hatchery composition of each species is significantly different
(Denton et al., 2022a; Denton et al., 2022b). Broadly, ~98% of
summer and ~75% of the winter Steelhead returning to the Elwha
River are estimated to be natural-origin while overall ~90-95% of
the Chinook are thought to be hatchery origin.

We sampled O. tshawytscha tissue from post-spawn adult
carcasses found along the river margins and banks. We assigned
O. tshawytscha sampling locations based on the downstream GPS
coordinate of the reach from which a carcass was collected. Though
these sites did not necessarily represent the precise spawning
location, they were likely geographically proximate at the reach
scale (approximately 100 m-2 km). Since we sampled adult O.
tshawytscha as carcasses, the return-timing of individual fish was
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Study sites within the Elwha River basin as well as the location of the two dams removed in 2015. Each point represents a distinct sampling site for
either O. mykiss (circles) or O. tshawytscha (triangles) within a broader sampling location (represented by color of the water and the relative dam

location)

unknown. All fish were sampled in 2014 or after, when the upper
Elwha River Dam removal was underway. Thus, we considered all
O. tshawytscha samples post-dam removal. However, to test if there
were significant genetic differences between fish hatched pre and
post-dam removal, we performed a supplementary set of analyses
also assigned fish to age classes using scale ages (Appendix
Materials and Methods). Samples taken from known hatchery-
origin O. tshawytscha, identified by the presence of hatchery
marks including otolith thermal marks, adipose clips, and coded
wire tags (CWT), were included in this study. The O. tshawytscha
hatchery broodstock are a native lineage broodstock program
developed from fish caught in the Elwha; hatchery managers
intentionally avoided releasing non-local stocks (Brannon and
Hershberger, 1984). Both hatchery-origin and natural-origin fish
were used for hatchery spawning, but it was not possible to target
either origin for preferential spawning because most fish were not
externally marked; hence hatchery-origin fish were not readily
identifiable at spawning.

We sampled tissue from adult resident rainbow trout, adult
Steelhead of both return migration times (early and late),
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along the Elwha River. Size of shape represents relative sample size.

outmigrating smolts (herein included in counts for Steelhead) and
juvenile O. mykiss of unknown life-history forms across the
watershed, prior to and post-dam removal, from fish returning
from January through October (Table S1). We sampled juvenile O.
mykiss using both backpack electrofishing and smolt traps (Pess
et al, In Review). We designated trout fry as unknown life-history
phenotypes unless recaptured as an adult or defined as a smolt
(Fraik et al., 2021). We sampled hatchery-origin Steelhead samples
from the Lower Elwha Klallam Tribe’s hatchery program, which
was founded from native lineage broodstock developed from eyed
eggs from naturally spawned adult O. mykiss sampled downstream
of Elwha River dam from 2005-2011 (LEKT, 2012; Winans et al.,
20165 Fraik et al., 2021). Hatchery-origin samples were included in
this study. We collected natural-origin, adult O. mykiss via hook
and line sampling and in steam netting (Denton et al., 2022b). We
distinguished adult Steelhead from adult rainbow trout primarily
based on body coloration and a size threshold (Steelhead fork length
> 500 mm, rainbow trout fork length < 500 mm). Adult Steelhead
were sampled in the main-stem Elwha River while migrating to
their spawning sites or emigrating back to the sea after spawning.

frontiersin.org


https://doi.org/10.3389/fevo.2023.1225229
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

Ledger et al.

Thus, for O. mykiss, sampling location may not necessarily
represent their exact spawning location. We assigned fish as pre-
dam removal if they were sampled before 2013 and post-dam
removal if they were sampled 2013 and beyond (Table SI). As
scale ages were not available for O. mykiss, we could not assign O.
mykiss to fish hatched pre and post-dam removal.

2.3 DNA sequencing, genotyping,
and quality control

In total, 380 O. tshawytscha and 1,741 O. mykiss were sampled
and prepared for Genotyping-in-Thousands by sequencing (GTseq).
Sequence data for O. tshawytscha was obtained from McKinney et al.
(In Prep), NCBI Bioproject PRINA1020840, and reanalyzed for this
study. DNA was extracted from O. tshawytscha and O. mykiss tissue
punches stored on Whatman paper using the Promega Wizard SV
genomic DNA extraction kit. All GTseq libraries were constructed
separately for each species following the methods in Campbell et al.
(2015). The O. tshawytscha GTseq panel contains 332 loci, 298 of
which are putatively neutral and commonly used for population
genetic studies, one sex identification marker, and 33 markers
associated with return-timing variation in GREBIL/ROCKI region
(Hess et al., 2016; Thompson et al., 2019; Koch and Narum, 2020;
Thompson et al.,, 2020). Genotypes for both species were called using
the custom scripts in the GTScore pipeline (McKinney et al., 2020,
available at GitHub - gjmckinney/GTscore: Pipeline for GTseq
genotyping and quality control). Oncorhynchus mykiss samples
were genotyped with the GTseq panel developed by Campbell et al.
(2015) that contains 367 SNPs, of which 241 are putatively neutral
and commonly used for population genetic studies, one is for sex
identification, three are for diagnosing cutthroat trout (O. clarkii) and
122 markers that are putatively adaptive, of which 13 are associated
with return-timing variation (Collins et al., 2020). Across both data
sets, loci were filtered to remove potential and known tetrasomic loci.
Samples with a high likelihood of DNA contamination
(contamination score > 90%) and pairs of samples with duplicate
genotypes (> 80% genotypes identical between each pair of
individuals) were filtered out. For O. mykiss, we also removed
individuals that had at least one cutthroat trout allele at one of the
three species diagnostic loci.

Subsequent filtering for each species was performed in R v4.1.2
(R Core Team, 2022) using the package “adegenet” (Jombart, 2008;
Jombart and Ahmed, 2011) for all the remaining SNPs. Using the
minorAllele function we identified and removed 18 monomorphic
loci from the O. tshawytscha and zero loci from the O. mykiss
dataset. Next, we removed loci that were missing > 0.3 data among
genotyped individuals (zero loci were removed from O. tshawytscha
and five loci from the O. mykiss dataset) and individuals missing
> 0.4 genotype data across loci (zero O. tshawytscha and 102 O.
mykiss individuals).

The filtered SNPs for each species were then divided into two
data sets: loci putatively involved in migration return-timing and
putatively neutral loci. Given the specificity of our study question, we
considered loci located in GREBIL/ROCKI regions to be involved in
migration return-timing, and the other adaptive loci were classified
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into the neutral genetic matrix. This also prevented loci that were
adaptive in one system from being erroneously classified as adaptive
in the Elwha River populations due to the geographic range of
previous genomic outlier tests. Loci found in/near GREBIL/ROCKI
and previously identified as candidates for migration return-timing
life-history variants included 28 SNPs in the O. tshawytscha panel
and 11 SNPs in the O. mykiss panel that passed missing data
thresholds (Campbell et al., 2015; Hess et al., 2016). We applied a
Hardy-Weinberg equilibrium test to all of the remaining neutral loci
in each species’ panel to identify loci deviating from expectations of
Hardy-Weinberg equilibrium (HWE) using hw.test function in the R
package “pegas” (Paradis, 2010). We applied a strict Bonferroni
adjustment (Dunn, 1961) for multiple tests to generate the final list
of putatively neutral loci for downstream analysis.

2.4 Population genetic and structure
analyses across species

To investigate changes to the population genetic structure of O.
mykiss and O. tshawytscha, we performed Discriminant Analysis of
Principal Components (DAPC) using “adegenet” in R. For these
analyses, we conducted four independent DAPC analyses for O.
mykiss and one for O. tshawytscha. In the first two DAPCs for O.
mykiss, we used the set of putatively neutral loci as determined by
the HWE test for pre and post-dam removal fish (303 SNPs). In the
second two DAPCs for O. mykiss, we once again separated samples
temporally, but only retained loci explicitly designated as neutral in
the GTseq panel (212 SNPs). We ran DAPC analyses on each set of
putatively neutral loci in O. mykiss to compare the neutral genetic
structure between our filtered loci and those identified as neutral in
the panel. There were no putatively adaptive loci outside of the
return-timing loci in the O. tshawytscha GTseq panel, therefore we
only conducted one DAPC for all post-dam removal fish (271
SNPs). The number of genetic clusters (K) used in the DAPC
analyses was informed by returning successive K-means with an
increasing number of clusters. We considered the optimal K based
on the lowest Bayesian Information Criterion (BIC) or within 2
ABIC (Jombart et al., 2010).

To estimate changes in population genetic diversity over time
and space, we divided these temporal sets by sampling location
relative to the location of the former dams (AD, ID and BD). Next,
we divided our genetic data sets temporally pre and post-dam
removal for O. mykiss. We included temporal comparisons of
population genetic structure and diversity analyses for O.
tshawytscha using scale analysis assignments in the Appendix
(Appendix Figures 1-2, Appendix Tables 1-2). We tested the
observed heterozygosity (Ho), the inbreeding coefficient (Fys), and
fixation index (Fsr) using the R package “hierfstat” (Goudet, 2005).
We bootstrapped Fis values 100 times using boot.ppfis() to generate
the 95% confidence interval for Fis. We assessed the significance of
Fis by determining if the 95% confidence interval overlapped 0
(Goudet, 2005). KING relatedness statistics were calculated with
neutral loci using vcftools (Danecek et al, 2011) “-relateness2”
option. We also performed a permutation test with 1000 iterations
to test the significance of Fgr. The p-value of Fgp was calculated by
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looking at the proportion of the permuted values that were greater
than or equal to the observed values. We also estimated changes in
the effective number of breeders (N,) using the software
“NeEstimator” 2.1 (Do et al., 2014). Input files were generated by
modifying the genind_to_genepop function of the R package
“graphdlg” (Savary et al., 2021) to allow for both indels and SNPs
as the alternative allele. We calculated N}, using a random mating
model of Linkage Disequilibrium method with a critical value of
0.05. We determined the statistical significance of our estimates
using 95% critical intervals derived from jackknife estimates of Ny,

2.5 Riverscape genetics modeling

We tested two types of riverscape genetic models - Isolation by
Environment (IBE) and Isolation by Resistance (IBR) using post-

Hypotheses from Rlverscape Genetics:

Isolation by Distance (IBD)
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dam removal individuals (Figure 2). IBE represents spatial genetic
variation created by the interactions between organisms and
environments “at sites” (Wang and Bradburd, 2014). If this is the
case, the genetic distances are correlated with the environmental
differences at sites as heterogeneous environments influence gene
flow. On the other hand, IBR represents a positive relationship
between genetic distances and resistance distances focused on the
environment “between sites”. Based on circuit theory, IBR
calculates resistance distances, or cost distances, across the
geographic range from factors interfering with migration (McRae,
2006). As IBE and IBR models test associations of genetic variation
with variables “at sites” where fishes stay and “between sites” where
fishes travel, respectively, these two riverscape genetic models can
complement each other in their capture of both site-specific and
corridor-specific environmental heterogeneity. The null model, or
hypothesis, to both the IBE and IBR hypotheses was Isolation by

Isolation by Resistance (IBR)

T
waterfall < o

__d

canyon
(high
flow)

genetic distance ~
environmental resistance

vy 9
Oncorhynchus mykiss
Return
Neutral timing

Alternative model

Schematic of the landscape genetics hypotheses tested in our study design. Isolation by distance (IBD) is a pattern of decreasing genetic similarity as
geographic distance increases due to limitations in movement and gene flow. Isolation by environment (IBE) is a pattern where genetic similarity is
influenced by the environment at a location instead of the geographic distance. Conversely, isolation by resistance (IBR) is a pattern of decreasing
genetic similarity based on the landscape between two sites. Isolation by distance represents the null hypothesis to isolation by environment and
isolation by resistance. In this study, the response variable for each model is neutral or return-timing genetic distance for each species.
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Distance (IBD). This served as our null hypothesis as the expected
relationship is a decrease in relatedness with increasing distance
(Rousset, 1997) and following with Tobler’s First Law of Geography
that things closer in space are more similar. We also expected this to
explain patterns of gene flow for return-timing genetic distance as
we expect that early-return life-history forms evolved in part to
exploit favorable environmental conditions coinciding with earlier
arrival for fish that must migrate long distances. We quantified this
in our IBD models as river kilometer (rKm) or distance from the
mouth of the river (Benda et al., 2007) (Figure 2). If IBD represents
the best model, genetic distance should be proportional with rKm
(Selkoe et al., 2016). Alternative models and the environmental
variables included in each model are listed in Table 1.

2.5.1 Genetic distance matrix generation for
landscape genetics models

We generated two sets of neutral and return-timing genetic
distance matrices for each species: one for IBE models and one for
IBR models. We tested neutral and return-timing genetic distances
separately to examine how riverscape variables may affect both
neutral and return-timing genetic variation. For IBE models we
calculated neutral genetic distance using the loading scores of the
first principal component from the DAPC analysis that
characterized the underlying genetic structure of post-dam
removal individuals. The proportion of early return-timing alleles
in each individual was used to generate the return-timing genetic
distance matrices. For IBR models, both neutral and return-timing
genetic distances were calculated among every sampling site as
Roger’s/Classical Euclidean distance (Rogers, 1972; Avise, 1994)
using the dist.genpop function of the R package “adegenet” with the
method argument set to 4 (Jombart, 2008). We also calculated Nei’s
distance (method = 1) (Nei, 1972; Nei, 1978; Avise, 1994) but only
used Roger’s/Classical Euclidean genetic distance for downstream
analyses due to the high correlation between them (r > 0.97).

Given that O. tshawytscha were only sampled as adults and O.
mykiss were sampled as adults, juveniles and unknown life-history
forms, we tested one O. tshawytscha dataset and three O. mykiss
datasets: all O. mykiss, adult Steelhead, and juvenile O. mykiss.

10.3389/fevo.2023.1225229

2.5.2 Isolation by environment modeling:
at-site characteristics

To test if environmental differences at spawning sites influence
genetic variation in our study species, we centered and scaled the
uncorrelated environmental variables describing the stream
temperature, flow, habitat, and riverbed substrate at our sampling
sites where individuals were sampled post-dam removal. We subset
our environmental variables into five models: (1) null, including
only river kilometer, (2) climate, including MWMT (maximum
weekly maximum temperature) and precipitation, (3) flow,
including flow velocity, (4) habitat, including canopy cover, slope,
intrinsic habitat potential, pool frequency, number of logjams per
100m, and amount of spawnable habitat, and (5) full, including all
variables except river kilometer (Table 1). For all five models, we
rechecked for multicollinearity using variance inflation factor (VIF)
(Naimi et al., 2014) and removed the variable with the greatest VIF
until all remaining variables had a VIF of less than 5. The resulting
model subsets are described in Table 1. We used linear models for
neutral response variables and generalized linear models with a
binomial distribution for return-timing response variables due to
their bimodal distribution using the “stats” in R package (R Core
Team, 2022). Model residuals were visually inspected for model
assumptions. We compared each suite of IBE models using Akaike
information criterion (AIC) (Burnham and Anderson, 2002).

2.5.3 Isolation by resistance modeling: between-
site characteristics

To test if environmental characteristics between spawning sites
influence genetic variation in our study species, we fit IBR models to
our data. These included: (1) null model/IBD where distance and not
environment drives patterns of genetic distance, represented by river
kilometers between sites, (2) climate model, including MWMT
(maximum weekly maximum temperature) and precipitation, (3) flow
model, including flow velocity, (4) habitat model, including canopy cover,
slope, intrinsic habitat potential, pool frequency, number of logjams per
100m, and amount of spawnable habitat, (5) subset of the habitat model,
including canopy cover, slope, and intrinsic habitat potential, excluding
pool frequency, number of logjams per 100m, and amount of spawnable

TABLE 1 Environmental variables included for each isolation by environment (IBE) and isolation by resistance (IBR) riverscape genetics model tested.

Model Variables included in IBR models Variables included in IBE models

Full MWMT, PRECIP, FlowVel, IP_STEELHD or IP_CHINOOK, SLOPE, MWMT, PRECIP, FlowVel, IP_STEELHD or [P_CHINOOK, SLOPE,
CANOPY, Pool_frequency, Logjams, spawnable_area_steelhd CANOPY, Pool_frequency, spawnable_area_steelhd

Subset MWMT, PRECIP, FlowVel, IP_STEELHD or IP_CHINOOK, SLOPE, MWMT, FlowVel, CANOPY, Pool_frequency, spawnable_area_steelhd

Full CANOPY

Climate MWMT, PRECIP MWMT, PRECIP

Flow FlowVel FlowVel

Habitat IP_STEELHD or IP_CHINOOK, SLOPE, CANOPY, Pool_frequency, Logjams, IP_STEELHD or IP_CHINOOK, SLOPE, CANOPY, Pool_frequency,
spawnable_area_steelhd Logjams, spawnable_area_steelhd

Subset IP_STEELHD or IP_CHINOOK, SLOPE, CANOPY IP_STEELHD or IP_CHINOOK, CANOPY, Pool_frequency,

Habitat spawnable_area_steelhd

IBD OUT_DIST OUT_DIST

See Table S3 for the definitions of variable acronyms.
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habitat which had a narrow range of cells, (6) full model, including all
variables except river kilometer, (7) subset of the full model, including all
variables except river kilometer, pool frequency, number of logjams per
100m, and amount of spawnable habitat (Table 1).

We used the R package “ResistanceGA” (Peterman, 2018) for
modeling which uses a machine learning algorithm inspired by the
process of natural selection genetic algorithm (Forrest, 1993), and
maximum likelihood population effects regression (MLPE) that
accounts for non-independence of data from the same populations
(Clarke et al., 2002) in resistance surface optimization. Variables
identified as uncorrelated were cropped to the Elwha river region and
reprojected to the same geo-reference system (NADS83) of Elwha
template raster derived from the NorWeST’s Washington Coast
shapefile (Isaak et al, 2017) using the R package “terra”(Hijmans,
2022). Shapefiles were rasterized to a SpatRaster with a resolution of
0.001 degree. We then converted to RasterLayer and RasterStack
using the R package “raster” (Hijmans, 2023), which is required by
ResistanceGA. The “NA” values in each raster layers were set to 10 *
maximum value of the layer for resistance surface computation due to
the requirements of the ResistantGA algorithms.

We applied the “commuteDistance” option and “log-likelihood”
as the objective function in ResistanceGA to optimize the effective
resistance distance and resistance surface. Bootstrapping with 1,000
iterations was conducted to compare among successfully optimized
models and choose the most likely one. IBR models with juvenile O.
mykiss genetic distances were compared without bootstrapping due
to an insufficient number of populations in the subsequent MLPE
step. Models with each genetic distance were compared based on AIC
calculated within ResistanceGA and optimal models with AAIC less
than 2 were presented for each genetic distance.

3 Results

3.1 Genotype filtering to generate neutral
and return-timing genetic datasets

After filtering, we retained a total of 278 SNPs and 354 O.
tshawytscha individuals and 314 SNPs and 1,363 O. mykiss
individuals (Supplementary Table S1). Of those filtered loci, 28 SNPs
from the O. tshawytscha panel and 11 SNPs from the O. mykiss panel
found in or near the GREBIL and ROCKI genes, previously identified
as candidates for migration return-timing life-history variants, were
retained (Campbell et al, 2015 Hess et al, 2016). We ultimately
removed one O. tshawytscha SNP (Bonferroni adjusted p-value <
0.00015) and 12 O. mykiss SNPs (Bonferroni adjusted p-value <
0.00015) that were out of HWE for downstream population and
riverscape genetic analyses. Ultimately, this allowed us to retain 250
and 303 putatively neutral O. tshawytscha and O. mykiss SNPs.

3.2 Neutral genetic structure across
species and space

Based on BIC, our population genetic structure analysis
supported different numbers of genetic clusters or populations
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between species over time (Figure 3, Figures S1, S2, Appendix
Figures 1-2). For O. tshawytscha, we identified one cluster post-
dam removal (Figure 3C, Figure S1E) and no pairwise Fgr values
between any pair of populations were significant (Table S2). Pre-
dam removal DAPC analysis supported four to six clusters of O.
mykiss pre-dam removal (Figures S1A, C) that we visualized as five
clusters (Figures 3A, B). Post-dam removal, however, we detected
five to ten clusters amongst our O. mykiss samples (Figures S1B, D).
Pairwise spatial and temporal estimates of Fgp in O. mykiss
supported significant, but small, changes in genetic structure
across both space and time. We observed few differences in
patterns of genetic diversity among species when looking at each
time period or sampling location (Table 2). For O. tshawytscha, we
observed no evidence of significant inbreeding across sampling
locations as measured by FIS statistics with 95% confidence interval
overlapping zero, when considering individuals from all sampling
locations. For O. mykiss, we observed small positive Fig statistics
with 95% confidence intervals significantly greater than zero, when
considering individuals from all sampling locations, below dam
only, and in-between dam only. There were no changes in the
direction or significance of the Fig statistic over time or space in O.
mykiss. We observed no significant relatedness, as measured by the
KING statistic, in either O. tshawytscha or O. mykiss when samples
were grouped by space and time.

For O. tshawytscha, sampling location had no association with
genetic clustering (Figure 3C). There was also no association of
sampling location with O. tshawytscha genetic clustering when O.
tshawytscha samples were classified as individuals hatched pre-dam
removal or post-dam removal (Appendix Figures 1-2). For O.
mykiss, some individuals collected from ID were highly
discriminated from other sampling locations pre-dam removal
(Figure 3A), while some individuals collected from BD were
highly discriminated from other sampling locations post-dam
removal (Figure 3B). For O. mykiss, genetic clusters tended to
differentiate individuals collected BD from individuals collected
AD post-dam removal along the second principal component axis
(Figure 3B). We identified similar genetic clustering restricting our
DAPC analyses to the 212 loci classified as neutral in the O. mykiss
panel (Figure S2).

3.3 Three return-timing haplotypes were
detected in both species

On average, single nucleotide polymorphisms (SNPs) in and
near the GREBIL/ROCKI genes genotyped using the GTseq panel
were in linkage disequilibrium and phased into haplotypes (O.
tshawytscha r* = 0.48; O.mykiss r* = 0.50). We identified three
distinct haplotypes in each species post-dam removal: late return-
timing (Fa, Win), early return-timing (Sp, Su) and recombinant
haplotypes (FaR, WinR) for O. tshawytscha and O. mykiss
(Figures 4, 5).

For O. tshawytscha, recombinant haplotypes were the most
common (FaR.) (N = 410), followed by late return-timing (Fa) (N =
175) and then early return-timing (Sp) (N = 123) haplotypes
(Figure 4B). Early return-timing (Sp) haplotypes had 85.7% early

frontiersin.org


https://doi.org/10.3389/fevo.2023.1225229
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

Ledger et al. 10.3389/fevo.2023.1225229

A B
0.0 - 27
$ 0 o
I A
I S 8
o . L a
* 0
2.5 .
] Bg
. A
L] [
1]
= 2+
5.0 25 0.0 25 100 75 25
PC1
c .
21 Assigned Population
. e 1
o, A2
a3
° L]
o
8 N . + 4
° X 5
-1 Sampling Location
® BD
e ID
-24
AD
3 2 4 0 1 2
PC1
FIGURE 3
Discriminant analysis of principal components (DAPC) clusters using neutral loci for (A) O. mykiss pre-dam removal, (B) O. mykiss post-dam removal,
and (C) O. tshawytscha post-dam removal. Colors represent sampling locations (BD: Below the Elwha River Dam, ID: In between the Elwha River
and Glines Canyon Dams, AD: Above the Glines Canyon Dam). Shapes represent assigned populations.

TABLE 2 Summary of relative levels of inbreeding (Fis, 95% confidence intervals in brackets with the bold significant results), mean relatedness
statistic (KING, 95% confidence intervals in brackets), population genetic diversity (Ho), and effective population size (N, 95% confidence intervals in
brackets) for both salmonid species O. tshawytscha and O. mykiss pre and post-dam removal above dams (AD), in between the dams (ID) and below
the dams (BD).

Observed
Hetero-
zygosity (Ho)

Effective Number of
Breeders (Ny)

Mean Relatedness
Statistic (KING)

Species Location Inbreeding

Coefficient (Fs)

O.
tshawytscha

O. mykiss

Post-Dam All Sampling 0.0073 —0.004 0.3951 653.6
Removal Locations (-0.0052, 0.015) (-0.169, 0.161) (526.6, 847.9)
(354)
BD -0.0068 0.007 0.3010 767.7
(170) (=0.020, 0.0056) (-0.183, 0.197) (490.9, 1651.3)
ID 0.019 -0.017 0.2905 462.1
(121) (0.0007, 0.035) (-0.184, 0.151) (292.5,1011.1)
AD 0.0099 —0.005 0.2938 1370.5
(63) (=0.011, 0.028) (-0.177, 0.168) (410.0, Infinite)
Pre- and Post- All Sampling 0.040 —0.080 0.296 109.8
Dam Removal Locations (0.023, 0.059) (-0.486, 0.327) (72.8, 160.4)
(1363)
Pre-Dam All Sampling 0.038 -0.062 0.299 119.5
Removal Locations (0.016, 0.050) (-0.366, 0.242) (92.6, 155.9)
(454)
BD 0.052 —-0.030 0.2941 94.9
97) (0.027, 0.081) (~0.229, 0.169) (62.9, 164.6)
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TABLE 2 Continued

Location

Species

Inbreeding
Coefficient (F;s)

10.3389/fevo.2023.1225229

Observed
Hetero-
zygosity (Ho)

Effective Number of
Breeders (Np)

Mean Relatedness
Statistic (KING)

1D 0.054 -0.070 0.2926 245.0
(157) (0.033, 0.071) (-0.391, 0.251) (181.4, 360.8)
AD 0.009 —-0.028 0.3091 56.3
(200) (-0.012, 0.028) (-0.226, 0.169) (424, 76.1)
Post-Dam All Sampling 0.036 -0.095 0.2943 82.6
Removal Locations (0.024, 0.058) (-0.558, 0.369) (55.5, 119.7)
(909)
BD 0.050 —-0.096 0.2931 207.9
(490) (0.030, 0.067) (~0.669, 0.477) (169.3, 259.1)
1D 0.041 -0.071 0.2974 203.5
(101) (0.020, 0.056) (—0.487, 0.346) (124.8, 455.1)
AD 0.016 —-0.036 0.2926 249
(318) (-0.0073, 0.033) (-0.202, 0.131) (13.8, 41.5)

Numbers in parentheses in the location column cells represent the total number of fish included in each of these analyses.
Bold values indicate statistically significant results as the confidences intervals do not cross zero.

return-timing alleles on average (range = 0.71-1.00, ¢ = 0.008),
while recombinant (FaR: p = 0.158, range = 0.07-0.35, ¢ = 0.0011)
and late return-timing haplotypes (Fa: . = 0.08, range = 0.036-0.14,
6 = 0.0013) had substantially fewer alleles on average. For O.
tshawytscha, this included mostly recombinant haplotypes (FaR)
(N = 198), followed by late return-timing (Fa) (N = 75), and then
early return-timing (Sp) (N = 55) haplotypes (Figure 4). Fish
hatched pre-dam removal mostly had mostly recombinant O.
tshawytscha haplotypes (FaR) composed of 15.0% early return-
timing alleles on average (Appendix Figure 3).

For O. mykiss, late return-timing haplotypes were also the most
frequently detected post-dam removal (Win) haplotypes (N = 868),
followed by early return-timing (Su) haplotypes (N = 517) and then
recombinant (WinR) (N = 431) haplotypes (Figure 5B). The early
return-timing (Su) haplotypes were composed of 86.8% early return-
timing alleles on average (range = 0.64-1.00, 6 = 0.005), while
recombinant (WinR: range = 0.09-0.73, ¢ = 0.002) and late return-
timing haplotypes (Win: range = 0-0.36, ¢ = 0.002) were composed
of 25% and 2.1% early return-timing alleles on average respectively.

We did not detect any significant differences in the frequency of
early return-timing alleles among O. tshawytscha spatially post-dam
removal (Figure 6A) or over time (Appendix Figure 4). However,
we identified a number of statistically significant pairwise
comparisons of early return-timing allele frequencies across O.
mykiss, sampled from different parts of the river over time
(Figure 6B). Pre-dam removal, we found that BD fish (U =
0.15) had significantly lower early return-timing allele frequencies
compared to AD (Uar = 0.26; Wilcox test, Bonferroni adjusted p-
value = 0.002), but not ID fish (uar = 0.16; Wilcox test, Bonferroni
adjusted p-value = 0.006). Post-dam removal, we observed
statistically significant differences in the allele frequencies
observed across all geographic pairwise comparisons (Wilcox test,
Bonferroni adjusted p-value < 0.05). We found that fish sampled
AD (uar = 0.608) had significantly higher frequencies of early
return-timing alleles than those sampled BD (1ar = 0.108; Wilcox
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test, Bonferroni adjusted p-value = 9.24e-71) and ID (Uar = 0.207);
ID fish had significantly higher early return-timing alleles than BD
(Wilcox test, Bonferroni adjusted p-value = 0.021). Early return-
timing alleles were more frequent in fish sampled AD post-dam
removal (Uar = 0.608) than those sampled pre-dam removal
(Wilcox test, Bonferroni adjusted p-value = 7.21e-25). We
detected the highest proportions of both early return-timing
haplotypes and genotypes in adult Steelhead sampled AD post-
dam removal between July and October (Figure S3).

3.4 Reduced environmental dataset
retained for riverscape genetics models

We ultimately retained 11 out of the 26 environmental variables
after testing for correlations for use in our riverscape genetic models
for both O. tshawytscha and O. mykiss (Table S3, Figures S4-56).
These included stream temperature (Maximum Weekly Maximum
Temperature between 2015-2017; MWMT), flow velocity, habitat
intrinsic potential for O. tshawytscha, habitat intrinsic potential for
Steelhead, slope, riparian canopy, pool frequency, logjams per
100 m and spawnable habitat (Table 1, Table S3, Figure S7). This
subset represented summarized measures of dynamic variables (i.e.,
stream temperature), predicted metrics based on geometry (i.e.,
flow velocity), and single measures of relatively static variables
(i.e., slope and canopy) that change on the scale of years to decades.

3.5 IBD as a strong explanatory variable
across IBE and IBR models

3.5.1 IBE indicates at-site environment and IBD
influence genetic differentiation

Isolation by Environment (IBE) models identified at-site
environmental variables associated with neutral and return-timing
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(A) Three haplotypes are detected post-dam removal in O. tshawytscha. Each column of the heat map represents one of the 29, putatively adaptive
return-timing loci with each color of the heat map representing the early return-timing alleles or late return-timing allele. Each row represents one
individual, with the dendrogram on the x-axis showing the most parsimonious clustering of individuals based on the haplotypes phased from the
early return-timing loci. The vertical bar represents the haplotype called for each individual with haplotypes primarily containing early return-timing
alleles, late return-timing alleles and a combination of the two. (B) The proportion of the three haplotypes in O. tshawytscha sampled below (BD),
in-between (ID) and above (AD) the former dams post-dam removal. The numbers represent the sample size for each haplotype. (Fa: Fall, FaR: Fall

Recombinant, Sp: Spring).

genetic differentiation in O. mykiss individuals sampled post-dam
removal. For O. tshawytscha, while no individual environmental
variable was statistically significant, the IBD model, followed by the
climate and flow models, had the lowest AICs to explain neutral, at-
site, genetic differentiation. The habitat and full models had the
lowest AICs to explain return-timing genetic differentiation for O.
tshawytscha, also with no statistically significant individual
environmental variable (Table 3). When combining all O. mykiss
life-stages in one model, the IBD model had the lowest AIC to
explain neutral and return-timing genetic differentiation (Table 3).
For just adult Steelhead, the habitat and full models had the lowest
AIC to explain neutral genetic differentiation, while the IBD, the
habitat model, and full model equally explained return-timing
genetic differentiation (Table 3). Within these top models for
return-timing genetic variation, river kilometer and pool
frequency both had significant positive relationships with the
proportion of early return-timing alleles. For juvenile O. mykiss,
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the habitat and full models equally explained both neutral and
return-timing genetic differentiation (Table 3). Within these full
models, canopy cover and intrinsic habitat potential had significant
positive and negative relationships respectively with the proportion
of early return-timing alleles (Table 3, Supplementary Data File 1).

3.5.2 IBR modeling indicates IBD best explains
genetic variation

We tested four IBR models for O. tshawytscha and twelve IBR
models for O. mykiss, similar to IBE models to account for
differences in the life-history stage and methods of sampling
included for each species (Figure 2, Table 4). Across both species
and both genetic distance types, IBD was the best model for all the
cases of IBR modeling conducted (Figure 7, Table 4, Supplementary
Data File 2). The optimized resistance surface even displayed the
same value of “1” all over the extent in some cases (Figures 7A, B,
H), which indicated that genetic distances could not be explained
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(A) Three haplotypes are detected post-dam removal in O. mykiss. Each column of the heat map represents one of the 11, putatively adaptive
return-timing loci with each color of the heat map representing the early return-timing alleles (dark green) or late return-timing allele (light-green).
Each row represents one individual, with the dendrogram on the x-axis shows the most parsimonious clustering of individuals based on the
haplotypes phased from the early return-timing loci. The vertical bar represents the haplotype called for each individual with the yellow haplotype
containing primarily early return-timing alleles, the purple primarily late return timing alleles and the green appears to be a combination of the two
(B) The proportion of the three haplotypes in O. mykiss sampled below (BD) in-between (ID) and above (AD) the former dam populations post-dam
removal. The numbers represent the number of individuals containing each haplotype. (Win: winter, WinR: Winter Recombinant, Su: Summer).

better than the Euclidean geographic distances (Table 4). Second
and third optimal models (AAIC < 2) were identified for several
cases, including all O. mykiss neutral (flow model), all O. mykiss
return-timing (flow and climate model), adult Steelhead neutral
(flow model), and juvenile O. mykiss return-timing (flow model)
genetic distances (Figure S8).

4 Discussion

In this study, we leveraged the removal of two large dams on the
Elwha River to understand how habitat restoration impacted the
return and reestablishment of distinct ocean migrating life-history
forms of O. tshawytscha and O. mykiss to their historical
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distribution. While we observed no difference in the proportion
of early return-timing alleles in O. tshawytscha across the watershed,
we observed significant differences for O. mykiss across the
watershed for samples collected both pre- and post-dam removal.
Specifically, the proportion of early return-timing alleles was greater
in O. mykiss sampled above dam locations than below dam
locations. Using riverscape genetics analyses, we found that
return-timing genetic variation was more strongly influenced by
environmental differences compared to neutral variation. By
exploring the relationships of at- and between-site environmental
characteristics, we identified significant patterns of spatial genetic
variation in O. mykiss. For both species, the patterns and processes
are still actively shifting in response to these restoration efforts;
however, we show here early evidence of the importance of
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The proportions of early return-timing alleles in GREBIL in (A) O. tshawytscha and (B) O.mykiss post-dam removal below (BD), in-between (ID), and
above (AD) the dam. The Bonferroni adjusted p-values generated by Kruskal test across three locations were labeled above each time period. The
asterisk (*) represents statistically significant pairwise comparisons with the Bonferroni adjusted p-values reported across sampling locations within
the same time period. The plus (+) represents statistically significant pairwise comparisons with the Bonferroni adjusted p-value reported among fish
sampled from the same sampling locations, across time (cutpoint for p-values: */+=0.05, **/++=0.01, ****/++++=0.0001).

TABLE 3 IBE model results representing the influence of environmental variables on neutral and return-timing genetic variation.

Genetic Distance Model Fit Significant coefficients (95% Cl)
O. tshawytscha Neutral IBD -123.145 0 —-438.7 -0.001 None
flow -122.736 0.410 —438.9 -0.003 None
climate -121.776 1.369 —-438.4 -0.003 None
O. tshawytscha Return-timing habitat 275.89 0 -1329 0.013 None
full 276.00 1.10 -132.5 0.017 None
All IBD rKm: 0.199
O. mykiss Neutral —854.556 0 -792.4 0.096 (0.159, 0.240)
All IBD rKm: 1.286
O. mykiss Return-timing 487.211 0 —241.6 0.417 (1.090, 1.482)
Adult habitat —-525.938 0 -513.9 0.022 None
Steelhead Neutral
full canopy: —0.134
—525.819 0.119 -514.9 0.024 (-0.225, -0.044)
Adult IBD rKm: 1.768
Steelhead Return-timing 210.925 0 -103.5 0.148 (1.082, 2.454)
habitat 211.297 0.371 -100.6 0.171 pool frequency: 0.959 (0.501, 1.418)
full 211.349 0.424 -99.7 0.179 None
Juveniles habitat —-365.75 0 -204.8 0.144 pool frequency: —0.104 (-0.196, —0.012)
O. mykiss Neutral
full -365.75 0 —204.8 0.144

(Continued)
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TABLE 3 Continued

Genetic Distance AIC AAIC LogLik Model Fit Significant coefficients (95% Cl)

MWMT: -0.273
(-0.536, —0.010)
FlowVel: 0.549
(0.066, 1.031)

Juveniles habitat canopy: 1.536
O. mykiss Return—timing (0.877, 2.195)
IP_Steelhd: —1.122
248.476 0 -120.2 0.330 (-2.016, —0.229)
full 248.476 0 -120.2 0.330 None

AIC, Akaike Information Criterion; LogLik, log-likelihood. Model fit for neutral models is adjusted R-squared and model fit for return-timing models is McFadden’s R-squared. The coefficient
and 95% CI for significant explanatory variables in models are listed.

considering adaptive potential of ocean return-timing and neutral  study design. Previous work documenting Elwha River O. mykiss
genetic variation in understanding species responses to  using microsatellite and tens of thousands of SNP loci found that
restoration efforts. both dams and anadromous barriers generated significant genetic

Lack of population genetic structure and decreases in genetic  structure pre-dam removal (Winans et al, 2016). Post-dam
diversity observed in O. mykiss may be, in part, an artifact of the = removal, structure appeared to decrease as gene flow resumed

TABLE 4 IBR model results representing the influence of environmental variables on neutral and return-timing genetic variation.

Genetic LoglLik Model Fit MLPE.coeff (95% CI)
distance
O. tshawytscha IBD -146.105 0 164.330 0.001 —0.002
Neutral (-0.008, 0.004)
O. tshawytscha IBD ~79.881 0 93.028 0.010 0.008
Return-timing (-0.010, 0.026)
All IBD ~557.829 0 516.591 0.033 0.015
O. mykiss (0.007, 0.023)
Neutral
Flow —556.102 1.727 515.469 0.032 0.014

(0.006, 0.022)

All IBD —-38.623 0 40.332 0.199 0.098
O. mykiss (0.066, 0.129)
Return-timing

Flow -37.723 0.900 39.664 0.188 0.095
(0.064, 0.127)

Climate ~37.102 1.521 43.850 0.287 0.121
(0.087, 0.155)

Adult IBD -317.141 0 301.755 0.007 0.007
Steelhead (-0.002, 0.017)
Neutral

Flow -316.777 0.364 301.490 0.009 0.008

(-0.004, 0.020)

Adult IBD —45.285 0 47.759 0.142 0.071
Steelhead (0.039, 0.102)
Return-timing

Juvenile IBD -52.412 0 30.206 0.909 0.068

O. mykiss (0.042, 0.094)
Neutral

Juvenile IBD -3.956 0 5.978 0.757 0.235

O. mykiss (0.138, 0.332)

Return-timing
Flow -3.956 0 5.978 0.757 0.235

(0.138, 0.332)

The optimal models were determined based on the minimum AIC after 1,000 iterations of bootstrapping, except juvenile Oncorhynchus mykiss genetic distances whose optimal models were
determined based on the non-bootstrapped minimum AIC. The values of associated information (LogLik, Model Fit, MLPE.coeff) are non-bootstrapped original values. Model fit for models is
pseudo marginal R-squared. AIC, Akaike Information Criterion; LogLik, Log-Likelihood; MLPE.coeff, coefficient of the resistance surface estimated by Maximum Likelihood Population Effect
regression. The 95% CI for the MLPE coefficient is presented in brackets.
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FIGURE 7

The best optimal resistance surfaces by ResistanceGA for each response matrix of (A) O. tshawytscha neutral, (B) O. tshawytscha return-timing, (C) all O. mykiss neutral, (D) all O. mykiss return-timing, (E) adult
Steelhead neutral, (F) adult Steelhead return-timing, (G) juvenile O. mykiss neutral, (H) juvenile O. mykiss return-timing genetic distance. Green colors represent higher resistance values while yellow to red
represent lower resistance values. Optimized resistance values for (A, H) were homogeneous across the geographic extent, implying their genetic distances could not be explained by environmental variables, any
better than euclidean-distance-based Isolation by Distance.
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between formerly allopatric populations (Fraik et al., 2021). While
we know the natural-origin Steelhead populations in the upper river
have significantly increased post-dam removal (Denton et al,
2022b; Peters et al., 2022; Pess et al., In Review). We observed
diminished Ny, above the former dams, but an increase below the
former dams. Biologically, this might reflect down river movements
of resident rainbow trout after dam removal and greater overall
admixture. Alternatively, this could be an artifact of sampling
location and design since Steelhead may not have been sampled
at spawning sites. Ascertainment bias in the genotyping panels
utilized for this study could also explain deviations from previous
work. One half of the neutral loci in the O. mykiss GTseq panel (92
SNPs) were selected to delineate genetic stocks at a river basin or
watershed level, across reporting groups in the Columbia River and
across the US West Coast (Narum et al., 2010; Abadia-Cardoso
etal, 2011; Limborg et al.,, 2012). Given the geographic focus of our
study is considerably smaller than the target spatial scale of the
panels, we may be observing higher genetic covariance amongst the
SNP genotypes of fish from the Elwha River watershed, in line with
the intended purpose of the panel.

Similar to O. mykiss, we did not observe significant evidence of
genetic structure in O. tshawytscha. The reestablishing O.
tshawytscha in the Elwha are heavily dominated by hatchery
spawners that were generated from the small, natural-origin
population that remained below the dams decades after dam
removal (McHenry et al., 2022). We have evidence that eleven of
the O. tshawytscha sampled in the Elwha River might represent
strays (McKinney et al, In Prep) and may encompass greater
genetic diversity. As the neutral loci in the O. tshawytscha panel
were designed to delineate genetic stocks, we may be capturing the
introduction of straying fish admixing with Elwha River endemic O.
tshawytscha. While there is limited data to determine how genetic
diversity and structure changed over time (Appendix Table 2), these
genotypes provide an important baseline for O. tshawytscha as
limited genetic studies have been published on Elwha and
surrounding Puget Sound populations to date (McKinney et al,
In Prep; Ruckelshaus et al., 2006; Winans et al., 2008).

While we did not find evidence of significant neutral genetic
structure between locations, there were significant deviations in the
return-timing allele frequencies across the watershed in O. mykiss,
but not O. tshawytscha (Figure 6). In O. mykiss, there were higher
frequencies of the early return-timing haplotypes and alleles in fish
sampled above the former dams compared to below the dams post-
dam removal (Figures 5, 6). In the Elwha River, both early return-
timing life-history forms of each species were extirpated following
dam construction (DOI, 1996). The resident form of O. mykiss,
rainbow trout, was able to persist in the middle and upper
watershed, while O. tshawytscha and the anadromous form of O.
mykiss, Steelhead, were limited to seven river kilometers of
spawning habitat below the dams (McHenry et al., 2017). While
Steelhead were not able to return to spawn above the dams, these
land-locked O. mykiss harbored high proportions of the early
return-timing alleles and maintained high levels of standing
genetic variation river-wide (Hiss and Wunderlich, 1994; Winans
et al., 2016; Fraik et al.,, 2021; Fraik et al., 2022). Steelhead
reestablished in the upper river before O. tshawytscha (Duda
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et al,, 2020; Duda et al,, 2021), with the first early return-timing
Steelhead detected in 2013 (Personal Comm. J. McMillan) and
Chinook detected in 2022 (Personal Comm. R. Peters). A high
proportion of these summer Steelhead ascending the former
dammed river have been shown to be descendants of the land-
locked, above-dam ancestries (Fraik et al., 2022). The preference for
summer Steelhead to spawn in colder, snow-melt fed water (Busby
etal,, 1996) may also suggest there is pleiotropy at the return-timing
genetic locus for local adaptation (Micheletti et al., 2018).

Riverscape genetic models indicated that patterns of return-
timing variation in O. mykiss were affected by sampling site
environmental differences. Variation in frequencies of early
return-timing alleles in adult Steelhead and juvenile O. mykiss at
sampling sites were best explained by habitat and full models. Pool
frequency was a significant covariate in the habitat model for adult
Steelhead, suggesting that spawning Steelhead adults with different
early return-timing genotypes may be differentially impacted by
spawning ground habitat characteristics. Similarly, juvenile O.
mykiss return-timing, as well as neutral genetic variation, was best
explained by habitat variables (pool frequency and canopy) across
rearing habitat. When considering all O. mykiss cumulatively, the
significance of these models diminished. Consistent influence of
habitat characteristics across age classes and genetic response
variables suggests that these covariates may be biologically
significant, reflecting age class specific responses.

Broadly, we found that geographic distance best explained
patterns of neutral gene flow both at-site (IBE) and between-site
(IBR) for most species’ models. The full and habitat IBE models
were the optimal neutral models for Steelhead and juvenile O.
mykiss, but not for O. tshawytscha. The lack of environmental
influence observed in the O. tshawytscha models most likely reflects
the limited, or lack of, environmental heterogeneity among O.
tshawytscha sampling sites. While water temperature is usually a
significant environmental factor influencing growth, migration and
movement in salmonids (Brewitt and Danner, 2014; Kendall et al,,
2015; Armstrong et al,, 2021; Pitman et al, 2021), temperature
variation throughout the Elwha is not physiologically limiting
(Myrick and Cech, 2005; Siegel et al., 2022; Siegel et al., 2023)
and probably not impacting gene flow. Alternatively, these
differences could be the by-product of how O. mykiss were
sampled at specific sampling sites at known age classes compared
to O. tshawytscha, which were sampled across river reaches post-
spawning. For example, MWMT stream temperature standard
deviation for O. mykiss was 0.44 Celsius (n = 19, mean = 16.1
Celsius, range = 15.1-16.5 Celsius) and O. tshawytscha was 0.37
Celsius (n = 9, mean = 16.6 Celsius, range = 16.3-17.4 Celsius),
reflecting a narrow range of environmental variation across the
sampling locations. However, these differences in stream
temperature could also reflect the statistical uncertainty around
the derivation of environmental point estimates from stream
reaches rather than geographic points. Regardless, we may simply
lack the statistical power to detect the influence of the environment
on neutral variation due to a more homogenous resistance surface.

In this study, we explicitly did not conduct any direct
comparisons between O. tshawytscha and O. mykiss because of
several important differences in the founding populations, sampling
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methods, and stage of recovery of the two species in the Elwha
River. First, the founding Elwha O. tshawytscha is not only smaller
than the O. mykiss population but represents lower return-timing
genetic diversity compared to O. mykiss (Figures 4, 5). Both species
populations are bolstered by hatchery programs that were founded
from below dam, natural-origin Elwha broodstock that do not
necessarily select for diversity at the GREBIL/ROCKI locus.
While these hatchery fish make up a large proportion of the
reestablishing O. tshawytscha population, they make up less of the
Steelhead population (Pess et al., In Review; Denton et al., 2022a;
Denton et al., 2022b; McHenry et al., 2022; Peters et al., 2022).
Reestablishing Steelhead possess ancestry from below dam, similar
to those of hatchery fish, as well as formerly above and in-between
dam ancestries that contain greater return-timing genetic variation
(Fraik et al,, 2021). Second, the temporal and spatial extent of
sampling was more limited for O. tshawytscha than for O. mykiss.
The relatively short time frame of sampling for O. tshawytscha and
the majority of samples coming from the lower reaches of the Elwha
is a direct result of this species being in an early stage of
reestablishment in the Elwha River. While these sampling
limitations do impede the power of temporal and spatial analyses
for O. tshawytscha, our study was able to document contemporary
patterns, or the lack thereof, of genetic variation in the study area.
For example, while IBD models were the most optimal for O.
tshawytscha, the coefficients were not significantly different from
zero reflecting no clear association or return-timing variation with
river kilometer. Thus, we may be observing an artifact of a founder
effect generated by genetic stochasticity rather than IBD (Gaggiotti
et al.,, 2004; Weigel et al., 2013). In contrast, we observed a positive
association between geographic distance and return-timing genetic
distance and resistance in O. mykiss, regardless of age class. These
results may occur because distance can represent a proxy for the
cumulative differences in environmental conditions experienced by
each return-timing life-history as individuals move further upriver
from the ocean (Rougemont et al., 2023), and our sampling sites for
O. mykiss extended over twice the distance upstream compared to
O. tshawytscha sampling sites.

Our study provided a framework for testing the impacts of a
significant environmental change, large barrier removal, on the
recovery of two important species and their key life-history forms.
The reservoir of neutral and return-timing genetic variation
maintained in resident rainbow trout above the dams appeared to
allow for rapid, robust reestablishment of diverse O. mykiss life-
history forms river wide post-dam removal. While we did not have
phenotype data to characterize recovery of each life-history form in
the watershed, we were able to infer how adaptive potential
underlying these life-history forms is distributed (Hess et al,
2016; Prince et al., 2017; Micheletti et al., 2018; Narum et al.,
2018; Thompson et al., 2019; Collins et al., 2020; Ford et al., 2020;
Koch and Narum, 2020; McKinney, 2020; Willis et al., 2020; Willis
et al.,, 2021; Tigano and Russello, 2022; Waples et al., 2022). We
observed species and age-class specific patterns of genetic distances
structured among sites that shows how at- and between-site
environmental heterogeneity may influence O. mykiss. Given that
O. tshawytscha were extirpated from the river above the former
dams, we are still in the early stages of observing their
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reestablishment in the upper watershed. We were able to test
biologically informative hypotheses about environmental
heterogeneity that influence species, population and life-history
specific gene flow. However, differences in the geographic scale,
time frame and sampling methodologies for each species must be
considered in the interpretation of results in this study. Future
studies should continue to monitor O. tshawytscha to study the
long-term impacts of different demographic and environmental
factors on reestablishment.
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Human stressors block, eliminate, and simplify habitat mosaics, eroding
landscapes’ life history diversity and thus biological resilience. One goal of
restoration is to alleviate human stressors that suppress life history diversity, but
life history responses to these efforts are still coming into focus. Here, we report
life history diversity emerging in threatened salmonids (Oncorhynchus spp.)
repopulating the recently undammed Elwha River (WA, United States) in adjacent
but environmentally distinct tributaries. The ~20km tributaries entered the Elwha
River <1km apart, but one had a colder stream temperature regime and swifter
waters due to its high, snow-dominated elevation and steep valley gradient (~3%),
while the other had a warmer stream temperature regime and slower waters
because it drained a lake, was at lower elevation, and had a lower stream gradient
(~1.5%). Following the 2012 removal of Elwha Dam, the tributaries’ salmonids
generally became more abundant and expressed diverse life histories within and
among species. The warmer, low-gradient tributary produced more age-1+coho
salmon and steelhead. Additionally, salmonids exiting the warmer tributary were
older and possibly larger for their age class, emigrated ~23 days earlier, and
included age-0 Chinook salmon that were larger. Also, assemblage composition
varied among years, with the most abundant species shifting between Chinook
salmon and coho salmon, while steelhnead abundances generally increased
but were patchy. These patterns are consistent with a newly accessible,
heterogeneous landscape generating life history diversity against the backdrop
of patchy recruitment as salmonids—some with considerable hatchery-origin
ancestry—repopulate an extirpated landscape. Overall, dam removal appears to
have promoted life history diversity, which may bolster resilience during an era of
rapid environmental change and portend positive outcomes for upcoming dam
removals with similar goals.

Elwha river, habitat mosaic, restoration, thermal regime, phenology
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Introduction

Diversity promotes ecological resilience and efforts to restore
connected, functional habitats often seek to rebuild aspects of diversity
that have been depleted. Diverse habitats enable varied life histories,
creating biological systems that spread risk, locally process
disturbances, and exploit unpredictable opportunities (Levin, 1992;
Tilman and Downing, 1994; Schindler et al., 2015). In this way,
diversity helps promote stability over greater temporal and spatial
scales, which is key to reliable ecosystem services (Greene et al., 2010;
Schindler et al., 2010). Human stressors can suppress diversity within
and among species, which has prompted attempts to rehabilitate
biological diversity by reconnecting and restoring impaired habitats
(e.g., Boughton etal.,, 2022; Soulodre et al., 2022). However, empirical
outcomes of such efforts are still coming into focus.

Rebuilding diversity is critical for Pacific salmon and trout
(Oncorhynchus spp.; hereafter: salmonids). Salmonids are culturally,
ecologically, and economically significant taxa native to the Pacific
Rim. They are often migratory and adapted to diverse habitat mosaics
across a wide range of landscapes (Quinn, 2018). Within and among
species, life history attributes such as differences in timing (e.g., age at
ocean entry, age at maturity, and spawning season) and habitat use
(e.g., low elevation vs. high elevation spawning) are sustained through
variable physical environments and genetics, contributing to
population stability and increasing the reliability of fisheries (Greene
etal., 2010; Schindler et al,, 2010; Hodge et al., 2016). A suite of diverse
life histories—using a variety of habitats at different times for different
reasons—can help buffer annual and seasonal variation in population
survival, which is critical for salmon given their naturally high
mortality rates (Quinn, 2018). For example, Alaska’s comparatively
undeveloped landscape and its varied, functional habitats support
substantial life history diversity that contributes to more sustainable
production and more consistent fisheries (Hilborn et al., 2003;
Schindler et al., 2010; Brennan et al., 2019). In contrast, human
stressors across highly-modified habitats in California have eroded the
diversity and resilience of what was once a reliable fishery and made
it more susceptible to drought and temperature fluctuation (Carlson
and Satterthwaite, 2011; Munsch et al., 2022).

Human modifications and stressors have imperiled salmonids,
particularly across their southern range (Nehlsen et al, 1991).
Consequently, many efforts have sought to restore lost habitat and
rebuild life history diversity to improve productivity, resilience, and
viability, especially against the backdrop of increasing climatic impacts
(e.g., rising temperatures and shifting streamflow patterns; Beechie
et al, 2013). One particularly promising approach to improve
salmonid life history diversity is the removal of impassable dams to
restore formerly connected habitats. Restored connectivity can
increase the variety of habitats salmon use, within a species range of
preference, and provide salmon with greater potential for expressing
diversity across landscapes (Pess et al., 2014). For instance, deep-
bodied coho salmon (O. kisutch) prefer slow-moving pools in
low-gradient streams whereas cylindrical-shaped steelhead (O. mykiss)
prefer shallower, faster waters in steep streams, and Chinook salmon
(O. tshawytscha) are more intermediate (Bisson et al., 1988). Further,
each species generally remains in freshwater for different periods of
time and migrates to sea at different ages and sizes (Quinn, 2018).
Because survival, movement, and migration timing partly depends on
juvenile growth in freshwater, however, different habitats can produce
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slightly different life history trajectories within each species. For
example, water temperature strongly influences incubation and
growth rates, and thermal regimes can vary extensively within and
across stream networks (Hawkins et al., 2020). Given adequate food,
salmonids tend to grow fastest as water temperatures increase up to
and within their thermal optimum (Brett et al., 1969). Additionally,
eggs incubate faster in warmer water (Murray and McPhail, 1988).
Salmonids often move and migrate when they exceed a threshold size
(e.g., reaction norm: Bjornn et al., 1968; Peven et al., 1994), ostensibly
to optimize differential tradeoffs in growth and mortality regimes in
freshwater and marine habitats, which is mediated by size-selective
mortality (Quinn, 2018). As a result, juvenile salmonids often
outmigrate earlier (Roper and Scarnecchia, 1999) and at younger ages
(Cline et al,, 2019) in warmer years and warmer systems that do not
frequently exceed the species thermal optimum (Liermann et al.,
2017). Accordingly, different temperature regimes across landscapes
are likely to promote different growth and migration patterns, and
restoring access to a broader range of temperature regimes may
therefore help salmon increasingly realize greater life history diversity.

Here, we quantify the life history attributes of salmonid
assemblages in two newly accessible, adjacent, but environmentally-
distinct tributaries following dam removal. We focus on the species-
specific outmigration timing, age structure, and length at date of
seaward migration in juvenile coho salmon, Chinook salmon, and
steelhead. The research was conducted in the Elwha River (WA,
United States) where dams previously blocked 95% of anadromous
habitat and dam removal in 2012 restored habitat access for the first
time since 1912. Previous work indicates the diversity and abundance
of salmonids has increased as they access former habitats and resume
life histories that require a connected river system (e.g., Quinn et al.,
2017; Duda et al., 2021; Fraik et al., 2021). However, most of that
research was centered on the adult life stage. For juveniles, Liermann
et al. (2017) found a warmer, low-gradient stream produced more
coho salmon smolts and earlier-outmigrating coho salmon fry
compared to a colder stream. Building on this, our goal was to use new
data to quantify and compare juvenile life history expression in newly
opened habitats with contrasting features. Specifically, we focus on the
juvenile life stage and analyze data collected from 2016 to 2021 to
characterize and compare the timing of juvenile migration, age
structure, and growth trajectories of all salmonid species that were
commonly found during sampling. These results may inform
expectations in other systems where dam removal and other
restoration actions seek to improve access to diverse landscapes and
increase life history diversity.

Methods
Study region and species

The 72 km Elwha River drains an old-growth, forested landscape
within Washington State that connects perennial snowfields in the
Olympic Mountains to the Salish Sea (Figure 1). The Elwha River’s
tributaries are generally shaded, primarily by Douglas fir
(Pseudotsuga menziesii) and western hemlock (Tsuga heterophylla),
while understory vegetation includes sword fern (Polystichum
munitum) and Oregon grape (Mahonia spp.), among others (Munn
et al., 1999). Substrate size varies across the basin with local habitat
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Study region, focal species, and tributary temperature regimes. Lines describing temperature regimes are cubic regression splines fit to the points as a
visual aid. Here and after, we follow the convention that Indian Creek, which is warmer, is depicted in orange, while Little River, which is cooler, is

type (e.g., riffle and run) and stream order, with mean sizes ranging
from ~10-170mm (Munn et al, 1999; their Figure 11). For
millennia, people including the Lower Elwha Klallam Tribe shared
this landscape with an abundance and diversity of salmonids that
enabled sustenance, identity, and culture (reviewed by Guarino,
2013). In 1912, Olympic Power and Development Company
constructed the Elwha Dam on the river’s mainstem at rkm 7.9,
blocking ~95% of accessible habitat to salmonids (Olympic Power
also constructed an additional dam, Glines Canyon, upstream in
1925; Brenkman et al., 2019). In 1992, following declines in salmonid
production, tribal advocacy, and legal proceedings, U.S. Congress
passed the Elwha River Ecosystem and Fisheries Restoration Act,
authorizing the eventual removal of the dams in 2012. Notably,
much of the watershed drained by the Elwha River remains
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undeveloped as it is located in Olympic National Park. This effort
constituted the largest dam removal project in the world and is
arguably the most direct attempt ever to recover a human-stressed
landscape’s natural potential to produce abundant, diverse salmonids.

Despite its history of stressors, the Elwha River is inhabited by
many species of Pacific salmon and trout (Duda et al., 2021). Among
these species are Chinook salmon, coho salmon, and steelhead, which
rear in streams and are the focus of this study (Figure 1). The Chinook
salmon and steelhead populations in this system are listed as
threatened under the U.S. Endangered Species Act. These anadromous
species express considerable variation in their juvenile life histories,
including their seasonal outmigration timing and length of freshwater
rearing (Quinn, 2018). In addition to the species that we focus on here
because they were abundant in the observed tributaries, chum salmon
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(O. keta), pink salmon (O. gorbuscha), cutthroat trout (O. clarkii), bull
trout (Salvelinus confluentus), sculpins (Cottidae), and lamprey
(Entosphenus tridentatus) inhabit the Elwha River system.

Dam removal restored access for salmonids to the Elwha River’s
environmentally-distinct tributaries Indian Creek and Little River.
They are the first major tributaries encountered by salmon swimming
upstream, enter the Elwha River mainstem within ~1km of one
another, and drain similar areas (Indian Creek: 60 km?, Little River:
52km?). However, they support markedly different habitats—one
being cold and steep, the other being warmer and lower-gradient.
Little River has a colder stream temperature regime (annual mean:
7.5°C Washington Department of Ecology, 2016; Figure 1) due to its
elevation, including the snow dominated zone with perennial
snowfields, and steeper valley gradient (~3%). In contrast, Indian
Creek has a warmer stream temperature regime (annual mean: 9°C,
Washington Department of Ecology, 2016; Figure 1) because it drains
Lake Sutherland, is at lower elevation, has a lower stream gradient
(~1.5%), and has ample beaver activity. Note: the tributaries’ daily
temperature values in Figure | are a combination of empirical
observations and imputed values estimated by quantifying statistical
relationships between temperature in the tributaries and the Elwha
River mainstem and neighboring Quinault River, for which more
complete time series were available (details: Liermann et al., in review,
this issue).

Also of note, hatcheries have in some years transported adults
from the lower Elwha River to Indian Creek and Little River.
Specifically, 179 and 117 Chinook salmon were relocated to Indian
Creek in 2012 and 2013, respectively; 11 and 35 steelhead were
relocated to Indian Creek in 2012 and 2016, respectively; and 35, 88,
and 59 steelhead were relocated to Little River in 2012, 2013, and 2014,
respectively (details: Pess et al. in review; this issue). Additionally,
hatcheries seeded Indian Creek in 2011-2014, 2016, 2017, and 2021
and Little River in 2011-2013 with surplus adult coho salmon to
accelerate recovery (McHenry et al., 2022). Furthermore, adult
Chinook salmon returning to the Elwha River system at present are
predominantly hatchery origin (Pess et al., in review, this issue). That
is, juveniles emigrating from Indian Creek and Little River are natural-
origin, but their ancestors, including some of their parents, were likely
raised by hatcheries.

Data collection

Screw trap observations quantified attributes of salmonids
migrating from Indian Creek and Little River. Traps were located at
river kilometer (rkm) 0.5 in Little River and 0.7 rkm in Indian Creek
and were monitored from late winter to late summer 2016-2021.
Fieldworkers identified and measured individual lengths, and
Chinook and coho salmon were classified as age-0 or age-1+ based on
length cutoffs (80 and 60mm for coho and Chinook salmon,
respectively). However, in a separate analysis on a subset of these
outmigrants, we explored the possibility that some coho salmon and
steelhead were age-2. Indeed, steelhead were not assigned age classes
in the field because of their complex age structure and phenology that
produces a less obvious break in length distributions (given the date)
between age classes. Instead, we attempted to make these assignments
and make primary inference about individual ages in a more rigorous
modeling analysis described below.
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Tributaries were inhabited by the anadromous (steelhead) and
resident (rainbow trout) forms of O. mykiss. Fieldworkers followed the
convention of only identifying smolting individuals (characterized by
silver coloration adapted to marine habitats) as steelhead and not
identifying individuals under 55 mm as steelhead, because O. mykiss
and sympatric cutthroat trout (O. clarkii) are not visually
distinguishable below that length.

Trap efliciency was measured by mark-recapture procedures
whereby fieldworkers dyed 100-200 age-0 fish with Bismarck brown
and released them upstream of the trap, enabling calculation of weekly
efficiency as the proportion of recovered marked fish. The procedure
was repeated weekly and marked fish recaptured in the trap usually
arrived within 3-4days after release. Typically, marked fish were
natural-origin (i.e., not hatchery-origin) Chinook salmon, coho
salmon, and steelhead. To calculate capture efficiencies during periods
of low natural abundance, juveniles transported from hatcheries were
used as surrogates. We divided daily counts by efficiency to estimate
total outmigration counts. We inferred that juveniles were natural
origin because (1) hatcheries on the Elwha River are below the former
Elwha Dam location and thus below the tributary mouths and (2)
hatchery coho salmon and steelhead were identifiable via clipped
adipose fins and traps caught zero clipped fish.

In addition, fieldworkers enumerated Chinook salmon redds (egg
nests) across the tributaries during the spawning season. We chose to
include these data post hoc after noticing substantial annual variation
in juvenile Chinook salmon that we thought may be due to variation
in adult spawning abundances.

Analyses

We used mixed effects models to (1) compare the abundances of
salmonids between tributaries, (2) compare the timing of median
annual outmigration date between tributaries, and (3) examine for
effects of density dependence on Chinook salmon length. Models
comparing abundances and outmigation timing were similarly
parameterized as:

u=Ppo+pPiX;+ac

ac ~ N(O,o-zc)

where log(abundance+1) or median migration date p was a
function of an intercept By, an effect f; of tributary X,, and random
intercepts a.. Here and after, tributaries were categorical variables,
meaning their model parameters were informed by binary vectors
of whether (1) or not (0) observations occurred in a given tributary.
For abundance models, ¢ indicated different years and for the
outmigration model, ¢ indicated different combinations of years,
species, and fishes’ identifiable age class (e.g., 2016 Chinook age-0,
2020 steelhead smolt). For the latter, we combined these variables
rather than including separate random intercept parameters for year
and salmonid type to avoid a scenario whereby models attempted to
fit random effects to variables with few levels for each variable
(Bolker et al., 2009), while following the guiding premise that the
model should account for fish of the same type and within the same
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year outmigrating at similar times to better isolate differences in
timing among tributaries. Also for the outmigration timing model,
we only compared combinations of years, species, and identifiable
age classes when abundances in both tributaries’ traps were in the
top 33rd percentile of abundances (5,804 individuals) relative to
each combination of year, species, age class, and tributary to focus
on comparisons with more robust sample sizes. Initial explorations
suggested that this was a natural cutoff below which counts were too
few or patchy for medians and cumulative distribution functions to
informatively describe outmigration timing.

Then, we used non-metric multidimensional scaling (NMDS) to
compare the composition of salmonid types (each species and
identifiable age class; hereafter “assemblage”) between tributaries and
among years. The NMDS was fit to two dimensions using a Bray-
Curtis dissimilarity matrix. The format of this data was rows: years,
columns: salmonid types (e.g., Chinook age-0, Coho age-1), and cell
data: summed abundance. To test for differences in composition
between assemblages, we used a permutational ANOVA
(PERMANOVA; Anderson, 2001), which was also implemented using
a Bray-Curtis dissimilarity matrix and included the categorical
explanatory variables of tributary and year.

Next, we used Bayesian mixture models to assign salmonids to age
classes and quantify differences in length between tributaries.
Formally, these models were parameterized where the age, a [i ], of fish
i, followed a categorical distribution with a dirichlet prior on p. The
resulting age then determined the age specific length distributions.

L~ normal(ﬂa[i]’aa[i])
ali]~cat (p)

p ~ dirichlet (o)

The mean age specific fish length was modeled using year and
tributary specific effects (¥}, and 7;) along with a linear relationship
with julian date (a-d; ).

Y a+Ty
Hafi] = Sa[ije " " +ad

The year effect, Y, V[ip was modeled hierarchically using a normal
distribution with mean 0 and estimated standard deviation. The
tributary effect, Tip was modeled with normal priors. See
Supplementary material for more details.

While steelhead often outmigrate at age-2 (Busby et al., 1996) and
preliminary data explorations suggested their lengths followed a
relatively clear trimodal distribution (ages 0-2), this was not the case
with coho salmon. This assemblage included distinct age-0 and age-1
individuals, but also—particularly in Indian Creek—markedly larger
individuals. We therefore fit coho salmon lengths to a trimodal
mixture model as we did for the steelhead, but refer to the largest coho
salmon tentatively as “age 2?7 and address this uncertainty in
the Discussion.

Additionally, in the case of Chinook salmon, which were almost
entirely age-0, we used a linear mixed effects model to quantify
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differences between tributaries in size at date. Formally, this model
was parameterized as

u=po+ BiXy+ fXo + f3X) X +ac
ay ~ N(O,o-zc)

where Chinook salmon length p was a function of an intercept f,,
an effect p, of day of year X, an effect §, of tributary X,, an interactive
effect f; between day of year and tributary, and a random intercept a
of year c. In plain terms, this model quantified how much larger
Chinook salmon in Indian Creek were than in Little River, while
accounting for seasonal growth that increasingly separated juvenile
lengths between tributaries as winter progressed into summer as well
as interannual differences in length among years due to factors not
explicitly accounted for.

We also investigated effects of density dependence on Chinook
salmon length within each tributary. These models were
parameterized as:

u=Po+ Xy + B2 Xo + B3X1 X3 +a

ac ~ N(O,o-zc)

where Chinook salmon length p was a function of an intercept f,,
an effect P, of total annual Chinook salmon outmigrants X, an effect
B, of day of year X,, the interactive effect §; of total annual Chinook
salmon outmigrants and the day of year, and random intercepts a for
each year c. We used this model structure because we anticipated that
Chinook salmon would be smaller in years with more conspecific
migrants due to competition, that salmon would be larger later in the
year, and that potential effects of competition on salmon size would
be more apparent later in the year as salmon had experienced more
time to grow. Ideally, we would also have examined for effects of
density dependence on lengths of other salmonid species, but
we decided against this because other species’ longer rearing times
complicated our ability to quantify competition. For coho salmon and
steelhead, multiple age classes competed year-round while growth and
mortality occurred prior to measurements at the traps, introducing
much uncertainty in attempts to describe how many fish were present
and how high their resource demands were during years prior. This
challenge was less concerning in the case of Chinook salmon because
nearly all juveniles outmigrated at age-0 before summer, making total
annual counts more conducive to estimating competition.

Results

Indian Creek and Little River supported a diversity of abundances,
outmigration timings, and ages across Chinook salmon, coho salmon,
and steelhead (Figures 2-4). Salmonids outmigrated from January to
November, mostly within late winter to early summer. Chinook
salmon generally migrated earliest, followed by a relatively protracted
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FIGURE 2
Assemblage composition compared between tributaries and among years. Y axes are log transformed to improve visibility of smaller counts.

outmigration of coho salmon that began before and ended after
steelhead outmigrations. Abundance and composition also varied
among years, with greater abundances in 2019-2021 than 2016-2018,
coho salmon dominating the assemblage in 2017 and 2018, and
Chinook salmon dominating the assemblage in 2016, 2019, and 2020.
Juveniles were generally more abundant in Indian Creek than Little
River, except in 2020 when juveniles were much more abundant in
Little River and in 2018 when abundances were approximately equal
between tributaries. Chinook salmon were dominated by small
individuals presumably age-0 whereas coho salmon and steelhead
included a wider range of sizes that presumably reflected multiple age
classes. Overall, while distinct patterns in assemblages were present
between tributaries (discussed below), there was also considerable
variation among years, with each year and tributary supporting
different assemblages. Altogether, this variation meant that the timing,
shape, and number of migration peaks was markedly different among
years and between tributaries.

Indian Creek and Little River supported distinct salmonid
assemblages (Figures 2-5). Indian Creek supported greater
abundances of coho salmon, especially age 1+ individuals, and
steelhead. Indeed, age-1 coho salmon and steelhead were significantly
more abundant in Indian Creek than Little River (Table 1, p<0.001
[coho salmon], p=0.0021 [steelhead]). Abundances of other
salmonids did not significantly differ between tributaries (Table 1,
p > 0.44). In both tributaries, age-0 Chinook salmon were
numerically dominant.

The tributaries’ assemblages differed significantly (Table 2,
p=0.001) but also shared significant temporal patterns (Figure 5,
Table 2). Both tributaries’ assemblage trajectories generally went
up and right, then down, then left, then right in NMDS space
from 2016-2021 (Figure 5). Perhaps the most striking variation
shared by the tributaries over time was in Chinook salmon
abundances, which were relatively high in 2016 and 2019-2021.
In addition to this, steelhead abundances generally increased over
time while coho salmon dominated assemblages in 2017 and
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2018. Finally, both tributaries supported greater total salmonid
abundances in each year of 2019-2021 than each year of
2016-2018.

Salmonids outmigrated ~23 days earlier from Indian Creek than
Little River (Figure 6, Table 1, p=0.020). Notably, monitoring in
Indian Creek in some years appeared to begin after annual
outmigrations had begun, suggesting the difference in median
outmigration dates between the tributaries was likely an
underestimate. For all species combined, the outmigration timing was
also more protracted in Indian Creek compared to a more pulsed and
shorter migration period in Little River, which was often due to its
abundance of later-migrating coho salmon.

Age at outmigration also varied between tributaries. Both
tributaries supported multiple outmigrant age classes, but Indian
Creek supported proportionally older (or markedly larger—see
Discussion) coho salmon and steelhead (Figure 7). Ages (or possibly
only sizes, in the case of larger individuals) of coho salmon were
especially different, with Little River supporting predominantly age-0
outmigrants whereas age-0 outmigrants comprised only ~50% of
outmigrants in Indian Creek.

Some salmonid lengths differed between tributaries and were
constrained by competition. Lengths of coho salmon (tributary
parameter 95% CI posteriors: —0.57-0.55; Supplementary material)
and steelhead (—0.83—0.71; Supplementary material) were not
detectably different between tributaries. Notably, the complex age
structure and multimodal length distributions of these species may
have made differences between tributaries harder to detect. Chinook
salmon, however, were significantly smaller in Little River than Indian
Creek (p<0.001; Table 1) and these differences widened as winter
progressed through summer (p<0.001; Table 1) (Figure 8).

The model detecting this relationship indicated that salmon were
6 mm smaller in Little River on April 5, the average day of year that
Chinook salmon were measured. Effects of competition on salmon
length (i.e., density dependence) were also evident in Chinook
salmon. Specifically, Chinook salmon in both tributaries were smaller
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Timing and assemblage composition compared between tributaries and among years. Within-year counts are summed by week. Y axes are log
transformed to improve visibility of smaller counts.

later in the year during years when tributaries’ total Chinook
outmigrants were greater (Figure 8, bottom). There was statistical
evidence for density-dependent effects on growth in Indian Creek (p
<0.001; Table 1) and Little River (p = 0.0021; Table 1), with effect size
being greater in Indian Creek than Little River (parameter estimate:
—-2.7 vs. —1.0; Table 1). Visual patterns suggested that density
dependent effects on length were particularly apparent during May-
July (Figure 8, bottom).

Chinook salmon redd counts generally increased across the study
period, with especially high counts in 2018 and 2019 and greater
counts in Indian Creek than Little River in 2016-2021 (Figure 9). For
context, from 2014 to 2016, recruitment of Chinook salmon into Little
River was impacted by the position of the river. During that time, the
channel was on the west side of the valley and Little River flowed
across a broad gravel bar, which restricted access to the relatively large
Chinook salmon spawners. Notably, high Chinook salmon redd
counts in 2018 and 2019 were followed by higher juvenile Chinook
abundances in 2019 and 2020 (Figure 2).

Discussion

We quantified the demographics of juvenile salmonids
outmigrating from a heterogeneous landscape made accessible by dam
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removal. The tributaries supported different species assemblages,
outmigration timings, age structures, and population-level growth
trajectories. Specifically, the warmer tributary produced salmonids
that outmigrated ~23 days earlier, more age-1 coho salmon, more
steelhead, some notably large or old coho salmon, and larger Chinook
salmon given the date. Additionally, species composition and
abundance varied substantially among years and between streams.
Moreover, the colder, steeper tributary generally produced fewer
juveniles, except in 2020 when abundances were dramatically higher
in the colder, steeper tributary than in other years and in 2018 when
abundances were approximately equal between tributaries. The
patterns we observed were potentially due to multiple processes: (a)
different stream gradients and temperature regimes favoring different
species, (b) warmer temperature regimes accelerating incubation and
growth, thus shifting seasonal outmigration timing forward, (c)
stochastic, patchy adult recruitment and juvenile production during
early phases of salmon repopulating the landscape, and (d) hatcheries
sustaining baseline abundances of domesticated Chinook salmon that
are not locally-adapted to the tributaries and happen to perform better
in one than the other. Overall, restoring connectivity to tributaries
with different characteristics rapidly enabled species to express diverse
life histories. Such biological diversity is known to emerge from
diverse habitat mosaics and promote resilience (e.g., Schindler et al,
2010; Lisi et al., 2013).
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Temperature, stream gradient, and lake presence are fundamental
to salmonid habitat mosaics, vary across landscapes, and likely drove
some differences in demographics between the tributaries. High
abundances of coho salmon being produced by a warmer, low-gradient
tributary with lake access and ample beaver wetlands was consistent
with this species’ known habitat preferences (Bisson et al., 1988;
Bugert and Bjornn, 1991). Additionally, temperature regimes vary
across landscapes and influence all phases of salmonid life histories
(e.g., Brett et al,, 1969; Richter and Kolmes, 2005; Lisi et al., 2013;
FitzGerald et al., 2021). Our estimate that salmonids outmigrate ~23
days earlier in the warmer tributary extends similar findings on coho
fry (Liermann et al., 2017) to Chinook salmon in these systems. Warm
or increasing temperatures can cue earlier migrations in juvenile
salmonids (Spence and Dick, 2014 and references therein), which is
consistent with our observations of earlier migrations in warmer
Indian Creek. In warmer waters that accelerate metabolism, juveniles
can incubate and - given sufficient food - grow faster, which may
enable them to reach outmigration size thresholds earlier in warmer
environments (Brett et al., 1969, Murray and McPhail, 1988, Peven
et al,, 1994, Cline et al., 2019). Put together, warmer waters and
presumably sufficient prey may have enabled Chinook salmon
inhabiting Indian Creek to grow faster, promoting earlier
outmigration. Interestingly, salmonids in warmer Indian Creek
included greater proportions of older (age-1+) coho salmon. Plausibly,
threshold lengths may determine outmgiration timing more directly
in individuals genetically predisposed to enter the sea at age-0 while
migration timing in individuals predisposed to rear for a year depends
less on individual length and thus temperature regime (unfortunately
ago-1 coho were not abundant enough in both tributaries during the
same years to robustly compare outmigration timings between them).
Moreover, mosaics of habitat types, and the associated differences in
the environmental conditions such as water temperature, depth, and
velocity, can affect the life history diversity and age structure of coho
salmon populations (Jones et al., 2021; Sethi et al., 2021). Coho
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salmon with access to lake environments (e.g., Lake Sutherland
connected to Indian Creek) in higher latitude watersheds can utilize
both lentic and lotic habitats, resulting in differences in life history, age
structure, and freshwater migration patterns (Sethi et al., 2017, 2021,
2022). Conversely, there can be differences in life history and size at
migration (yearling vs. parr, vs. fry migrants) and associated age
structure (age 0 vs. age 1 — spring, summer, or fall/winter) in systems
that have freshwater, estuarine, and ocean habitats connected or
disconnected (Jones et al., 2021). Overall, the distinct environments
in Indian Creek and Little River appear to have driven distinct life
histories in juvenile salmonids.

We observed greater abundances of steelhead in Indian Creek
than Little River, despite the latter’s steeper, colder environment.
While steelhead generally predominate among species in higher
gradient habitats (McMillan et al., 2013), this may reflect their
evolutionary ability to hold in faster currents (Bisson et al., 1988) and
their comparatively broad spatial distribution within a watershed
(McMillan et al., 2013) rather than a tendency to avoid warmer, lower
gradient areas. Indeed, steelhead as a species can certainly tolerate
rearing areas that are warm for salmonids (Richter and Kolmes 2005;
Sloat and Osterback 2013) because they have evolved a scope for
activity that is maximized at relatively warmer temperatures (Dickson
and Kramer 1971). And, as outlined above, warmer streams within
tolerable temperature ranges offer greater potential for growth, given
adequate prey availability. Additionally, Indian Creek is larger and
therefore presumably provides greater habitat capacity and its lake
head dampens flow variation that can cause scour and flooding. For
these reasons, Indian Creek’s environment may be more conducive to
steelhead production than Little River.

In addition to landscapes generating diversity, some
assemblage patterns among years and between tributaries may be
attributable to adult recruitment and hatchery processes. During
this study’s timeframe, salmonids were becoming more abundant
and widely distributed across the landscape (Duda et al., 2021,
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Pess et al., in review, this issue). Notably, Chinook salmon tend to
spawn in mainstems unless high spawner abundances (and
adequate flows) promote expansion into tributaries. This
appeared to happen in 2018 and 2019, when Chinook salmon
escapement was high (Pess et al., in review, this issue) and redd
counts in Indian Creek and Little River were especially high,
resulting in high juvenile abundances the following years. Indeed,
some of the synchronized variation in juvenile assemblage
composition between tributaries among years appeared to be
attributable to variation in adult spawning the year prior. If
Chinook salmon abundances continue to increase across the
landscape, annual spawner distributions may more routinely
expand into the tributaries, resulting in greater abundances the
following years. However, an important nuance to understanding
Chinook salmon in this system is that returning adults are, to
date, overwhelmingly hatchery-origin and presumably descend
from a hatchery lineage that originated in 1930 (Pess et al., in
review, this issue). It therefore seems unlikely that juvenile
Chinook salmon are locally adapted to Indian Creek or Little
River. One interpretation of Chinook salmon outmigrating at
smaller sizes from Little River may be that the current stock’s
genetically-determined traits happen to align more with niches in
Indian Creek than Little River.
productivity has an opportunity to eclipse hatchery productivity,

Over decades as natural

it remains to be seen whether natural selection will produce
locally-adapted populations that exploit localized environments
and opportunities, potentially driving more divergence in life
histories between tributaries.

Competition also appeared to influence juvenile lengths and
interact with the tributaries’ different growth opportunities.
Chinook salmon were smaller when conspecific abundances were
higher, and such density dependent effects are common for
salmonids in general (Grossman and Simon 2020). Notably, these
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effects were greater in Indian Creek, which appeared to support
faster growth than Little River. That fish appeared to grow faster
but experience greater density-dependent constraints on growth
in Indian Creek is consistent with Indian Creek’s warmer
temperatures offering greater potential for growth, but possibly
also greater potential for prey limitation by increasing salmonids’
metabolic rates. Indeed, whether warmer waters within tolerable
ranges promote growth depends on the interaction of temperature,
prey availability, and competition (Crozier et al., 2010). While
examining for the effects of competition on coho salmon and
steelhead was beyond the scope of our study because of their more
complex residence times, similar dynamics may influence growth
in these species as well.

Many of the assemblage changes among years and between
tributaries were unpredictable and yet appeared to offset one
another, underscoring the concept that ecosystems are often
stabilized by diverse options (Brennan et al., 2019; Munsch et al.,
2022). Specifically, assemblages shifted back and forth among
years from dominance by Chinook salmon to coho salmon and in
1year. Little River produced a large abundance of steelhead
smolts. Indeed, if the systems lacked Chinook salmon very few
fish would have been present in 2016 and if they lacked coho
salmon very few fish would have been present in 2017 and 2018.
Because the dynamics of these three species were not synchronized
among years, they generated portfolio effects whereby the
abundance of the total assemblage was more stable than the more
volatile abundances of individual species and age classes
(Schindler et al., 2015). As is typically the case in ecology, our
ability to predict or explain such fine-scale ecosystem changes will
always be limited. However, we can count on stability to emerge
from diverse systems on aggregate as their components spread
risk and respond differentially to disturbances and opportunities
(Schindler and Hilborn, 2015). Additionally, as alluded to above,
this system remains in a recovery phase and its dynamics perhaps
also reflect recruitment trends (i.e., generally increasing, but
patchy abundances over time) and “trial and error” in natural
selection contexts as populations attempt to inhabit and locally
adapt to newly accessible areas. Overall, salmon production
across the landscape may be stabilized by environmentally-
distinct tributaries enabling salmon to stagger their life cycles
across time and space, attributes that enable systems to spread
risk and take advantage of unpredictable opportunities (Schindler
et al., 2015).

Our findings are relevant to other attempts to increase salmonid
diversity via habitat reintroduction. For example, preliminary
observations suggest that the removal of San Clemente Dam (CA,
United States) has enabled a diversity of steelhead (and perhaps
rainbow trout) size classes to repopulate the landscape. Researchers
attribute this biological diversity similarly as in our study to the
diversity of newly-accessible habitats (Williams et al, 2018).
Additionally, an upcoming project removing dams on the Klamath
River will constitute the largest dam removal to date. This project will
target the recovery of distinct Chinook salmon life histories that
return in the spring and fall to different areas within the watershed
(Oregon Department of Fish and Wildlife and the Klamath Tribes,
2021). The Klamath River watershed supports a remarkably
heterogeneous landscape of stream temperatures and stream gradients
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TABLE 1 Summary statistics of mixed effects models quantifying salmonid abundance, outmigrations timing, and length.

Model Effect = Group Term Estimate  Std error P value

Chinook age-0 count fixed Global intercept 9.7 1.2 <0.001
fixed Pop: Little River -0.7 0.84 0.44
random year sd(Random intercept) 2.6
random residual sd__Observation 1.4

Chinook age-1 count fixed Global intercept 4.2 0.68 <0.001
fixed Pop: Little River —0.41 0.84 0.65
random year sd(Random intercept) 0.83
random residual sd__Observation 1.5

Coho age-0 count fixed Global intercept 8.4 0.58 <0.001
fixed Pop: Little River 0.51 0.66 0.47
random year sd(Random intercept) 0.86
random residual sd__Observation 1.1

Coho age-1 count fixed Global intercept 9.1 0.37 <0.001
fixed Pop: Little River -32 0.37 <0.001
random year sd(Random intercept) 0.64
random residual sd__Observation 0.64

Steelhead count fixed Global intercept 7.7 0.51 <0.001
fixed Pop: Little River -3.4 0.58 0.0021
random year sd(Random intercept) 0.75
random residual sd__Observation 1.0

Median outmigration date fixed Global intercept 58 12 0.0032
fixed Pop: Little River 23 6.7 0.020
random year x species x age class | sd(Random intercept) 27
random residual sd__Observation 12

Chinook length fixed Global intercept 53 13 <0.001
fixed Day of year 15 0.37 <0.001
fixed Pop: Little River —6.0 0.48 <0.001
fixed Day of year x Pop: Little River -1.6 0.46 <0.001
random year sd(Random intercept) 33
random residual sd__Observation 83

Chinook length DD: Indian Creek | fixed Global intercept 50 2.1 <0.001
fixed Day of year 16 0.42 <0.001
fixed Annual Chinook migrants -15 2.0 0.51
fixed Day of year x annual Chinook migrants -2.7 0.44 <0.001
random year sd(Random intercept) 4.6
random residual sd__Observation 8.7

Chinook length DD: Little River | fixed Global intercept 51 5.4 0.0010
fixed Day of year 14 0.33 <0.001
fixed Annual Chinook migrants -3.9 4.7 0.45
fixed Day of year x annual Chinook migrants -1.0 0.32 0.0021
random year sd(Random intercept) 10
random residual sd__Observation 7.7

DD: density dependence.
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that could give rise to life history diversity similar to that observed in
our study. Additionally, preliminary work has investigated the
feasibility of reintroducing steelhead and early-migrating Chinook
salmon to tributaries of the San Joaquin River and Eel River (CA,
United States; Boughton et al., 2022; FitzGerald et al., 2022). Provided
that the diversity of unlocked habitats in these systems are within the
thermal tolerance of their salmonids’ life stages, there is no obvious
reason why diverse juvenile life histories would not emerge from these
systems as happened in our study.

Similarly, we may expect the different environmental
conditions that are distributed across the Elwha River system to
generate juvenile life history beyond the tributaries we studied.
The Elwha River system consists of hundreds of anadromous
stream kilometers and thousands of overall kilometers that are
nested across its environmentally heterogeneous landscape
(Munn et al., 1999, Pess et al. in review, this issue). Its large
elevation range, coupled with its variation in confined and alluvial
valley bottoms, allows for considerable variation across space in
conditions that determine habitat characteristics. Notably, high

TABLE 2 Summary statistics of PERMANOVA comparing salmonid
assemblages between tributaries and among years.

Sum of

10.3389/fevo.2023.1188921

elevations experience quadruple the precipitation of lower
elevations, experience a greater proportion of precipitation as
snow, and are cooler (Munn et al., 1999). Furthermore, an array
of habitat types such as high-gradient streams and floodplains are
distributed across this template (Munn et al., 1999). Based on our
observations in Indian Creek and Little River and a fundamental
linked to
environmental conditions that vary across landscapes, we may

understanding that salmonid life history is
expect life history diversity to be emerging across the diversity of
many newly-accessible habitats in the Elwha River system.

Our mixture models that assigned fish to age classes include
uncertainty that should be considered in the interpretation of our
results. Our mixture models intended to parse out three age
classes by leveraging a priori knowledge that these three age
classes are often present in juvenile salmonid habitats, especially
in the case of steelhead (Quinn, 2018), and will create three
different length distributions after accounting for various
covariates (i.e., day of year, tributary, or year). Importantly, age
assignments were probabilistic, meaning we can make some of
these assignments more confidently than others, but for
simplicity we presented age composition based on the most likely
outcome for each fish. Thus, the proportion of fish assigned to
each age class includes uncertainty and more important than the
absolute proportions of age classes is the qualitative pattern that

Term Df R? Pseudo-F  pvalue ' ) ) i
squares Indian Creek was inhabited by proportionally more larger and
Year 2017 1 0.65 023 9.7 0.001 older individuals, which is corroborated by visually comparing
Year 2018 1 0.54 019 81 0.001 length at date values between tributaries (Figure 7). Additionally,
the complex age structure of coho salmon and steelhead may
Year 2019 1 0.28 0.10 42 0.012 . ) . . .
impair model detection of differences in length at date of these
Year 2020 1 035 0.13 5.2 0.005 species between Indian Creek and Little River, relative to the
Year 2021 1 0.17 0.062 2.6 0.073 model used to examine Chinook salmon length. That is, coho
Teibutary 1 0.46 0.17 6.9 0.001 salmon and steelhead may have differed in length at date between
) the two tributaries, but we may have been less able to detect these
Residual 5 0.33 0.12 . . . .
differences due to the more complicated data arising from their
Total H 28 ! diverse age structure. Finally, without direct age sampling (e.g.,
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structure).

Model predicted ages of coho salmon and steelhead compared between tributaries. (Chinook salmon omitted because of their negligible juvenile age

examining scales) and given that coho are not known to
outmigrate at older ages as often do steelhead (Hodge et al., 2016;
Quinn, 2018), we cannot confidently interpret whether the
largest coho salmon in Indian Creek were age-2 or simply large
age-1 individuals. Instead, we note that Indian Creek’s coho
salmon included many uniquely large individuals, which may
reflect tributary-specific rearing durations or growth
opportunities and contributed to differences in life histories
between the two tributaries. Directly measuring the age of
juveniles repopulating environmentally diverse tributaries
following dam removal in this river system and others would be a
natural extension of this study.

To conclude, diverse landscapes enable diverse life histories that
promote resilience (Hilborn et al., 2003; Schindler et al., 2010; Hodge

etal, 2016; Brennan et al., 2019), but human stressors that simplify
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and degrade landscapes suppress life history diversity and erode
resilience (Munsch et al., 2022). Dams and other modes of habitat
fragmentation contribute substantially to lost life history diversity
(e.g., Yoshiyama et al., 1998), prompting efforts to restore diversity via
dam removal. Our study—which addressed a knowledge gap
regarding responses in juvenile life stages—and others (e.g., Quinn
etal, 2017; Williams et al., 2018; Duda et al., 2021) demonstrate that
dam removal can enable salmonids to repopulate heterogeneous
landscapes and express local differences in their relative species
abundance, outmigration timing, age classes, and growth rates, thus
enabling landscapes’ natural capacities to express diverse life histories.
By actualizing diverse, complex systems that spread risk (Schindler
etal, 2015), dam removal may promote resilience in salmonids and
during of
environmental change.

other species an era rapid and uncertain
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Top: Chinook salmon lengths compared between Indian Creek and Little River. Points describing Indian Creek fish lengths are larger and plotted
behind Little River to improve visual comparison between tributaries. Bottom: Chinook salmon lengths compared within tributaries among years with
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Annual Chinook salmon redd counts in Indian Creek and Little River.
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Large dam removal is being used to restore river systems, but questions remain
regarding their outcomes. We examine how the removal of two large dams in the
Elwha River, coupled with hatchery production and fishing closures, affected
population attributes of Chinook salmon (Oncorhynchus tshawytscha) and
steelnead (O. mykiss). Initial responses by returning adult Chinook salmon and
steelhead was an increase in the number and spatial extent of natural and
hatchery origin fish. Although few naturally produced juvenile Chinook salmon
and steelhead outmigrants were observed prior to and during dam removal,
abundances increased three years after adult fish passage was restored,
suggesting that impacts due to downstream sedimentation after dam removal
were reduced. The Chinook salmon population demographics remain dominated
by hatchery production, while increases in winter steelhead abundance included
both hatchery and natural-origin spawners. The spatial expansion of winter
steelnead upstream of former dam sites was predominantly by natural-origin
spawners. We also observed a natural “reawakening” of summer steelhead that
were in part derived from an up-river resident population that returned to the Upper
Elwha. Our results showed that a combination of habitat, hatchery, and harvest
actions can result in positive responses for salmonid populations.
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1 Introduction

Dams are a major threat to the connectivity of river ecosystems
across the world and have contributed to extinctions and imperiled
status of migratory fishes (Pringle et al., 2000). However, many
dams have now outlived their intended purposes and life spans, and
consequently, over 1200 dams have been decommissioned and
removed in the United States over the last two decades
(O’Connor et al., 2015; Bellmore et al., 2016). Dam removal can
lead to rapid ecosystem responses, such as downstream changes in
spawning and rearing habitats, the re-emergence of river channels
in former reservoirs, and restored fish passage (O’Connor et al,
2015; Tullos et al., 20165 Bellmore et al., 2019). Most removed dams
to date have been small structures (< 8 m in height) (Bellmore et al.,
2016), but removal of large dams (> 15 m) has gained momentum,
particularly in the western United States (O’Connor et al., 2015).

Removing large dams that block the migration of anadromous
salmon, trout, and char can reopen habitat and provide imperiled
stocks an opportunity to increase their abundance and productivity as
they expand their distribution and diversity across a reconnected
watershed (Bellmore et al,, 2019). This is a primary reason why dam
removal is increasingly being considered and implemented to assist the
recovery of depleted populations of Pacific salmonids (Oncorhynchus
spp.) (Hare et al,, 2019; Waldman and Quinn, 2022). Returning adult
salmon can reoccupy either historically available or new habitats and
increase their population size, even when initial abundance from donor
populations is small (i.e., less than 100) or large (ie, ~ 1 million)
(Milner et al., 2007; Kiffney et al., 2009; Pess et al., 2012; Anderson
et al, 2015). Salmon have generally responded favorably after removal
of smaller dams (Hogg et al., 2015). However, large dams carry greater
ecological tradeoffs. Large dam removals may provide access to a larger
amount of habitat, but they also can store and potentially release more
sediment that can exert a strong short-term impact on the productivity
of affected downstream habitats and food webs (Morley et al., 2020).
These sediment impacts can potentially impede the rate of movement
into newly opened habitats upstream of former barriers and lead to
short-term degraded conditions for fish occupying downstream
habitats (Bellmore et al, 2019). While the long-term benefits to
salmonids are expected to outweigh the short-term ecological costs,
large dam removal is rare and consequently knowledge and peer-
reviewed studies on the short- and long-term responses by Pacific
salmon are scarce (e.g., Liermann et al., 2017).

In 1992, the Elwha River Ecosystem and Fisheries Restoration Act
called for the “full restoration of the Elwha River ecosystem and native
anadromous fisheries”, setting the stage for one of the largest planned
dam removals in history (Winter and Crain, 2008). The Act
authorized the Department of the Interior to acquire and remove
the Elwha and Glines Canyon dams on the Elwha River, Washington
State (Figure 1). Both dams blocked access to most of the potential
anadromous fish habitat for all five species of Pacific salmon, steelhead
(Oncorhynchus mykiss), coastal cutthroat trout (Oncorhynchus clarkii),
and bull trout (Salvelinus confluentus) (Ward et al., 2008). The
concurrent removal of both dams started in September 2011 and
was completed in October 2014. Approximately 30 million metric
tonnes (Mt) of impounded sediment were ultimately exposed to
fluvial erosion, and over 65% of the stored sediment has eroded
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since dam removal (as of 2016), of which only ~10% was deposited in
the fluvial system (Ritchie et al., 2018). The remaining ~90% of the
released sediment was transported to the coast, expanding the delta by
~60 ha (Ritchie et al., 2018), significantly diversifying and improving
the estuarine and nearshore environment (Foley et al., 2017; Shaffer
et al,, 2017; Perry et al,, 2023; Rubin et al., 2023).

The Elwha River provides a unique opportunity to understand
the geomorphic evolution of a river system and the short-term
responses of anadromous salmonids during and after removal of
two large dams (East et al., 2015). In addition to intense sediment
impacts, the initial movement of fish into riverine habitats between
and upstream of the former dams could depend on several factors,
such as the size and origin of the source populations, the potential for
strays from other adjacent populations, the types and characteristics
of the newly accessible habitat, and life history diversity (Pess et al,,
2014). Further, the homing phenomenon displayed by salmon could
be important because straying and movement can contribute to initial
occurrence, but homing in future generations will be necessary to
maintain the population gains and contribute to further growth and
expansion. Lastly, dam removal can potentially improve resilience by
increasing diversity (e.g., Schindler et al., 2010) if sufficiently unique
habitats exist above the dams (e.g., Beechie et al., 2006; Waples et al.,
2008) and the adaptive genetic diversity to express those life histories
is retained by the fish (Thompson et al., 2019). Short-term, post dam
removal response and diversification of life histories in coho salmon
(Oncorhynchus kisutch) (Liermann et al., 2017), bull trout (Quinn
etal, 2017; Brenkman et al., 2019), and Pacific lamprey (Entosphenus
tridentatus) (Hess et al., 2021) has already been documented in the
Elwha River since dam removal. Additionally, Duda et al. (2021)
reported increases in spatial extent of Pacific salmon and bull trout
upstream of the former dam sites. We present the first evaluation of
interannual trends in juvenile and adult Chinook salmon
(Oncorhynchus tshawytscha) and steelhead abundances during and
after dam removal, highlighting the relative contributions of hatchery
and natural-origin individuals in the Elwha River.

Herein we focus on the short-term (i.e., less than 10 years)
responses of hatchery and natural-origin Chinook salmon and
steelhead populations during and after reconnection of the Elwha
River. Leading up to the full removal of both dams, we expected an
intense, short-term disturbance due to the large-scale increase and
subsequent reduction in sediment supply, and eventual access to a
large expanse of previously inaccessible pristine habitats. This
combined with the current status (e.g., abundance), origin (i.e.,
hatchery or natural-origin), and diversity (i.e., resident and
anadromous forms) of the populations prior to dam removal
would exert a strong influence on Elwha River Chinook salmon
and steelhead (Brenkman et al., 2008; Pess et al., 2008). A wide
variety of monitoring approaches, ranging from SONAR to snorkel
surveys, were implemented to evaluate these general hypotheses.
Specific questions asked include:

1) What was the annual abundance and origin of returning
adult Chinook salmon and winter steelhead during and after
dam removal?

2) How many Chinook salmon migrants and steelhead smolts
were produced and were annual estimates of juvenile abundance
affected by potential streamflow and sediment impacts?
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3) How far have Chinook salmon and steelhead expanded their
spawning distribution?

4) Has dam removal given rise to the re-emergence of different
life histories that were not present, or very rare, when migration
into the Elwha River headwaters was blocked?

We used the data to compare and contrast the extent of
reintroduction between the two species and in relation to prior
research, review potential reasons underlying the responses, and
discuss implications of our findings for other large dam removal projects.

2 Study area and salmonid
populations of interest

The Elwha River is located on Washington State’s Olympic
Peninsula, originating in Olympic National Park (Figure 1). The
Elwha drains 833 km? and flows 72 km from an elevation of 1,372 m

10.3389/fevo.2024.1241028

at the headwaters to its mouth on the Strait of Juan de Fuca in the
Pacific Ocean. The physical geography of the Elwha River system
includes a series of alternating canyons and floodplains, which
occur throughout the watershed (Pess et al., 2008). Two
hydroelectric dams were built without fish passage facilities and
eliminated upstream access to 95% of the Elwha River watershed
(Brenkman et al., 2019), including Elwha Dam, which was
constructed at river kilometer (rkm) 7.9 in 1912 and created Lake
Aldwell reservoir, and Glines Canyon Dam, which was constructed
at rkm 21.4 in 1927 and created Lake Mills reservoir (Figure 1). The
32-m-tall Elwha Dam was removed over an 8-month period from
September 2011 to April 2012, while the Glines Canyon Dam (64 m
in height) was removed over a 3-year period from 2011 to 2014
(Brenkman et al., 2019). In October 2014, shortly after the Glines
Canyon Dam removal was complete, a large rockfall occurred in the
canyon immediately downstream of the dam site near rkm 20.0
(Figure 1). The rockfall created a new barrier to upstream passage of

Pacific Ocean
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Olympic,
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(=]

Little River screw trap
Little River

FIGURE 1

The Elwha River basin. Upper left is regional map of Elwha River, upper right is the entire Elwha River watershed. Lower map includes location of
SONAR units and smolt screw traps. Map layer sources: National Park Service, Statistics Canada Census Program, United States Census Bureau's
TIGER/Line, United States Geological Survey, Washington State Department of Ecology. Map projections: Lambert Conformal Conic, WGS 1984

Web Mercator.
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adult salmonids, and consequently, removal of the boulders was
initiated in October 2015, and completed in September 2016
(Brenkman et al, 2019; Ertle et al., 2019). Similar to previous
Elwha publications, we refer to three main sections of the Elwha
watershed (Figure 1). The Lower Elwha is downstream of the
former Elwha Dam site to the river mouth (rkm 0.0-7.9). The
Middle Elwha is between the two former dam sites, including the
former Lake Aldwell Reservoir (rkm 7.9-21.7). Lastly, the Upper
Elwha is upstream of the former Glines Canyon Dam, which
included the former Mills Reservoir (rkm 21.7-61.6).

The Elwha River currently supports wild, natural-origin,
hatchery, and nonnative fishes (Brenkman et al., 2019), including
Chinook salmon, coho salmon, chum salmon (O. keta), pink
salmon, sockeye salmon (O. nerka), rainbow trout, summer and
winter steelhead (anadromous form of rainbow trout), coastal
cutthroat trout, bull trout, and nonnative brook trout (S.
fontinalis). Although two distinct runs of Chinook salmon were
historically present in the Elwha River, a spring run and a summer/
fall run, only the latter was thought to persist prior to dam removal
(Brannon and Hershberger, 1984). Two juvenile life history
strategies of Chinook salmon - stream type (1+ year old
outmigrants) and ocean type (0+ year olds outmigrants) — also
both currently exist in the Elwha River, with a large majority being
ocean type. A dedicated Chinook salmon hatchery program was
initiated in 1930 from Elwha River origin stock (Brannon and
Hershberger, 1984), and in recent years, Chinook salmon releases
have been large (annual average number released 1985 to 2014 = 2.5
million). The current Chinook salmon hatchery program was
deemed necessary because the population has been dependent
upon hatchery production for multiple decades and dam removal
was predicted to reduce survival and production of Chinook salmon
in the main stem Elwha River below the dams (NMFS, 2012). The
Chinook salmon hatchery program played an important role in
maintaining the persistence of the unique genetic lineage of Elwha
Chinook salmon during the century that the dams were in place
(NMFS, 2012). Releases of hatchery winter run steelhead have
occurred since 1965, and out-of-basin summer steelhead were
released from 1968 to 2008 (Duda et al, 2018). Native Elwha
winter steelhead persisted in low abundance downstream of the
dams prior to dam removal, but as with Chinook salmon, dam
removal presented a potential threat to their short-term viability
due to the expected elevated suspended sediment concentrations
from stored sediment being released during and after dam removal.
Managers developed a winter steelhead hatchery program using
native broodstock that started releasing smolts in 2011 and stopped
prior releases of hatchery steelhead derived from an out-of-basin
stock (NMFES, 2012). The initial release goal for the winter steelhead
program was 175,000 age-2 smolts (LEKT 2012), but that was
adjusted to 30,000 in 2023 based on entry timing, increased
abundance, adult-to-adult productivity, and distribution (Peters
et al, 2024). Summer run steelhead existed only at very low
numbers and may have been extirpated prior to dam removal,
but they were expected to rebuild and reoccupy their former
historical habitats upstream of both dams (Ward et al., 2008). A
moratorium on commercial and recreational fishing for all species

within the Elwha River watershed and terminal nearshore area was
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implemented in 2012 and continued through summer of 2023. A
limited ceremonial and subsistence-fishing season for coho salmon
occurred in the fall of 2023. The only other exception to the
moratorium has been an ongoing recreational fishery targeting
kokanee (non-anadromous form of the sockeye salmon) in Lake
Sutherland, the headwaters of Indian Creek.

2.1 Chinook salmon and steelhead
adult relocation

To help jumpstart salmonid reintroduction, adult Chinook
salmon and winter run steelhead were relocated to habitats above
the dam sites during and immediately after dam removal (Tables 1,
2). Relocated adults were obtained via natural recruitment into
hatchery facilities (Chinook salmon and steelhead), and netting and
trapping in the river (Chinook salmon only). In five of ten years
during and after dam removal, adult Chinook salmon were
relocated into five locations of the Middle Elwha upstream of the
Elwha Dam site, with the greatest number of fish being relocated in
2018 and 2019 (Table 1). However, because only surplus hatchery
fish were used for Chinook salmon relocation, males were
numerically dominant in all years except 2019. From 2012 to
2014 and again in 2016, adult winter steelhead were captured at
the Lower Elwha Klallam Tribe’s (LEKT) hatchery trap and
relocated into two Middle Elwha tributaries — Indian Creek and
Little River (Figure 1; Table 2).

3 Methods

3.1 How do the questions link to the
methods and results?

Multiple methods answered each of the four questions.
Determining annual abundance of adult Chinook salmon and
winter steelhead employed the use of SONAR units in the Lower
Elwha. To determine the origin of returning adult Chinook salmon
we evaluated carcasses of post-spawned fish for hatchery marks to
estimate the proportion of hatchery-origin spawning Chinook
salmon. For winter steelhead origin we utilized an adipose clip or
coded-wire tag (CWT) (sometimes both could be present) to
identify hatchery-origin adults. Individuals of both species were
also captured during SONAR tangle netting in the Lower Elwha.

We utilized rotary screw traps to estimate the abundance of
juvenile Chinook salmon and steelhead outmigrants. To determine
if river conditions prior to, during, and following dam removal
impacted production of juvenile Chinook salmon, we modeled the
relationship between river discharge, sediment transport, and
productivity of sub-yearling Chinook salmon (age-0 migrants/
spawner), which includes data from both the SONAR and the
smolt traps.

To determine the pattern of spawning distribution and
expansion we conducted foot surveys to count spawning nests or
“redds” to determine the distribution of spawning Chinook salmon
and steelhead. We also conducted opportunistic snorkel surveys for
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TABLE 1 Chinook salmon relocation by sex from the hatchery facilities in the Lower Elwha River to areas upstream of the former Elwha Dam site
from 2011 to 2020.

Indian Creek Little River Elwha River Elwha River Elwha River
rkm 16.5 rkm 20.5 rkm 22.0

M

2011 7 3

2012 179

2013 117

2014

2015

2016

2017

2018 877 113

2019 181 395

2020

Blanks indicate no relocation, jacks are excluded from the counts above.

adult summer steelhead because of our limited ability to enumerate  throughout the entire Lower Elwha and then multiplying the total
them with other methods due to their apparent preference to  count by an expansion factor (Chinook salmon 2.5 fish per redd,
immediately migrate upstream when returning to the Elwha  steelhead 1.8 fish per redd). For Chinook salmon redd-based
between June and October. These surveys also gave us a relative  estimates, the total number of visible redds was counted
indication of a unique life-history strategy that was not typically =~ throughout the accessible river in weekly surveys during the
observed in the Lower Elwha prior to dam removal. spawning period as conditions permitted. The redd counts were

then plotted against date and the area under the resulting curve was

calculated. This area was divided by estimated redd life (21 days)

3.2 What is the annual abundance of and then multiplied by 2.5 to account for the sex ratio (English et al.,
returning adult Chinook salmon and winter  1992; Smith and Castle, 1994). For the redd-based steelhead
steelhead during and after dam removal? estimates a similar sampling approach was used, but instead of

using area under the curve, redds were individually flagged to avoid

We used two methods to estimate the abundance of adult  double counting, and the total number of unique redds was tallied at

Chinook salmon and steelhead before and after dam removal  the end of the season and multiplied by 1.8 to account for the
(Figure 1). Prior to 2012 (before dam removal), adult abundance  sex ratio.

was estimated for both species by visually enumerating redds From 2012 through 2020, during and after dam removal, adult
Chinook salmon (starting in 2012) and steelhead (starting in 2014)
TABLE 2 Steelhead relocation from the Lower Elwha River to Indian were enumerated using two different multi-beam SONAR units, a

Creek and Little River upstream of the former Lower Elwha Dam site
from 2012 to 2020.

DIDSON-LR (0.7/1.1 MHz) and an ARIS 1800 (1.1/1.8 MHz)
(http://www.soundmetrics.com/Products, Sound Metrics Corp.,

Indian Creek Little River Bellevue, WA). Multi-beam imaging SONARs acoustically
ensonify the entire width and depth of a cross section of the river,
Natural Hatchery Natural Hatchery . Lo . .

producing movie-like imagery of fish swimming through the cross

2012 11 35 section. Two SONAR units were needed because the channel split
2013 53 35 near the mouth of the Elwha River (Figure 1). The SONAR units
o1 . . operated from late January or early February through September.
The primary enumeration site was in the East Channel (EC) while a

2015 secondary site was in the West Channel (WC), with both sites
2016 3 3 located at rkm 0.8. SONAR site selection was based on four criteria:
ol 1) almost all fish would pass the site; 2) the location was
downstream of most spawning habitat; 3) the river channel was

2018 sufficiently narrow to accommodate the effective range of the
2019 SONAR; and 4) fish movement was primarily directed upstream
2020 with little milling (i.e., back and forth swimming) in the location of
the SONAR. Depending on river discharge, the WC site was
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between 12 and 25 m wide and 1.3 m deep in the thalweg, while the
EC site was 15 to 30 m wide and 2 m deep in the thalweg. We
estimated that during Chinook salmon migration approximately
80% of the flow was in the EC, while the remaining 20% was in the
WC. During the winter steelhead migration, the estimated
proportion of flow was 60% EC and 40% WC. We did not
account for or estimate fish spawning below the SONAR site.

3.2.1 Data analysis

We sub-sampled SONAR files to count returning adults and
then modeled those data to estimate total annual abundance. For
Chinook salmon, 20 minutes of each hour-long file was reviewed for
fish passage at each SONAR site, which is on the upper end of the
range of recommended subsampling regimes (Lilja et al., 2008). Due
to relatively low spawner abundance during the steelhead season,
the full hour was reviewed. Several variables were noted for each fish
passage event, including the date, time, direction (upstream or
downstream), distance from SONAR head, and body length (mm).

The net upstream fish passage count was tabulated by
subtracting downstream passage events from upstream passage
events (Xie et al,, 2005). The method of estimation was slightly
different for winter steelhead because we had to account for
downstream migrating individuals that had migrated upstream
and already spawned (kelts). Hence, we did not subtract
downstream moving targets for any 24-hour period that had a net
total downstream passage. This adjustment strikes a balance
between accounting for kelts leaving the system that were not
subtracted from the total escapement estimate versus subtracting
downstream passage events due to milling or spawning behavior
near the SONAR site. This adjustment increased the final
escapement an average of 13% in any year. We were able to
calculate this percentage because the Elwha River currently has a
unimodal winter steelhead run timing with spawning concentrated
in late-April through May.

To sum upstream and downstream passage events in each file,
we also had to establish a minimum threshold length to distinguish
adult Chinook salmon and winter steelhead from other species and
life stages. We used field-measured lengths of fish captured during
weekly or bi-weekly in-river tangle net sampling conducted at nine
different sites within 1 km of the SONAR sites over the entire course
of the SONAR season. The netting also allowed us to estimate the
onset and completion of the Chinook salmon and steelhead run
timing, and the proportion of each species present during the period
when they overlapped. The size thresholds for adult Chinook
salmon and winter steelhead were 550 mm and 500 mm,
respectively. The 550 mm threshold effectively excluded Chinook
salmon jacks (males that return after one year in the ocean and at
smaller sizes than normal adults), smaller bodied bull trout, and
pink salmon. For winter steelhead, we used 500 mm as the
minimum size threshold, which excluded most bull trout. We
then applied those length criteria to all SONAR measured targets
so only adult steelhead and Chinook salmon were included in the
simulation model. The 550 mm length cutoff for Chinook salmon
included ~98% of all those field-measured each year. The 500 mm
cutoff included ~95% of all field-measured steelhead.

Frontiers in Ecology and Evolution

10.3389/fevo.2024.1241028

3.2.2 Chinook salmon and winter steelhead

To estimate annual abundance, we used four-step (Chinook
salmon) or three-step (winter steelhead) simulation models to
adjust the total counts of the raw SONAR targets. In the first
step, for Chinook salmon only, we expanded the 20-minute sub-
sample counts to a full-hour (Lilja et al., 2008). Second, the raw
targets exceeding the species-specific size thresholds were adjusted
to species using a random draw from a binomial distribution
populated by the number of target species in the tangle net
sampling for that week and the total number of fish sampled that
week. Third, we corrected the species-specific counts to account for
observer error by using a linear regression analysis between the
counting technician and a more experienced counter. Lastly, we
filled in data gaps resulting from periods when the SONAR was not
operating in order to expand the data to account for the entire run.
The simulation also provided season- and year-specific coefficients
of variation. Full methods utilized in this study including SONAR
installation and simulation modelling are described in
Supplementary Material Appendix A.

3.3 What is the proportion of hatchery-
origin adult Chinook salmon and steelhead
during and after dam removal?

We evaluated carcasses of post-spawned fish for hatchery marks
to estimate the proportion of hatchery-origin spawning Chinook
salmon. Chinook salmon carcasses were collected via stream
surveys, a channel-spanning weir deployed from 2010-2013, and
from the hatchery following spawning. We examined each carcass
for four different hatchery marks, including a thermal otolith mark,
fin clip, CWT, and scale analysis. The primary marking strategy
employed in the Elwha with a marking-rate goal of 100% was a
thermal otolith mark. A subset of hatchery Chinook salmon
received adipose fin clips and CWT, which allowed us to detect
Elwha-origin fish in (rare) cases where thermal otolith marks were
not successfully applied, or to identify hatchery-origin fish from
other watersheds. Finally, we classified a small number of fish as
hatchery-origin based on scale analysis that indicated they had
growth patterns indicative of hatchery rearing, despite not having
other marks. We compared percent hatchery-origin Chinook
salmon before and after dam removal using a binomial
generalized linear model.

For winter steelhead, we used an adipose clip or CWT
(sometimes both could be present) to identify hatchery-origin
adults. Individuals were captured during SONAR tangle netting
in the Lower Elwha River supplemented by limited sampling
upstream of the former dam sites during 2014-2020. However,
most winter steelhead were collected within 1 km of the LEKT
hatchery (~rkm 2.4). Consequently, our samples were likely biased
and therefore we only used those data to illustrate spatial differences
in hatchery- and natural-origin proportions from 2014-2020. In
2019, a more intensive and spatially representative effort was
undertaken to produce an unbiased estimate of basin-wide and
reach-specific (Lower Elwha, Middle Elwha, and Upper Elwha)
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hatchery and natural proportions which considered spatial and
temporal differences as well as differences in catch per unit effort
(CPUES) between sites (Peters et al., 2020).

3.4 How many Chinook salmon migrants
and steelhead smolts were produced
during and after dam removal?

We used rotary screw traps to estimate the abundance of
juvenile Chinook salmon and steelhead outmigrants. Presumably,
this effort could have also included some steelhead offspring
destined to become summer run steelhead. Traps were in three
locations - the Lower Elwha (rkm 0.3 and 3.3 in 2014-2018 and 4.0
in 2019-2020) and one each near the mouth of Little River (rkm
0.2) and Indian Creek (rkm 0.7). We report on two trap locations -
the Lower Elwha and Indian Creek (Figure 1). The main stem trap
was typically installed and operable by February 15th and removed
by July 26th, although annual start and end dates varied due to river
conditions and safety concerns. Indian Creek was installed and
operable by January 27th and was completed by September 5th.

The trap in the main stem Lower Elwha was, on average,
operational 73% (~118 days) of all potential days, compared to 95%
(~211 days) of all potential days in Indian Creek. During the period of
active dam removal and associated sediment transport (2012-2014),
large amounts of sediment and organic debris (e.g., coarse wood)
transported from the former reservoirs hindered the main stem trap
operations. In 2013, no results were reported due to the trap being
pulled or failing due to the amount and duration of debris effects. We
report hatchery release numbers as a point of comparison for the
abundance of natural-origin juvenile migrants, and for estimating
smolt-to-adult return rate (SAR) of hatchery Chinook salmon.

3.4.1 Field methods

Smolt traps were inspected and cleaned daily or every other day.
All captured fish were removed from the trap box using dip nets and
transferred to plastic buckets so that each fish could be individually
examined and identified. A weekly subsample of all species caught
was measured and weighed throughout the outmigration period.
Most hatchery Chinook salmon (0+) were not externally marked
(only otolith marked) and thus difficult to distinguish from natural-
origin fish without sacrificing them. However, most natural-origin
Chinook salmon (0+) tended to migrate past the trap prior to the
hatchery releases in June. Trap operations during hatchery releases
typically ceased for several days because it was too difficult to
sample such large numbers of fish. Starting in 2019, the trap was
moved upstream of the Chinook salmon hatchery and all fish were
assumed to be of natural origin. While errors in the hatchery vs.
natural origin designation could have added variability to the
Chinook salmon (0+) estimates, any error would be small relative
to the observed increase in abundance in the most recent years.
Winter steelhead produced in hatcheries were all adipose fin clipped
post 2013 and therefore distinguished from naturally produced fish
at the trap. See Supplementary Material Appendix B for details on
determining the origin of smolts.
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We estimated trap catch efficiency (i.e., proportion of total
outmigrants captured) using multiple mark recapture tests across
the trapping season at all three trap sites. In the smaller tributaries,
weekly samples of 50 to 100 fish, representative of the species
migrating at any given time (i.e., Chinook salmon subyearlings or
smolts, coho salmon parr or smolts), were given a distinctive mark
(Bismarck Brown) and released approximately 100 m upstream of
the trap site. For the main stem trap, we used small-bodied (0+)
Chinook salmon or chum salmon obtained from the LEKT and
Washington Department of Fish and Wildlife (WDFW) fish
hatcheries; these were also given a distinctive mark (Bismarck
Brown) and then released approximately 1000 m upstream to test
efficiency. For the small-bodied fish, we typically attempted multiple
trials between late March and late May (~6 trials/year, Standard
Deviation (S.D.) * 3 trials/year) and averaged 16 days (S.D. + 8
days) between trials. We estimated efficiency for 1+ fish (steelhead
smolts) using 0+ trials in all years, because there were only three
years with efficiency trials using 1+ fish at the main stem trap. This
allowed for consistency across years. For the three years with trials
based on 1+ fish, we generated a second estimate to allow for
comparison. The 1+ efficiencies were generated using 1+ coho
salmon that were captured and marked at the Indian Creek trap
and recaptured in the main stem trap (2016, 2017 and 2019) and 1+
hatchery coho salmon that were marked and released from the
LEKT hatchery and recaptured at the main stem trap (2017).

3.4.2 Data analysis

We combined daily catch data with efficiency trials to estimate
total annual production. To incorporate uncertainty due to periods
of missing data and expansion based on trap efficiency, we applied a
flexible Bayesian model. Daily passage was assumed to follow a
negative binomial distribution with a mean constrained to change
smoothly with time - a random walk. Catch was modeled as a
binomial distribution where the probability of capture was
estimated from efficiency trials. Period-specific efficiencies were
assumed to be independent due to observed temporal trends in
efficiency for some traps. The estimates only incorporated passage
during the trap operation. Therefore, if the trap was not in place
during fish passage, these fish were not included in the estimate. We
summarize the results with the median and 95% credible interval
for total passage. We also include the coefficient of variation (CV)
and the geometric CV, which is more appropriate for skewed
distributions. See Supplementary Material Appendix B (section 3)
for details of the smolt data analysis.

3.5 How productive were Chinook salmon
during and after dam removal?

We used a combination of in-river abundance from SONAR
estimates, hatchery mark rate, and age structure to estimate
productivity as the total number of adult recruits produced by each
cohort of Chinook salmon that spawned naturally in the Elwha River
from 2004-2015. To estimate adult recruits, we first estimated the
number of naturally produced Chinook salmon by multiplying the

frontiersin.org


https://doi.org/10.3389/fevo.2024.1241028
https://www.frontiersin.org/journals/ecology-and-evolution
https://www.frontiersin.org

Pess et al.

abundance of adults returning to the river by the proportion of
natural-origin adults (1 - hatchery mark rate). We calculated
separate estimates of proportion hatchery-origin in the hatchery
broodstock and Chinook salmon spawning naturally in the river
beginning in 2013, when we began consistently obtaining a
representative sample of the fish spawning in the river. Next,
natural-origin adult returns were then allocated to spawning cohorts
using scale-derived age data for individuals collected from 2007 to
2020 (median = 572 individuals per year, range = 216-1,104). Because
we sampled so few unmarked, natural-origin Chinook salmon (< 50
each year), we assumed no difference in the age structure between
hatchery-origin and natural-origin fish. This allowed us to increase
our age structure sample size, and implicitly prioritized capturing age
variation among years rather than age variation between hatchery-
origin and natural-origin salmon.

We report productivity as the ratio of adult salmon returning to
the river relative to the number of spawners that produced them, with
a value of 1.0 indicating replacement. We provide separate
productivity estimates for fish spawned at the hatchery and those
that spawn naturally in the river in order to compare them. Our
approach did not distinguish between natural mortality and harvest
mortality. To compare survival in the marine environment between
natural-origin and hatchery-origin fish, we also estimated SAR. Here,
we divided the number of natural-origin salmon returning from each
cohort by the corresponding juvenile abundance estimate from the
smolt trap, and the number of hatchery-origin salmon returning from
each cohort by the number released from the hatchery. We note that
these productivity and SAR estimates encompassed the period before
and a small portion during dam removal.

3.6 How were annual estimates of Chinook
salmon abundance affected by streamflow
and sediment impacts?

To determine if river conditions prior to, during, and following
dam removal impacted production of Chinook salmon, we modeled
the relationship between river discharge, sediment transport, and
productivity of sub-yearling Chinook salmon (age-0 migrants/
spawner) from 2011-2018. We used daily discharge data (2011-
2018) from the U.S. Geological Survey (USGS) (12045500 Elwha
River at McDonald bridge near Port Angeles, WA) and estimates of
suspended and bedload sediment discharge (tonnes per day) (Ritchie
et al, 2018) as explanatory variables. As a response variable, we
divided the total number of naturally spawning Chinook salmon
(total escapement estimate minus hatchery take) by the number of
Chinook salmon outmigrating subyearlings to calculate yearly
estimates of Chinook salmon subyearlings per spawner.

To evaluate streamflow events, we developed a flow index for
stream discharge (annual flow index) that includes the number of
days above 56.6 m’s ™', which is the estimated bankfull discharge
where bedload is mobilized (Ritchie et al., 2018), between October
1** and December 31%, which is the primary incubation and
emergence period for Chinook salmon (Greene et al,, 2005). We
361

then summed the number of days above 56.6 m”s™" and multiplied

that by the average discharge greater than 56.6 m’s™". This allowed
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us to identify the overall duration and magnitude of events that
could have affected egg-to-fry survival for the period of incubation.

annual flow index = (1)

Jon 1 1\ #days > 56.6 m’ - s"'xave discharge > 56.6 m’-s'}

Equation 1 assumes that the number of days and the amount of
flow over the course of the entire incubation period would have the
largest impact on egg-to-fry survival, a factor that can limit overall
Chinook salmon productivity (Greene et al., 2005).

We developed a sediment transport index by summing the
average total amount of sediment transport (TST) (tonnes) during
the egg incubation and emergence period (Ritchie et al, 2018).
Processed data were not available after September 30, 2016, so we
estimated sediment transport from October 1, 2016, to December
31, 2016, using bedload data from bedload impact sensor plates
located near rkm 4.9 available from the Bureau of Reclamation
(Hilldale et al., 2015; Ritchie et al.,, 2018.). Based on prior years, the
bedload sediment sensors quantified approximately 44% of the total
estimated bedload transport. In addition, the daily bedload
sediment (Sgaipybeq) is roughly 25% of the total sediment load
(Stota) mobilized. We used those data to estimate the overall total
sediment discharge for the October 1, 2016, to December 31, 2016,
period with Equation 2:

tonnes

day
0.44 )/025
)

Our comparison of prior year estimates to measured sediment

TST = .];:o:t 1554 (Daily measured sediment bedload

discharge produced an r* of 0.89.

We calculated the flow-sediment index (Equation 3) for the egg
incubation period (October 1% to December 31*") as the product of
1) the sum of annual flow index and 2) the total sediment transport
during the same period:

FlowSedIndex = annual flow index x TST (3)

After calculating the annual index values, we then fit a linear
model to the relationship between the log of the flow sediment
index (FlowSedIndex) and the log of Chinook subyearlings per
spawner for each year from 2011 to 2018 (Equation 4). This is
equivalent to the power law model on the un-logged scale,

subyearlings

a + FlowSedIndex® (4)
spawners

where b is the slope of the log-log relationship. We used visual
inspection of the relation on the log-log scale to confirm that the
assumption of linearity was appropriate and that the variance was
stable across the range of values.

3.7 How far have Chinook salmon and
steelhead expanded their
spawning distribution?

We conducted foot surveys to count redds to determine the
distribution of spawning Chinook salmon and steelhead. We use
the term steelhead here because we could not determine which
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portion, if any, of the redds were from summer run steelhead. To
estimate each species’ spatial expansion, we delineated the Elwha
River into three sections based on the presence of the former dams.
Each individual redd was geolocated (latitude and longitude) with
GPS (Garmin model GPSmap 60CSx). It is important to note that
Elwha River Chinook salmon redd surveys are more readily
apparent and feasibly surveyed than steelhead redd surveys in the
roadless area above former Mills reservoir due to their seasonal low
flow timing (i.e., late summer/early fall) compared to steelhead
which spawn during higher winter and spring flows.

3.7.1 Chinook salmon redd counts

Each year in mid-September from 2012-2018, we conducted
one- to five-day long peak redd counts in the main stem Elwha
River, its larger floodplain channels, and several major tributaries.
Survey timing was based on the estimated historical date of peak
spawning activity for Elwha River Chinook salmon, approximately
September 15"-September 25". The Lower Elwha and Middle
Elwha were surveyed in all years, while the Upper Elwha was
surveyed in 2016-2018. Limited supplemental surveys were
conducted in the Upper Elwha beginning in 2014 in the former
Mills Reservoir area from the former Glines Canyon Dam (rkm 22)
upstream to the entrance of Rica Canyon (rkm 25.7). Surveys did
not cover major canyon areas of the Elwha River during peak
surveys except for Rica Canyon in 2014 and 2015 (Duda et al., 2008;
Brenkman et al,, 2012). Additionally, no comprehensive surveys
have occurred in larger tributaries to the Upper Elwha except Long
Creek in 2018. Finally, river discharge and turbidity levels were
greatest in 2012, and as a result, surveys were limited to above the
Elwha Dam site where turbidity levels were much lower. In 2013,
water clarity of the river improved enough to allow surveys below
the former Elwha Dam, and 2014 conditions allowed for a full
survey from the mouth to just above the former Glines Canyon
Dam. Since 2015, turbidity has not been a factor during surveys in
any reach, and during this period, we consider redd data reflective
of the spatial distribution of spawning.

3.7.2 Steelhead redd counts

Between 2012 and 2018, we conducted weekly to bi-weekly redd
counts from February through June or early July to determine the
location and timing of adult steelhead spawning (Gallagher et al.,
2007). Resident rainbow trout were the only other spring spawning
salmonid and their redds were distinguished from steelhead redds
based on size and substrate (McMillan et al., 2015). Most redd
counts occurred in tributaries where water clarity was unaffected by
dam removal and their small size allowed for surveys to safely occur.
Surveys were completed in four Upper Elwha tributaries with the
following percentages of potential steelhead spawning habitat
surveyed: Cat Creek (100%), Long Creek (90%), Hurricane Creek
(100%), and Boulder Creek (100%) and six Middle Elwha
tributaries: Little River (50%), Indian Creek (25%), Griff (100%),
Madison (100%), Campground (100%), and Hughes Creeks (100%).
Surveys of the main stem were conducted as conditions allowed, but
due to the timing of their spawning visual counts were severely
limited by reduced water clarity that often made it impossible to
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identify and count redds. Steelhead redd data were used to
document spawning in previously unavailable locations but may
not accurately reflect the spatial distribution of redds due to
difficulties surveying the main stem. Except for surveys in 2010
and 2013, when main stem water clarity was good (see section 3.2),
we do not use steelhead redd survey data to estimate total spawners.

3.8 Has dam removal given rise to the re-
emergence of different life histories that
were not present, or very rare, when
migration into the Elwha River headwaters
was blocked?

3.8.1 Snorkel surveys

We conducted opportunistic snorkel surveys for adult Chinook
salmon and adult summer steelhead in 2013 and 2016 in shorter
sections of the Middle and Upper Elwha, followed by annual
snorkel surveys from 2017-2020 in the Middle and Upper Elwha.
The annual surveys covered most of the Middle and Upper Elwha
except for canyons (see Brenkman et al., 2012). Snorkel counts were
conducted in early- to mid-September to ensure the majority of
adult summer steelhead had entered freshwater. Once in the water,
divers moved downstream and would enumerate fish in each
habitat unit and then relay those numbers to a bank recorder.
Generally, the process consisted of two divers swimming
downstream side-by-side, with some up river reaches covered
with a single diver. Summer steelhead were distinguished from
resident rainbow trout by their larger size, silvery coloration,
presence of a strong sea line, and few spots below the lateral line.
Divers also classified each adult steelhead as hatchery, wild, or
unknown, depending on the presence of an adipose fin. For more
details on the snorkel survey methods please refer to Brenkman
etal. (2012) and Duda et al. (2021). We only surveyed a portion of
the watershed therefore our resulting counts represent a lower
bound on total abundance.

4 Results

4.1 What is the annual abundance of
returning adult Chinook salmon and winter
steelhead during and after dam removal?

Prior to dam removal (1986-2010), expanded redd count data
showed an average annual return + 1 SD of 2,827 (+ 1,778) adult
Chinook salmon in the Elwha River (Figure 2A). During (2011-
2014) and following (2015-2020) dam removal, SONAR data
showed average annual returns of 3,444 (+ 1,125) and 4,734 (+
2,409) Chinook salmon respectively. We estimated the average
number of naturally spawning Chinook salmon before, during,
and after dam removal as 1,393 (+ 1,218), 1,930 (+ 747), and 3,523
fish (+ 1,949), respectively (Figure 2A). The proportion of total
returning adult Chinook salmon taken for hatchery breeding
purposes before dam removal was 53% (+ 15%), compared to
45% (£ 6%) during dam removal and 31% (+ 8%) following dam
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removal. Based on SONAR, the estimated number of returning
adult winter steelhead to the Elwha River from 2014 to 2020 ranged
between 890 and 1,985 fish (average 1,400 + 350) (Figure 2B).
Starting in 2016, the population has been increasing at
approximately 10% annually except for a 10% decrease in
2019 (Figure 2B).

4.2 How many Chinook salmon migrants
and steelhead smolts were produced
during and after dam removal?

The number of subyearling and yearling Chinook salmon
released from the hatchery prior to dam removal averaged

10.3389/fevo.2024.1241028

2,596,545 (+ 801,861), which was higher than the 1,953,609
(* 808,897) released during and after dam removal. The number
of natural-origin subyearling Chinook salmon from the Elwha River
averaged 43,828 (+ 47,932), 46,973 (£ 39,798), and 323,764
(£ 407,976), before, during, and after dam removal, respectively
(Figure 3A). A dramatic increase in the estimated number of
natural-origin subyearling Chinook salmon occurred when over
500,000 and almost 1 million subyearlings were produced in 2019
and 2020 (Figure 3A), respectively. The estimates for 2016, 2017,
and 2020 yearlings were one to two orders of magnitude less than
the subyearlings, the only years when trap efficiency was sufficient
to allow estimates of yearling outmigrants (Table 3).

The average hatchery releases of steelhead smolts during and
after dam removal was approximately 122,596 (+ 53,514) fish. The
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FIGURE 2

Year

Interannual trends in abundance of (A) adult Chinook salmon and (B) adult steelhead in the Elwha River before, during, and after dam removal based
on redd surveys and SONAR. Shaded areas denote estimates of Chinook salmon during years of simultaneous redd surveys and SONAR. Dark solid
lines denote 95% confidence intervals. Arrows (straight and angled) denote the removal of the Elwha and Glines Canyon dams and associated
rockfall blockages in Glines Canyon. Removals for hatchery broodstock account for the difference between total run size and in-river run size.
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average annual estimate of natural-origin steelhead smolts during
and after dam removal was 8,884 (+ 5,380), but unlike Chinook
salmon they did not display the same large increase in natural
production in 2019 and 2020 (Figure 3B). Between 2013 and 2020,
outmigrating subyearling Chinook salmon from Indian Creek, a
tributary located at rkm 12.1 not impacted by the sediment supply
changes from the dam removal, ranged between 1,188 and 129,759
and averaged 53,396. Between 2013 and 2020, the annual average
number of steelhead smolts from Indian Creek was 1,523 fish with a
low of 146 in 2014 and a high of 2,550 in 2019.
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4.3 What is the proportion of hatchery-
origin adult Chinook salmon and steelhead
during and after dam removal?

Across return years 2009-2020, the median proportion of
hatchery-origin returning adult Chinook salmon from all
collection sources was 95.9% (range = 92.0-98.0%, Figure 4A). In
2016-2020, when some returning salmon might have been
produced from parents that spawned upstream of the Elwha Dam
site, the proportion of hatchery-origin Chinook salmon was not
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Year

Interannual trends in abundance of outmigrating natural-origin subyearling juvenile Chinook salmon and natural-origin steelhead smolts from 2008
to 2020 in the Elwha River. (A) Outmigrating subyearling juvenile Chinook salmon estimated at the screw trap in the main stem Elwha River (rkm 0.3
and 3.3 in 2014-2018 and 4.0 in 2019-2020). The filled circles and vertical bars represent the median estimate and 95% credible interval. Arrows
denote the removal of the Elwha and Glines Canyon dams and associated rockfall blockages in Glines Canyon. (B) Steelhead smolts estimated at the
main stem screw trap (rkm 0.3 and 3.3 in 2014-2018 and 4.0 in 2019-2020). The open circles without credible intervals represent years in which
the catch was less than 10. The black filled rectangles represent the separate estimates based on the independent large-bodied fish efficiency
estimates. The gray region represents years in which the outmigrant estimates are believed to be under-estimated due to expansions based on 0+

salmon for this period.
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TABLE 3 Elwha River smolt trap catch data and abundance estimates for
yearling Chinook salmon from 2014 to 2020.

Year Raw Trap Abundance
catch efficiency estimate

2014 71 NA NA
2015 25 NA NA
2016 86 0.076 1374 (960-3672)
2017 47 0.134 593 (389-1098)
2018 21 NA NA
2019 4 NA NA
2020 142 0.023 4301 (4031-7248)

Efficiency estimates for 1+ Chinook salmon were only available in some years.

significantly different from 2009-2015, based on a binomial general
linear model (p > 0.10, Figure 4A). However, restricting the analysis
to only Chinook salmon spawning naturally in the Elwha River
yielded a slightly lower proportion hatchery-origin in 2016-2020
(median = 93.8%) compared to 2009-2015 (median = 95.5%, glm
p<0.05). The proportion of hatchery winter steelhead caught during
sampling from 2014-2018 was 0.85, but 0.54 in 2019 (Table 4).
However, the proportion of hatchery winter steelhead caught
upstream of former Elwha Dam was lower than that downstream
of the dam during both periods (Table 4).

4.4 How productive were Chinook salmon
during and after dam removal?

Estimates of naturally spawning Chinook salmon productivity
(adult to adult) from 2004-2015 were < 0.40 in all years and < 0.20 in
eight of 12 years, which is below the 1.0 replacement value (Figure 4B).
Adult-to-adult productivity of Chinook salmon spawned in the
hatchery was greater than that of naturally spawning salmon in all
years, exceeding replacement in nine of 12 years (Figure 4B). However,
SAR of natural-origin Chinook salmon was consistently greater than
hatchery-origin Chinook salmon in the Elwha River (Figure 4C).
Median SAR increased from the period prior to dam removal (brood
years 2005-2010) to the period during dam removal (brood years
2011-2015), for both hatchery-origin (before = 0.13%; during =
0.19%) and natural-origin (before = 0.26%; during = 0.75%)
Chinook salmon. However, the SAR were highly variable and one
of the lowest values for both hatchery- and natural-origin Chinook
salmon was observed during dam removal (Figure 4C).

4.5 How were annual estimates of Chinook
salmon abundance affected by streamflow
and sediment impacts?

Plotting values of subyearling Chinook salmon migrants per
spawner against the flow-sediment index between 2011 and 2018
suggests an inverse relationship (Figure 5). This was supported by an
estimated negative slope for the log-log linear fit (b = —0.44, 95%CI
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[-0.67,-0.20], R? = 0.78). During and after dam removal, the years
2014, 2015, and 2017 had the highest flow-sediment index, and the
lowest estimated Chinook salmon freshwater productivity (Figure 5).

4.6 How far have Chinook salmon and
steelhead expanded their
spawning distribution?

Although the spatial extent of our Chinook salmon redd counts
varied and was limited in the main stem Elwha due to poor visibility,
our surveys were able to document several patterns. First, we
observed adult Chinook salmon in the Middle Elwha immediately
after removal of the Elwha Dam (rkm 7.9) in April of 2012. Second,
following that initial observation, from 2012-2018 the density of
Chinook salmon redds in the Middle Elwha was similar or greater
than the densities in the Lower Elwha (Figure 6). Third, following
removal of the rockfall blockage in 2015 and 2016, Chinook salmon
redds have been consistently observed above the former Glines
Canyon Dam (rkm 22), with the former Lake Mills Reservoir (rkm
22-25) being the most intensively used spawning area in the Upper
Elwha. Fourth, as a result of the expanding spatial distribution, the
overall extent of redds (difference between furthest upstream and
downstream) has ranged between 45 and 55 km upstream.

Although based on surveys in tributaries rather than the main
stem (due to poor visibility), we observed a similar pattern for
steelhead redds. For example, following removal of the former
Elwha Dam in 2011, spawning winter steelhead were immediately
observed in two tributaries — Little River and Indian Creek - to the
Middle Elwha that were unaffected by sediment from dam removal.
Since that time, numerous steelhead have moved into and spawned in
Little River, which contained the greatest cumulative number of redds
among all tributaries for all years from 2012-2018 (Figure 7). Indian
Creek, located immediately west of Little River, has also consistently
supported spawning winter steelhead. Since 2014/2015, Hughes
Creek, another tributary to the Middle Elwha, has been used by
spawning steelhead and has supported the highest annual number of
redds among tributaries in some of those years (Figure 7). Like
Chinook salmon, once the rockfall blockage in Glines Canyon was
removed, steelhead were immediately observed spawning in
tributaries draining areas upstream of the former Glines Canyon
Dam, with Boulder Creek generally containing the greatest number of
redds (Figure 7). Overall, for Chinook salmon and steelhead, the
spatial distribution of redds shifted from the Lower Elwha prior to
dam removal to the Middle Elwha during and after dam removal.

4.7 Has dam removal given rise to the re-
emergence of different life histories that
were not present, or very rare, when
migration into the Elwha River headwaters
was blocked?

Adult summer steelhead were first observed by snorkelers in 2013

(one adult) and 2016 (six adults) during two relatively short surveys of
the Lower and Middle Elwha (rkm 5-18). Once surveys were expanded
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FIGURE 4

Elwha River Chinook salmon natural- and hatchery-origin metrics. (A) Number of hatchery marked and unmarked adults, (B) spawner-to-spawner
productivity, and (C) Smolt-to-adult return rate (SAR) estimates for Elwha River Chinook salmon. In (C), for each brood year (BY), hatchery-origin

juveniles include subyearling (BY + 1) and yearling (BY + 2) releases

to systematically cover the same length of habitat each year, the
number of adult summer steelhead observed during snorkel surveys
in the Middle and Upper Elwha ranged between 74 and 318 between
2017 and 2020 (Table 5). The number of steelhead increased from
2017-2019, and then declined in 2020. Less than 1% of the summer
steelhead counted via snorkel survey in the Middle and Upper Elwha
were identified as hatchery steelhead via a clipped adipose fin.
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5 Discussion

Dam removal can help recover and increase the abundance,
productivity, spatial distribution, and diversity of imperiled
populations of anadromous salmonids by restoring access to
formerly productive habitats. However, removal of large dams is a
relatively new conservation action and consequently, data on the
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TABLE 4 Numbers and proportion of natural and hatchery origin adult winter steelhead observed during sampling in the Elwha River with 95%

credible intervals from 2014 to 2019.

River section

Hatchery origin

Natural origin Proportion hatchery origin

2014-2018 Downstream of Elwha Dam 235 42 0.85 (0.80, 0.89)
2014-2018 Upstream of Elwha Dam 6 18 0.25 (0.12, 0.45)
2019 Downstream of Elwha Dam 40 34 0.54 (0.45, 0.65)
2019 Upstream of Elwha Dam 0 24 0.00 (0.00, 0.14)

We calculated Bayesian 95% credible intervals for the proportion of hatchery origin adult steelhead by assuming a binomial distribution and using a beta prior with o=p=1.

potential benefits are scarce. We used multiple lines of evidence
over an approximately 10-year period (2011-2020) to evaluate the
short-term responses of Chinook salmon and steelhead to the
removal of two large dams in the Elwha River. We found several
results that are important to fish populations on the Elwha, as well
as to future dam removal actions scheduled in other watersheds.
First, estimates from spawning surveys or redd counts prior to dam
removal and SONAR during and after dam removal indicate the
number of returning Chinook salmon and winter steelhead has
improved since the dams were removed. This was driven by
increased SAR of hatchery Chinook salmon and increased
abundance of hatchery- and natural-origin winter steelhead.
Second, smolt trap data showed that the number of subyearling
Chinook salmon migrants and steelhead smolts has also increased
since dam removal. The increased production of natural-origin
subyearling migrant Chinook salmon appears related to improved
river conditions in recent years, based on a strong negative
relationship between dam-removal induced sediment impacts
(i.e., our flow-sediment index) and the abundance of natural-
origin subyearling migrants during and immediately following
dam removal when conditions in the main stem Elwha River
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FIGURE 5

The relationship between the sum of the discharge of the number
of days where flow is above bankfull discharge (56.6 cms) multiplied
by the total sediment volume (tonnes) during incubation (September
to December) vs. the number of subyearling juvenile Chinook
salmon per spawner — 2011 to 2018.
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were unfavorable for survival. Third, redd counts indicate the
spatial distribution of spawning Chinook salmon and steelhead
has expanded - including above both former dam sites — after dam
removal. Last, snorkel surveys revealed the initial re-establishment
of summer run steelhead, a life history that was only rarely observed
in the years leading up to dam deconstruction (Duda et al., 2021).
The combined results suggest dam removal and the associated
management actions has already improved viable salmon
population parameters for two ESA-listed species in the short
term, and recent increases in productivity associated with
stabilization of the main stem Elwha River below the dams offer
hope for continued rebuilding of natural-origin populations over
the long term.

5.1 Responses of Chinook salmon and
winter steelhead to dam removal

One of the primary goals of dam removal was to increase the
long-term abundance and resilience of natural-origin Chinook
salmon and winter steelhead in the Elwha River, both of which
were highly depleted and protected under the ESA (Brenkman et al.,
2008; Pess et al., 2008; Ward et al., 2008). The rate of dam removal
was designed to be fast enough to affect only up to four brood years
of salmonids, but slow enough that erosion and redistribution of the
sediment stored in the former reservoirs would keep pace with dam
removal and maintain conditions suitable to meet municipal water
needs (Randle et al., 2015). Nonetheless, there was a great deal of
uncertainty about how salmonids would respond because of the
magnitude and rate of reservoir sediment erosion associated with
dam removal.

We found the abundance of returning adult Chinook salmon
generally increased, rather than declined, since the dams were
removed, including some of the largest returns in the past several
decades. However, the Chinook salmon population is
demographically dominated by hatchery-origin fish (= 92% in all
years, Figure 4A), and natural reproduction is well below
replacement (Figure 4B). Nonetheless, the distribution of
spawning adults has expanded into newly opened habitats, which
is a common result of barrier removals (Kiffney et al., 2009; Pess
et al, 2014; Anderson et al., 2015). Chinook salmon population
stray rates range from less than 5% to up to 34%, averaging ~15%
(Westley et al., 2013; Keefer and Caudill, 2014; Pearsons and
O’Connor, 2020), so some of the initial occupiers may have
originated from other river systems. Based on CWT information
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FIGURE 6

Number of Chinook salmon redds observed downstream, in-between, and upstream of former dam sites in the Elwha River from 2013 to 2018. Solid
black lines denote Chinook salmon redd densities/100 m. Narrow grey lines denote the total extent of Chinook salmon redd distribution. Thicker

grey line denotes the central 90% of Chinook salmon redd distribution.

from the Elwha approximately 8.5% (23 out of 275) of the fish
collected in 2017 were from nearby streams (Weinheimer et al.,
2018). Regardless, our results indicate most Chinook salmon are
hatchery-origin and that adult abundance fluctuations during and
after dam removal are, in large part, due to hatchery production and
survival of hatchery-reared juveniles.

Returns of winter steelhead have also increased since dam
removal, from hundreds of fish in 2013 to almost 2,000 adults in
2020. Hatchery-origin steelhead derived from native Elwha River
broodstock have significantly contributed to the overall increased
abundance of winter steelhead, and they are particularly common in
the Lower Elwha. Our observations of adults in the Middle and
Upper Elwha suggest that expansion of the spatial distribution of
winter steelhead is largely being driven by natural-origin fish.
Although we did not genetically determine the origin of returning
adults in this study, stray rates for steelhead range from less than 5%
to 14% (Keefer and Caudill, 2014; Pess et al., 2014; Pearsons and
O’Connor, 2020), though winter steelhead recipient stray rates are
typically greater than donor stray rates (~29%) (Pearsons and
O’Connor, 2020). However, a large contribution from strays
seems unlikely, considering the immediately adjacent watersheds
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contain only small populations of steelhead and other, larger
populations in Puget Sound overall are greatly depleted, with
most having fewer returning adults than we documented in the
Elwha River (Cram et al., 2018).

The limited spatial, numerical and life-history expansion of
Chinook salmon compared to steelhead could be partly related to
sediment impacts associated with differences in the temporal and
spatial distribution of spawning adults and their associated redds.
Although Chinook salmon and steelhead have moved upstream of
both dams, most Chinook salmon spawn in the fall in the main stem
Elwha River between or below the former dam sites. Sediment
concentrations in those sections was consistently high during the
Chinook salmon egg-to-fry incubation period from October through
December of 2012-2015, due to the considerable increase in sediment
supply mobilized via dam removal (Ritchie et al, 2018). Sediment
transported from the former Mills Reservoir aggraded the streambed
in the Middle Elwha by over 1.0 m and the Lower Elwha by 0.5 m
after October of 2012 (Ritchie et al., 2018). High stream flow events in
2014 and 2015 created further aggradation and degradation (+/- 0.3
m), and as a result, over 3 Mt and 1.5 Mt of sediment was mobilized
in 2014 and 2015, respectively (Ritchie et al., 2018).
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FIGURE 7

The number of steelhead redds in surveyed tributaries in the Middle and Upper Elwha River from 2011 to 2018. “NA" indicates no survey conducted.
The black filled bars indicate the relative number of steelhead redds to the total maximum steelhead redds counted during this time period (73 in

Little River in 2013/2014).

Our model using annual flow-sediment index suggests the
natural production of subyearling Chinook salmon migrants was
strongly negatively impacted in years with high streamflow and
sediment loads. Salmon survival during egg incubation and through
emergence partly depends on egg burial depths exceeding the depth
of streambed scour during the incubation period (Montgomery
et al., 1996; DeVries, 1997). Salmonid egg burial depths can range
from 0.03 m to 0.5 m depending upon the species, size of the female,
substrate size, and other factors (DeVries, 1997). During and
immediately following the dam removal years, aggradation and
degradation in the main stem Middle and Lower Elwha River
approached or exceeded these egg burial depths. We hypothesize

streambed scour and fill associated with changes in sediment
initially impacted egg-to-fry survival of naturally spawning
Chinook salmon.

We did not see a similar pattern for natural steelhead smolt
production. Although winter steelhead also spawned in the main
stem, they did so in spring. The later spawn timing means their eggs
and emergent juveniles, unlike Chinook salmon, were not exposed
to peak flow events that occurred in fall and winter. Additionally,
steelhead have also more frequently spawned in habitats that were
not directly impacted by increased sediment, such as tributaries like
Little River and Hughes Creek and the main stem Middle and
Upper Elwha. Therefore, the timing and location of steelhead

TABLE 5 Number of adult summer steelhead observed upstream of former dam sites in the Elwha River from 2017 to 2020 based on snorkel surveys.

Rkm location

Total rkm surveyed

Adult summer
steelhead observed

Snorkel survey month

2017 35.0-58.0 23 September 74
2018 35.0-58.0 23 September 216
2019 35.0-58.0 23 September 318
2020 35.0-58.0 23 September 92

Less than 1% of all steelhead counted were identified as hatchery steelhead.
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spawning and emergence likely reduced their vulnerability to
potential sediment impacts from dam removal. Accordingly, as
annual sediment loads stabilize to background levels (Ritchie et al.,
2018), and conditions in the main stem become more favorable for
spawning and egg incubation, we predict that the productivity of
naturally spawning Chinook salmon will increase and become more
similar to what we observed in 2018 and 2019.

Other factors may also have shaped the early response of
natural-origin Chinook salmon and steelhead. Differences
between the hatcheries, the status of each population prior to
dam removal, and the presence of resident O. mykiss life histories
between and above the dams may have contributed to the observed
patterns. Major dam removal projects present tradeoffs, such as
whether to use hatcheries or rely on natural-origin fish for
reintroduction (Anderson et al., 2014). Hatcheries on the Elwha
River were used to reduce the risk of population extinction during a
period of heightened environmental impacts (largely from
sediment) immediately following dam removal and to increase
the abundance of Chinook salmon and steelhead populations
(Ward et al., 2008; Peters et al., 2014). The original start time of
Elwha hatchery operations varies with each species. The Elwha
River Chinook salmon hatchery program was initiated in 1930
(Brannon and Hershberger, 1984) and almost all Chinook salmon
production before dam removal was due to hatchery production.
Thus, considering the long duration of Chinook salmon hatchery
production, the associated potential risk of domestication selection
for traits advantageous to the hatchery environment, and loss of
fitness in the wild (Pess et al., 2014; Araki et al., 2008), are greater
for Chinook salmon than steelhead in the Elwha. Some level of re-
adaptation to the natural environment may be necessary for
Chinook salmon to achieve sustained natural population growth
and meet demographic thresholds linked to recovery (NMFS, 2012;
Peters et al., 2014). Under this hypothesis, the naturally spawning
population must have a level of reproductive isolation from the
hatchery to observe any such readaptation, and reduced hatchery
production could help achieve this goal. Whether the population
retains suitable genetic material for re-wilding and the degree of
reproductive isolation needed to achieve it are open questions.

Elwha steelhead had a much different hatchery history than
Chinook salmon. Steelhead hatchery stocks released into the Elwha
prior to 2011 were intended to be segregated from, rather than
integrated with, the wild steelhead population in the Elwha River
(sensu Mobrand et al., 2005). When these releases were terminated,
a small but resilient population of wild steelhead remained more
than 100 years after Elwha Dam was constructed. Beginning in
2011, releases from a new hatchery program derived from native
Elwha steelhead was designed to increase abundance of fish
harboring native genetic diversity using captive brood techniques
(NMES, 2012). Thus, the current steelhead program has a much
shorter history than the Chinook salmon hatchery program.

The origin of the Chinook salmon and steelhead may also have
affected the spatial distribution of spawning adults, which has
implications for reintroduction success because it can influence
productivity, habitat use and overall viability (Pess et al.,, 2012). For
instance, hatchery Chinook salmon (Hoffnagle et al, 2008) and
steelhead (Hayes et al., 2004; Feeken et al., 2019) may
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disproportionally return to areas near their release sites, resulting in
a more downstream distribution compared to natural-origin fish
(Hughes and Murdoch, 2017). These hatchery-influenced patterns
are presumably related to the strong homing ability displayed by
salmonids (Quinn, 1993). Thus, homing may help explain, in part,
why the distribution of Chinook salmon and their redds was skewed
towards the Lower and Middle Elwha, and why hatchery-origin winter
steelhead were more common in the Lower Elwha, while natural-
origin steelhead seem to be driving spatial expansion into the Middle
and Upper Elwha. This behavioral tendency could limit access to lesser
used, but higher quality habitats further upstream that were not
impacted by dam removal. For example, the estimated numbers of
recruits per spawner were two times greater for spawning pink salmon
in the Fraser River above the former Hell’s Gate rockfall than below it
during the peak time of reintroduction (Pess et al., 2014). Therefore,
population productivity and growth rates of natural-origin Chinook
salmon may also partly depend on their ability to expand their spatial
distribution into habitats where they would have less competition and
better conditions for spawning and egg incubation.

5.2 Re-emergence of summer run
steelhead into headwaters of Elwha River

Finally, the response of steelhead, particularly the re-emergence
of a summer run, has likely benefited from the abundant population
of native resident rainbow trout present upstream of the former
dams. Resident rainbow trout can produce anadromous offspring
(Kendall et al., 2014) and represent a source of anadromous
individuals, particularly when anadromous adult abundances are
low (Losee et al., 2020). Populations isolated above barriers often
retain both the genetic (Clemento et al., 2008) and physiological
(Holecek et al., 2012) traits of anadromy. Residents can also mate
with (McMillan et al., 2007) and contribute genes to their
anadromous counterparts (Christie et al., 2011). Resident rainbow
trout upstream of Glines Canyon Dam were producing migrants that
were seawater tolerant and apparently capable of an anadromous life
history as late as the early 1990’s (Hiss and Wunderlich, 1994). It thus
appears dam removal not only opened up additional freshwater
habitat for anadromous steelhead, but also provided access to the
ocean and potential interbreeding between steelhead and resident
trout, both of which can increase the number of breeders and genetic
variation within a reconnected population (Weigel, 2013).

Increased life history diversity was a predicted response to the
removal of the Elwha River dams (Brenkman et al., 2008; Pess et al.,
2008). Adaptive management guidelines explicitly recognized the
importance of life history diversification to the recovery of Chinook
salmon and steelhead in the basin (Peters et al., 2014). Although
spring Chinook salmon and summer steelhead life history types
historically occurred in the Elwha River before the dams were
constructed, thus far only summer steelhead have re-emerged after
dam removal. Summer steelhead were rarely seen prior to dam
removal (Duda et al., 2021), but rapidly increased their observed
numbers from 2017 to 2020 (Table 5). This is likely due to
reconnection with the favorable cold-water temperature regime
and alternating canyon and floodplain geomorphology of the
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Elwha River basin upstream of the dams (Beechie et al.,, 20065
Brenkman et al., 2008; Pess et al., 2008). Additionally, there have
not been any releases of hatchery summer steelhead during or after
dam removal, with preliminary genetic analyses indicating that the
summer run fish harbor alleles for early run timing and a large
portion of the resident rainbow trout above the former dams harbor
those alleles as well (Fraik et al, 2021). A similar response of
increased anadromy, in addition to larger body size, was
documented in Elwha River bull trout, which were common
between and above the dams prior to removal (Brenkman et al.,
2019; Duda et al,, 2021). The “reawakening” of the summer
steelhead life history strategy and increased abundance and
condition of bull trout in the Elwha River further suggests
salmonids can retain the ability to express anadromy after
decades of isolation from the sea and highlights how species with
sources of resident fish can respond to re-connectivity of a
watershed (Thrower et al., 2004).

5.3 Implications for other dam
removal projects

The management and monitoring of how salmonids respond to
dam removal in the Elwha River has several implications for future
dam removal projects. First, sediment impacts and large-scale
changes to the river can occur from dam removal during and
immediately following deconstruction (Ritchie et al., 2018). Given
substantial sediment impacts from dam removal, reduced
invertebrate prey availability for salmon can force them to
temporarily adjust their foraging and diets (Morley et al., 2020).
Although impacted sections of river can become productive for
salmon relatively quickly, depending on discharge and sediment
transport, species that most heavily rely on habitats impacted by
dam removal, such as Chinook salmon in the main stem Elwha
River, will likely struggle to maintain natural production until
sediment levels return to a more natural level and regime.

Second, hatchery production was important for Chinook salmon
and steelhead to persist through the most disruptive phase of dam
removal. However, reintroduction into upstream areas has included
hatchery, transplantation, and natural approaches. Chinook salmon,
for example, have been almost entirely reliant on releases of large
numbers of hatchery smolts. Reintroduction for other species, such as
coho salmon, was jumpstarted by temporary relocation of hatchery
adults to two tributaries to the Middle Elwha during the highest
sediment impact periods before natural spawning started to occur, as
well as consistent coho salmon hatchery production post dam removal
(Liermann et al.,, 2017; Denton et al., 2022). Hatchery production was
not used for bull trout (Quinn et al,, 2017; Brenkman et al., 2019),
Pacific lamprey (Hess et al., 2021), or summer steelhead (Fraik et al,
2021). These studies of other species, in combination with our results,
suggest hatchery production may be particularly beneficial for species
with an extensive history of hatchery operation that also are expected
to rely heavily on the most impacted habitats. However, hatchery
production may not be as needed for species with a long history of
natural production, resident life histories, and the ability to access and
spawn in unimpacted habitats.
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Third, attempts to re-establish self-sustaining populations through
barrier removals may be assisted by reducing or eliminating harvest. A
fishing moratorium was enacted in the Elwha River watershed to
protect fish and reduce the risk of extinction during dam removal and
help to increase immediate abundance (Pess et al., 2012; Anderson
et al, 2014; Bellmore et al, 2019). There was no commercial or
recreational in-river Elwha River Chinook salmon fishery for decades
prior to dam removal. There was a steelhead recreational and
commercial fishery that varied in season length over the years up
until 2012. Terminal harvest of Chinook salmon varies substantially
across Puget Sound as a whole, but some populations experienced
rates up to approximately 30% (PSIT and WDFW, 2022); avoiding
this level of terminal harvest mortality has resulted in thousands of
additional Chinook salmon spawners, equivalent to approximately an
additional year of adult Chinook salmon returns following dam
removal. Similarly, using the average steelhead harvest rate in Puget
Sound for the same period of 7% (S.D. 6%) (Cram et al., 2018), would
result in an additional 493 (+/-35) additional spawners in the Elwha
since 2011. A similar approach of fishing closures may benefit
susceptible species and stocks in watersheds where survival maybe
dramatically impacted by dam removal.

Last, large dam removal can be disruptive, rendering many
traditional monitoring approaches unviable, particularly in larger
watersheds with multiple species of interest. High turbidity levels for
extended periods of time forced a shift from redd counts to SONAR,
which allowed annual estimates of Chinook salmon and steelhead
abundance and associated run timing. Foot and boat surveys during
peak spawning allowed us to continue tracking the spatial
distribution of spawning adults in areas and years where river
conditions allowed. Smolt trapping was also impacted by changes
to the river throughout the study period (but in particular during and
after dam removal) requiring adjustments to the mainstem trap
location and operations. Together these adaptations to fish
sampling approaches allowed us to capture important aspects of
reintroduction that otherwise would not have been possible.

5.4 Conclusions

Fish reintroduction in larger watersheds can take up to 20 years
or more (DOI, 1996; Milner et al., 2008; Pess et al., 2012), while
smaller watersheds can establish self-sustaining salmon populations
in five years or less (Bryant et al., 1999; Glen, 2002). It is too early to
conclude that recovery of Chinook salmon and steelhead populations
due to dam removal in the Elwha River has been successful.
Nonetheless, in the short period since dam removal we observed
several promising results, ranging from increased abundance and
spatial distribution to the re-emergence of a unique life history, and
were able to evaluate the effects of streamflow and sedimentation on
the production of natural-origin juvenile Chinook salmon.

While these results are encouraging, it is also important to
remember that many challenges remain, particularly for Chinook
salmon that are mostly hatchery-origin and have not distributed
themselves as broadly, to this point, as expected. Whether dam
removal in the Elwha River results in salmon, trout, and char
populations that are more abundant, diverse, and resilient than
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prior to dam removal will be determined over the course of the next
several decades. Although we cannot answer that question yet, the
project has taught us many lessons about monitoring and managing
salmonids and their habitat during and after dam removal (see also
Peters et al., 2024). The response of Chinook salmon and steelhead to
the removal of the Elwha River dams is not just about dam removal;
rather, it is about a suite of cumulative management actions including
use of hatchery production, and an in-river fishing and terminal
nearshore moratorium. Succinctly characterizing this complexity
during a period of extreme changes was challenging, which is why
we relied on several different methods, such as SONAR to count fish
and estimate run timing in river conditions that did not allow for
visual surveys, and smolt traps to enumerate outmigrating juveniles.
We complimented those stationary-point sampling methods with a
spatial component that included systematic and opportunistic on-
the-ground foot and snorkel surveys when and where visibility
allowed. By being adaptive with our monitoring, we were thus able
to use multiple methods and lines of evidence to track the short-term
response of Chinook salmon and steelhead. Our findings improve
existing knowledge about potential short-term salmonid responses to
dam removal and offers insight into the complexity for those tasked
with trying to quantify reintroduction of multiple species across
remote watersheds with varying degrees of hatchery- and natural-
origin salmon and steelhead populations.
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