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The East Portland Special Fishery Conservation Area (EPSFCA) is a no-take marine reserve in northeast Jamaica, established in 2016. The region is historically understudied and lacks ecological data critical for evaluating conservation outcomes. This study uses monitoring data collected with Global Coral Reef Monitoring Network methods to quantify changes in benthic, fish, and invertebrate communities from 2017 to 2024 and to evaluate the influence of herbivores on reef recovery. Results indicate that fish size and abundance increased between 2017 and 2019 following active enforcement, but these gains declined by 2022 as patrols decreased. In contrast, benthic assemblages showed continued degradation; coral cover declined to ~1% by 2024 alongside rising macroalgae and loss of coralline algae, reflecting disease and heat-stress impacts and a shift toward disturbance-tolerant species. Herbivores such as Diadema antillarum and parrotfish were key in limiting macroalgal dominance, although the intensity of their impact differed among sites. Differences in community composition reflect site-specific variation, indicating that local conditions influence recovery dynamics within the sanctuary. Overall, the EPSFCA demonstrates that consistent enforcement and herbivore protection can promote partial but fragile reef recovery, emphasizing the need for sustained management to rebuild resilience. These results provide a rare long-term assessment for Jamaica’s northeast coast and offer a benchmark for evaluating future conservation outcomes.
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1 Introduction

Caribbean coral reefs are biodiversity hotspots in the ocean (Roberts et al., 2002); they support high species richness through complex interactions of biotic processes, such as herbivory and competition that vary spatially. Fringing reefs dominate the region, alongside atolls, barrier, bank, and patch reefs (Souter et al., 2021). Important corals in the Caribbean include photosynthetic Scleractinia, such as Acropora spp., Orbicella spp., and Diploria labyrinthiformis, which build structural complexity on reefs (González-Barrios and Álvarez-Filip, 2018).

Caribbean reefs have undergone major ecological reorganizations over recent decades, driven by compounding global and local stressors. Climate-driven warming, coral bleaching, disease outbreaks and overfishing have reduced coral cover and altered the relative abundances of reef-building and algal taxa, leading to widespread phase shifts from coral to algal dominance (Gardner et al., 2003; Bellwood et al., 2004; Jackson et al., 2014; Hughes et al., 2023). The loss of key herbivores, including the 1980’s die-off of Diadema antillarum (Lessios, 1988; Alvarez-Filip et al., 2022) and the continued removal of grazing fish (Jackson et al., 2001) have further weakened top-down control on macroalgae, intensifying competition with corals.

These region-wide ecological shifts are particularly evident in Jamaica, where decades of fishing pressure and storm impacts have led to Jamaica’s reefs becoming among the most degraded in the Caribbean (Gardner et al., 2003; National Environment and Planning Agency, 2021). Most research has centered on Discovery Bay, while other regions remain poorly characterized despite their ecological and socio-economic importance.

Recent conservation initiatives have aimed to reverse reef degradation through locally managed marine protected areas. One such effort is the East Portland Special Fishery Conservation Area (EPSFCA, herein referred to as ‘the sanctuary’) in northeast Jamaica (Figure 1). Baseline assessments before the establishment of the sanctuary (2016) were conducted by The University of the West Indies, Mona to determine the sanctuary location (Buddo et al., 2014). The study found low fish populations due to overfishing, particularly spearfishing, which had resulted in the near complete absence of adult fish. This area is now a “no-take zone”, where no fishing is permitted, and includes a nursery for fish and other marine life (Buddo et al., 2014). Prior to the Buddo et al. (2014) study, there were no coordinated assessments of reef community composition, herbivore populations, or other ecological indicators. This lack of systematic ecological information limits the ability to design effective management strategies for the EPSFCA. Understanding how community composition and herbivore dynamics respond to protection across spatial and temporal scales is critical for guiding restoration.

[image: Map of coral reef monitoring sites along the northeast coast ofJamaica. Key locations include Salt Creek, Trident Shallow, Turtle Crawle, Cold HarbourWest, Drapers Reef, Coral Nursery, Pellew Island, Dragon Bay, and Winnifred Reef. Coralreefs are marked in orange, with stars indicating monitoring sites. A dashed line showsthe boundary line. Port Antonio is the closest town to the monitoring area, while Negril, Montego Bay, and Discovery Bay are included for broader geographic context.]
Figure 1 | Map of the East Portland Special Fishery Conservation Area (EPSFCA), northeast Jamaica, showing the sanctuary boundary (dashed line) and monitoring sites surveyed in the study (stars; colors correspond to subsequent site-specific figures). Coordinates for the sanctuary are approximately 18°10’49.10”N and 76°24’21.47”W. The scale bar indicates distance in kilometers; north is up. Modified from the Alligator Head Foundation website.

This manuscript synthesizes recent (2017-2024) ecological data to determine the variation of community composition within and outside the EPSFCA. We also document how coral reef communities have changed since the creation of the sanctuary in 2016, with a particular focus on the abundance and importance of herbivores in the region. Specifically, this study addresses the following questions: (1) How have benthic, fish, and invertebrate communities within the EPSFCA changed since the sanctuary’s establishment? (2) How do community compositions differ among sites, and between areas inside and outside the sanctuary? (3) To what extent do herbivorous fish and urchin species influence macroalgal abundance? Together, these questions evaluate whether protection within the EPSFCA is promoting reef recovery and identify the ecological processes shaping community change.




2 Materials and methods



2.1 Study area

The EPSFCA is a 6 km2 area in east Portland (Figure 1) managed by the Alligator Head Foundation (AHF), a non-governmental organization that aims to protect fish stocks, restore habitat, and regenerate local economies. Fishing is an important resource with nearly 2000 fishermen and over 500 fishing vessels active in the area (Wade et al., 2023).

The EPSFCA consists of gently sloping fringing spur and groove reefs on a narrow shelf (Ford et al., 2014). Since the creation of the sanctuary in 2016, nine monitoring sites have been established, Salt Creek (SC), Trident Shallow (TS), Turtle Crawle (TC), Cold Harbour West (CHW), Drapers Reef (DR), Coral Nursery (CN), Pellew Island (PI), Dragon Bay (DB), and Winnifred Reef (WR; Figure 1). Most of the sites are within the sanctuary but Winnifred Reef and Salt Creek are outside of the boundaries (Figure 1). Six of the nine sites have been monitored since 2017, with Trident Shallow, Salt Creek, and Winnifred Reef added in 2018 (Table 1).


Table 1 | Monitoring sites within and adjacent to the East Portland Special Fishery Conservation Area (EPSFCA), showing establishment year and major sampling gaps.
	Site
	Code
	Protection status
	Year established
	Notes/monitoring gaps



	Salt Creek
	SC
	Not protected
	2018
	Not monitored 2017; invertebrates are only urchin 2024


	Trident Shallow
	TS
	Protected
	2018
	Not monitored 2017; invertebrates are only urchin 2024


	Turtle Crawle
	TC
	Protected
	2017
	No invertebrates 2024


	Cold Harbour West
	CHW
	Protected
	2017
	2017 dive aborted → no invertebrates; invertebrates are only urchin 2024


	Drapers Reef
	DR
	Protected
	2017
	Invertebrates are only urchin 2024


	Coral Nursery
	CN
	Protected
	2017
	Invertebrates are only urchin 2024


	Pellew Island
	PI
	Protected
	2017
	No invertebrates 2024


	Dragon Bay
	DB
	Protected
	2017
	Invertebrates are only urchin 2024


	Winnifred Reef
	WR
	Not protected
	2018
	2019 only 3 transects; no 2017 data; no invertebrates 2024










2.2 Field data collection

Community composition data were collected in November 2017, October 2018, May 2019, June 2022, and July 2024; the break in sample collection was due to the COVID-19 pandemic. The methods used herein are based on those used by the Global Coral Reef Monitoring Network (GCRMN). The GCRMN method is used throughout the Caribbean to collect community composition data and describes six elements of the coral reef ecosystem: 1) abundance and biomass of key reef fish taxa, 2) relative cover of reef-building organisms and their dominant competitors, 3) assessment of coral health, 4) recruitment of reef-building corals, 5) abundance of key macroinvertebrate species, and 6) water quality (GCRMN-Caribbean Steering Committee, 2016). The sanctuary specifically collected elements 1 through 5, and to investigate the community composition of this area and how it has changed since the creation of the sanctuary, this project focuses on the data from parts 1, 2 and 5.

Five 30 meter transect lines were laid out at each reef monitoring site (Figure 1). These transects were laid in a straight line by the diver assessing fish abundance (GCRMN Part 1). The diver recorded the type of fish seen, and, when possible, the juvenile stage and size. Data calculated were fish average density (#/100 m2) and average size (cm). Fish surveys were conducted by trained conservation practitioners, including experienced local fishers, under the Atlantic and Gulf Rapid Reef Assessment (AGRRA) protocol. Monitoring priorities within the sanctuary emphasized ecologically and economically important taxa, and observers consistently focused identification effort on these functional groups. As a result, these groups were recorded accurately across years, whereas other species were not consistently enumerated. Therefore, analyses center on the key groups reliably identified with consistent taxonomic resolution (Supplementary Table 4), reflecting both the sanctuary’s management objectives and data comparability across survey years. The fish groups focused on for this study are angelfish, butterflyfish, grunts, parrotfish, snappers, surgeonfish, and wrasse (Supplementary Table 4).

To assess community composition (GCRMN Part 2), a photo quadrat was taken every two meters along each transect. The 0.9 m x 0.6 m photo quadrats were processed using Coral Point Count with Excel extensions (CPCE) software (Kohler and Gill, 2006) where 30 random points were put on each photograph and the benthic species at each point were identified (see Supplementary Tables 1, 2 for list of groups identified). This estimates the percent of the reef bottom with stony corals, gorgonians, sponges, and various types of algae. Potential inconsistencies created by the changeover of personnel performing identifications was mitigated by communication between personnel to ascertain reliably accurate groups and organizing by genera or group level when required for consistency (Supplementary Tables 1, 2).

To maintain consistency in benthic taxa and fish identifications despite personnel changes across survey years, we followed standardized regional protocols (GCRMN for benthic photo quadrats; AGRRA for fish). Prior to each survey season, observers were trained using reference photo quadrats and previous-year datasets under the supervision of the EPSFCA research coordinator (D. Henry). Benthic photo quadrat labels were synchronized across years using a single grouping framework to ensure consistent taxonomic resolution despite occasional differences in species-level identification. When taxa were not recorded consistently or could not be reliably distinguished in imagery, data were aggregated to the genus or functional-group level following GCRMN classification (see Supplementary Table 1).

For the invertebrate analysis (GCRMN Part 5), a diver swam the length of the transect recording how many invertebrates were seen within three meters of the transect. GCRMN recommends recording urchins and sea cucumbers, but the invertebrates recorded for the EPSFCA were increased to include other important invertebrates in the sanctuary. Specifically, conch, long spine urchin (Diadema antillarum), other urchins (predominantly Tripneustes ventricosus, Eucidaris tribuloides, Echinometra lucunter, and Echinometra viridis), lobster, and sea cucumber were recorded. This study focuses on D. antillarum and other urchins. Counts were standardized to density as the number of individuals per 180 m² (the 30 m × 6 m survey belt) to ensure comparability among transects and years.

Because the goal of data collection is monitoring, the transects were conducted in roughly the same location on the reef, but there are differences in the precise start and end position from year to year. Every site consistently had five transects with few exceptions (Table 1): Cold Harbour West had a single transect and recorded no invertebrate data in 2017 (dive had to be aborted), and Winnifred Reef had only three transects in 2019 (camera malfunction). When analyses are run including invertebrates (regressions), Cold Harbour West 2017 is removed. Furthermore, Salt Creek, Winnifred Reef, and Trident Shallow were not monitored in 2017 in any capacity. Fish analyses were not run in 2024 due to a lack of personnel, and urchins (D. antillarum and other) were the only invertebrates monitored at a subset of sites (Salt Creek, Trident Shallow, Cold Harbour West, Drapers Reef, Coral Nursery, and Dragon Bay).




2.3 Variance over time and between sites within the sanctuary

Benthic transect data were summarized into percent cover. This information was compiled into a data frame, and the Bray-Curtis dissimilarity index was calculated between all transects and years (2017, 2018, 2019, 2022, 2024). The Bray and Curtis (1957) metric is particularly appropriate for abundance matrices (Faith et al., 1987; Ricotta and Podani, 2017) and calculates a dissimilarity index ranging from 0 to 1. Prior to ordination, data were Hellinger-transformed to reduce the influence of dominant taxa and make the dataset suitable for Euclidean-based methods (Legendre and Gallagher, 2001). The dissimilarity index was then put into a non-metric multidimensional scaling (NMDS) ordination to determine differences in sanctuary composition between sites and from year to year. NMDS ordinations were run with dimensions from 0–10 to determine the optimal number of dimensions of the NMDS plot, and the stress value was utilized to determine how well the result represented the original dissimilarities. A Detrended Correspondence Analysis (DCA) was run in addition to see if trends were consistent across methods.

Differences between sites and across years were investigated using analysis of variance (ANOVA; Girden, 1992), and the non-parametric ANOVA, Kruskal-Wallis (Kruskal and Wallis, 1952). Dependent variables were fish size and density, benthic community abundance, and invertebrate counts. ANOVA is a robust test that is not strongly influenced by non-normal distributions of data (Blanca et al., 2017), but it does assume normality in the data. ANOVA was used when residuals were approximately normally distributed and variances were homogenous as verified by skewness and kurtosis values between -2 and 2 (Supplementary Table 3). When these assumptions were violated, the Kruskal-Wallis test was used as a distribution-free alternative. Post-hoc tests were conducted on significant findings, using Tukey’s honest significant difference (HSD; Tukey, 1949) for ANOVA, and Dwass-Stell-Crithlow-Fligner (DSCF; Dwass, 1960; Steel, 1960; Critchlow and Fligner, 1991) for Kruskal-Wallis.




2.4 Importance of herbivores

Linear regressions were run to determine if percent cover of macroalgae was correlated with herbivorous fish or invertebrate species (parrotfish, D. antillarum, other urchins, and surgeonfish). Binary (dummy) variables were created to represent categorical variables, to allow site and year to be included. Initially, regressions were run as additive models, and then interactions between two herbivores were considered in subsequent models. Model fit was evaluated using the adjusted coefficient of determination (adj.R²). The change in model explanatory power attributable to herbivores (Δadj.R²) was calculated as the difference in adjusted R² between full models (including herbivores, site, and year) and reduced models containing only site and year. Multicollinearity among predictors was assessed using Variance Inflation Factors (VIF).





3 Results

Data with skew and kurtosis values indicate parametric ANOVA can be conducted on Dictyota abundance, Lobophora abundance, Sargassum abundance, Halimeda abundance, parrotfish count, total fish count, and the sizes of angelfish, butterflyfish, grunt, parrotfish, snapper, and surgeonfish (Supplementary Table 4). The rest of the analyses were done with the nonparametric Kruskal-Wallis analyses.



3.1 Community change since sanctuary creation

The benthic composition of the EPSFCA shifted from year to year since the creation of the sanctuary. The four-dimensional NMDS (stress = 0.082; mean R² = 0.005; Spearman ρ = 0.975), indicates a shift from assemblages with comparatively greater coral and coralline algae in 2017–2019 to assemblages with higher macroalgae, sponges, and gorgonians by 2022–2024 (Figure 2A). These trends were consistent in the DCA plots (Supplementary Figure 1). Year-specific NMDS plots illustrating community composition for each survey year (2017–2024) are provided in Supplementary Figure 2.

[image: Two non-metric multidimensional scaling (NMDS) plots labeled (A) and (B) show patterns in benthic community composition. In both panels, each point represents a single transect, and polygons outline the spread of samples. Taxonomic groups such as zoanthids, gorgonians, coralline algae, and anemones are labeled at their positions in the ordination space. Panel (A) colors the points and polygons by year (2017, 2018, 2019, 2022, and 2024) to show temporal differences. Panel (B) colors the points and polygons by site (e.g., PI, CN, SC, TC, DR, CHW, DB, TS, WR) to show spatial variation. Both plots use distinct color codes for years and categories.]
Figure 2 | Non-metric multidimensional scaling (NMDS) ordination of reef benthic community composition based on Bray–Curtis dissimilarities of species abundance data. Each point represents a single 30 m transect survey (n = 5 per site per year, except where noted), with spatial proximity in the ordination space reflecting similarity in species composition. Species groupings are overlaid to indicate the relative position of different taxa within the multivariate space. In (A), points are colored by year, illustrating temporal shifts in community structure. In (B), points are colored by site (Figure 1), showing spatial variation in assemblage composition. The NMDS was conducted in four dimensions and yielded a stress value of 0.082, mean R² = 0.005; Spearman ρ = 0.975 indicating a good representation of the original dissimilarities. See Supplementary Files for plots disaggregated by site and year.

The dominant coral taxa in the sanctuary include Agaricia sp., Porites astreoides, Orbicella sp., branching Porites sp., Siderastrea siderea, and Siderastrea radians. Percent abundance of coral cover declined from 7.98 (±5.39) in 2017 to 1.58 (±1.25) in 2024 and significantly varied across years 2017 through 2024 (χ² = 76.08, p < 0.0001). Coral cover in 2018 (p = 0.02), 2022 (p = 0.001) and 2024 (p < 0.0001) were significantly lower than in 2017, whereas 2018 and 2019 did not differ significantly (p > 0.05, Figure 3A). Coralline algae also varied significantly across these years (χ² = 95.56, p < 0.0001). There were decreases from 2017 to 2018 (p = 0.04), increases 2018 to 2019 (p = 0.02), and decreases 2019 to 2022 (p < 0.0001) in coralline algae abundance; abundance remained low into 2024 (Figure 3B).

[image: Box plots showing abundance changes from 2017 to 2024. (A)Coral decreases. (B) Coralline algae decreases. (C) Macroalgae increases. (D) Dictyotarises, mainly after 2022. (E) Halimeda stable with a slight 2022 decrease.(F) Lobophora was lowest in 2017. (G) Sargassum declines after 2020. (H) Diadema count drops in 2022, and recovers in 2024. Statistical significance marked with asterisks.]
Figure 3 | Boxplots of benthic community data across survey years in the East Portland Special Fishery Conservation Area, Jamaica. Panels show percent abundance of (A) coral, (B) coralline algae, (C) macroalgae, (D) Dictyota, (E) Halimeda, (F) Lobophora, (G) Sargassum, and (H) D. antillarum density (individuals per 180 m², the 30 m × 6 m survey belt). Each box summarizes transect-level data from all monitored sites (missing data provided in Table 1). Boxes represent the interquartile range (25th–75th percentile), horizontal lines indicate medians, and whiskers denote 1.5 × the interquartile range (IQR). Significant differences between year, as determined by one-way ANOVA or Kruskal-Wallis with appropriate post hoc comparisons, are indicated with asterisks (*p < 0.05, **p < 0.01, ***p < 0.001, ****p < 0.0001).

Total macroalgae varied significantly from 2017 to 2024 (χ² = 44.11, p = < 0.0001). Macroalgae has increased from 56.9% (±23.3) in 2017 to 77.2% (±11.0) in 2022 (p < 0.0001), although there was a small reduction of macroalgae from 2018 to 2019, returning to 2017 levels (p = 0.31). Macroalgae remained high in 2024 at 79.6% (±11.0). Specifically, within algal genera, Dictyota follows the same trend as the grouped macroalgae (F = 29.33, p < 0.0001), Lobophora increased from 2017 to 2018 and remained high over time (F = 6.54, p < 0.0001; 2017<2018 p = 0.033). In contrast, Sargassum abundance declined in 2022 (F = 5.52; p < 0.0001; 2018–2022 p = 0.026). Halimeda exhibited weaker temporal variation (F = 2.73; p = 0.030) and showed no consistent temporal trend (Figures 3D–G).

Examining reef-dwelling urchins, D. antillarum varied from 2017 to 2024 (χ² = 41.85, p < 0.0001) with a loss of D. antillarum in 2022 (2019 > 2022 p < 0.0001); only two urchins were observed in 2022 compared with the hundreds seen in previous years. There is significant recovery of D. antillarum by 2024 (2024 > 2022 p < 0.0001) to values similar to 2018 (p = 0.36; Figure 3H). Other urchins also differed among years (χ² = 10.28, p = 0.036), with lower counts in 2022 relative to 2017 (p = 0.0085) but no significant differences thereafter (2022–2024 p = 0.37).

Fish abundance and count varied strongly among years observed (2017–2022). Overall, fish abundance had no clear recovery after an initial 2017 to 2018 increase. Total fish counts rose from 2017 to 2018 (F = 22.48, p < 0.0001) following sanctuary establishment, declined from 2018 to 2019 (p < 0.0001), and again recovered to 2018 levels in 2022 (2018–2022 p = 0.13). This pattern of initial recovery is seen in many fish groups; parrotfish, surgeonfish, and snapper count increase from 2017 to 2018 (parrotfish F = 33.06; surgeonfish χ² = 61.33, snapper χ² = 9.3, ps <0.0001, parrotfish and surgeonfish 2017–2018 ps <0.0001, snapper 2017–2018 p = 0.03). In 2019, fish group abundances either drop to 2017 levels (parrotfish, surgeonfish, and butterflyfish 2019–2017 ps > 0.05), or remain at 2018 values into 2019 with no further recovery (snapper 2018–2019 ps > 0.05). Of the groups investigated, only wrasse see increase in abundance from 2019 to 2022 (χ² = 64.44 p < 0.0001, 2019–2022 p < 0.0001), despite the overall finding of total fish count increasing from 2019 to 2022. Prior to 2022, wrasse populations had been declining (2017–2019 p < 0.0001). Angelfish and butterflyfish remained rare throughout (Figure 4).

[image: Eight box plots show fish counts from 2017 to 2022 for total fish, angelfish, butterflyfish, grunts, parrotfish, snapper, surgeonfish, and wrasse. Significant changes are marked by asterisks, with notable increases in 2018 and 2019 for several species.]
Figure 4 | Boxplots of fish average density (#/100 m2) across survey years in the East Portland Special Fishery Conservation Area, Jamaica. Panels show average density (#/100 m2) of (A) total fish, (B) angelfish, (C) butterflyfish, (D) grunt, (E) parrotfish, (F) snapper, (G) surgeonfish, and (H) wrasse. Each box summarizes transect-level data from all monitored sites (missing data provided in Table 1). Boxes represent the interquartile range (25th–75th percentile), horizontal lines indicate medians, and whiskers denote 1.5 × the IQR. Significant differences between year, as determined by one-way ANOVA or Kruskal-Wallis with appropriate post hoc comparisons, are indicated with asterisks (*p < 0.05, **p < 0.01, ***p < 0.001, ****p < 0.0001).

In contrast, overall fish size increased from 2017 to 2019 but this gain was lost by 2022. Size increases were significant from 2017 into 2019 for parrotfish (F = 64.55, p < 0.0001; 2017–2019 p < 0.0001), surgeonfish (F = 48.20, p < 0.0001; 2017–2019 p = < 0.0001), grunt (F = 12.35, p < 0.001; 2017–2019 p = 0.002), and wrasse (χ² = 50.97, p < 0.0001; 2017 to 2019 p = 0.006). Fish size is smaller in 2022 than 2019 for almost all observed groups (angelfish, grunt, parrotfish, snapper, surgeonfish, and wrasse ps < 0.005). Butterflyfish size remained constant from 2017 to 2022 (F = 0.45, p = 0.72; Figure 5).

[image: Box plots showing the size changes for various fish species from 2017 to 2022. Each plot represents a different species: Angelfish (A), Butterflyfish (B), Grunts (C), Parrotfish (D), Snapper (E), Surgeonfish (F), and Wrasse (G). Significant differences between years are indicated by asterisks, where more asterisks denote higher statistical significance. The plots highlight variations in median sizes over the years, with noticeable differences in certain species, especially in 2022.]
Figure 5 | Boxplots of fish size (cm) across survey years in the East Portland Special Fishery Conservation Area, Jamaica. Panels show size of (A) angelfish, (B) butterflyfish, (C) grunt, (D) parrotfish, (E) snapper, (F) surgeonfish, and (G) wrasse. Each box summarizes transect-level data from all monitored years (missing data provided in Table 1). Boxes represent the interquartile range (25th–75th percentile), horizontal lines indicate medians, and whiskers denote 1.5 × the IQR. Significant differences between sites, as determined by one-way ANOVA or Kruskal-Wallis and appropriate post hoc tests, are indicated with asterisks (*p < 0.05, **p < 0.01, ***p < 0.001, ****p < 0.0001).



3.1.1 Summary of temporal variability

Since sanctuary establishment, coral and coralline algae cover have declined while macroalgae, particularly Dictyota and Lobophora, expanded to dominate much of the benthos. Urchin populations collapsed in 2022, and the initial increase in fish abundance observed in 2018 and fish size observed in 2019 was not sustained in later years. These temporal patterns were consistent despite variation in site coverage (Table 1). To assess robustness, all analyses were repeated using only sites monitored across all survey years; the direction of effects remained unchanged, with only minor shifts in significance values and effect magnitudes (Supplementary Figures 3–5). For full boxplots of each site for each year, see Supplementary Figure 6.





3.2 Spatial variation and sanctuary effects

In addition to temporal shifts, benthic community composition also varies by geographic location (Figure 2B). Notably, Winnifred Reef has less coral than other sites, and Turtle Crawle and Pellew Island have broader compositions with more zoanthid hexacorals (for individual site NMDS polygons see Supplementary Figure 7). These trends were consistent in the DCA plots (Supplementary Figure 3).

Although there were site-level differences in coral abundance (χ² = 32.05, p < 0.0001), pairwise DSCF tests show no consistent patterns across the sanctuary (most p > 0.05), apart from higher coral cover at Pellew Island, especially compared to Winnifred Reef (p = 0.006; Figure 6A). Within each year, coral cover did not significantly vary between sites (Supplementary Figure 4, p > 0.05). Similarly, coralline algae vary modestly among sites (χ² = 22.19, p = 0.0046) with few consistent differences (most p > 0.1). The only notable contrasts were slightly higher coralline algae cover at Trident Shallow and Turtle Crawle relative to Winnifred Reef (ps = 0.022–0.034; Figure 6B). Also, there are no significant differences in fish communities between sites (angelfish, butterflyfish, grunt, parrotfish, snapper, surgeonfish and wrasse count and size ANOVA and Kruskal-Wallis p > 0.05; Supplementary Figures 8, 9).

[image: Box plots illustrate the abundance of various marine organisms across different sites labeled SC, TS, TC, CHW, DR, CN, PI, DB, and WR. Each plot represents a different group: (A) Coral, (B) Coralline algae, (C) Macroalgae, (D) Dictyota, (E) Halimeda, (F) Lobophora, (G) Sargassum. Plot (H) shows Diadema count. Statistical significance is indicated with asterisks for p-values: * p < 0.05, ** p < 0.01, *** p < 0.001, **** p < 0.0001.]
Figure 6 | Boxplots of benthic community data across survey sites in the East Portland Special Fishery Conservation Area, Jamaica. Panels show percent abundance of (A) coral, (B) coralline algae, (C) macroalgae, (D) Dictyota, (E) Halimeda, (F) Lobophora, (G) Sargassum, and (H) D. antillarum density (individuals per 180 m², the 30 m × 6 m survey belt). Each box summarizes transect-level data from all monitored years (missing data provided in Table 1). Boxes represent the interquartile range (25th–75th percentile), horizontal lines indicate medians, and whiskers denote 1.5 × the IQR. Significant differences between sites, as determined by one-way ANOVA or Kruskal-Wallis and appropriate post hoc tests, are indicated with asterisks (*p < 0.05, **p < 0.01, ***p < 0.001, ****p < 0.0001).

The main group that is driving differences between sites is the macroalgae (χ² = 48.70, p < 0.0001) with the highest values at Salt Creek (p < 0.026 vs. all sites except Turtle Crawle; Figure 6C). Within macroalgae, Lobophora is mainly found at Salt Creek (F = 17.30, p < 0.0001; ps < 0.005 vs. all sites), contributing to the overall trend of high macroalgae cover there (Figures 6C, F). Dictyota cover also varied among sites (F = 6.51, p < 0.0001) and is the lowest at sites on the east side of the sanctuary (Pellew Island, Dragon Bay, and Winnifred Reef; p < 0.03 compared to Trident Shallow and Coral Nursery; Figure 6D). In contrast, Sargassum is found most abundantly at the east side of the sanctuary at Dragon Bay and Winnifred Reef (F = 36.07, p < 0.0001; ps < 0.0001 compared to all sites; Figure 6G). Halimeda is found most abundantly at Cold Harbour West (F = 9.55, p < 0.0001; ps < 0.0004 compared to other sites; Figure 6E).

Urchin abundance also differs between sites (D. antillarum: χ² = 38.81, p < 0.0001; other urchins: χ² = 37.40, p < 0.0001) and mirrored benthic heterogeneity. D. antillarum are most abundant at Pellew Island (ps = 0.01–0.042 vs. Dragon Bay, Drapers Reef, Salt Creek, Trident Shallow, and Winnifred Reef) and Turtle Crawle (ps = 0.005–0.0496 compared to Trident Shallow and Drapers Reef; Figure 6H). Other urchins similarly have highest abundance at Turtle Crawle (ps = 0.003–0.04 vs. Coral Nursery, Dragon Bay, Drapers Reef, and Trident Shallow).



3.2.1 Summary of spatial variability

Overall, areas with more urchins, such as Pellew Island and Turtle Crawle, tended to have less macroalgae and more coral, while macroalgae-dominated sites like Salt Creek and Winnifred Reef supported fewer corals and urchins. Pellew Island stood out for its higher coral and urchin abundance, Trident Shallow and Turtle Crawle for modestly higher coralline algae, and Salt Creek for dense Lobophora. In contrast, Sargassum was concentrated at eastern sites, and Halimeda was most abundant at Cold Harbour West. These patterns remained unchanged when analyses were restricted to the complete survey years (2018–2024; Supplementary Figure 10), indicating that site-level variation is robust to temporal coverage and reflects persistent ecological structure within the sanctuary.





3.3 Ecological interactions

Herbivore abundances were strong predictors of benthic algal composition. Across taxa, D. antillarum consistently reduced macroalgae, whereas parrotfish exerted a mix of suppressive and facilitative effects depending on algal type. For Dictyota, both D. antillarum and parrotfish were significant negative predictors (β = −0.09 ± 0.04, p = 0.02; β = −0.09 ± 0.05, p = 0.04), indicating parallel grazing pressure (adj.R² ≈ 0.4). Variance partitioning of additive models showed that herbivores explained an additional ~2% of Dictyota variance beyond site and year (Δadj.R² = 0.0197). Halimeda declined with D. antillarum (β = −0.06 ± 0.01, p < 0.001) but increased with parrotfish (β = +0.06 ± 0.02, p < 0.001; adj.R² = 0.41), with herbivores accounting for ~14.7% additional variance (Δadj.R² = 0.1473); whereas Lobophora was positively related to parrotfish (β = +0.12 ± 0.05, p = 0.015) and negatively related to D. antillarum (β = −0.10 ± 0.04, p = 0.027; adj.R² ≈ 0.61) but herbivores added a modest ~3.7% beyond site and year (Δadj.R² = 0.0370). Sargassum declined with increasing D. antillarum (β = −0.03 ± 0.01, p = 0.0067; adj.R² = 0.74), with a small herbivore-specific gain of ~2.1% (Δadj.R² = 0.0206), while other herbivores were not significant (Table 2). For all model outputs see Supplementary Tables 5-43. To verify model stability, we assessed multicollinearity; Variance Inflation Factors (VIFs) for additive models were < 3.2; interaction-term VIFs ranged 4.7–7.4, indicating no problematic collinearity (Supplementary Table 44).


Table 2 | Regression results for algae Dictyota, Halimeda, Lobophora, Sargassum, grouped macroalgae, and coralline algae with the predictors of herbivores counts of D. antillarum, parrotfish, other urchin, surgeonfish and their interactions.
	step
	Predictors
	Effect size (β)
	Std. Error
	Pr(>|t|)
	Effect size (β)
	Std. Error
	Pr(>|t|)
	Effect size (β)
	Std. Error
	Pr(>|t|)



	
	
	Dictyota
	Halimeda
	Lobophora


	1
	D. antillarum
	-0.09
	0.04
	0.02*
	-0.06
	0.02
	0.00*
	-0.1
	0.04
	0.03*


	 
	parrotfish
	-0.09
	0.05
	0.04*
	0.06
	0.02
	0.00*
	0.12
	0.05
	0.02*


	 
	other urchin
	0.27
	0.23
	0.25
	-0.01
	0.09
	0.88
	-0.16
	0.25
	0.54


	 
	surgeon
	0.01
	0.02
	0.69
	0.01
	0.01
	0.48
	0
	0.02
	0.91


	 
	Adjusted R2
	0.408
	0.404
	0.614


	2
	D. antillarum:
	0
	0
	0.4
	0
	0
	0.27
	0.01
	0
	0.16


	 
	surgeon


	 
	parrotfish:
	0
	0
	0.74
	0
	0
	0.05
	0
	0
	0.23


	 
	D. antillarum


	
	
	Sargassum
	Grouped Macroalgae
	Coralline algae


	1
	D. antillarum
	-0.03
	0.01
	0.01*
	-0.48
	0.06
	0.00*
	0.2
	0.02
	0.00*


	 
	parrotfish
	0.01
	0.01
	0.42
	0.1
	0.07
	0.14
	0.06
	0.03
	0.06


	 
	other urchin
	-0.04
	0.07
	0.55
	0.45
	0.35
	0.21
	-0.12
	0.15
	0.41


	 
	surgeon
	0
	0.01
	0.67
	0.01
	0.03
	0.85
	0.01
	0.01
	0.27


	 
	Adjusted R2
	0.738
	0.632
	0.599


	2
	D. antillarum:
	0
	0
	0.65
	0.02
	0.01
	0.00*
	-0.01
	0
	0.00*


	 
	surgeon


	 
	parrotfish:
	0
	0
	0.34
	0.015
	0.004
	0.00*
	-0.006
	0.001
	0.00*


	 
	D. antillarum





Step one indicates the results of an additive model (degrees of freedom = 138); step two illustrates the interaction effects (degrees of freedom = 137). Bold and asterisk* indicates significant results (p < 0.05). Std. Error = Standard error, Pr(>|t|)= p-value for the two tailed t-test.



At the community level, total macroalgal cover was strongly and inversely related to D. antillarum abundance (β = −0.48 ± 0.06, p < 0.001; adj.R² = 0.63). Interaction models showed that this negative slope became weaker where parrotfish and surgeonfish were more abundant (D. antillarum × parrotfish: β = +0.015 ± 0.004, p = 0.0004; D. antillarum × surgeonfish: β = +0.022 ± 0.006, p = 0.0005; adj.R² ≈ 0.66; Table 2). Models including coral cover also confirmed an inverse relationship between coral and macroalgae (β = −2.69 ± 0.26, p < 0.001; adj.R² = 0.61). In additive models, herbivores explained an additional ~21.4% of total macroalgal variance beyond site and year (Δadj.R² = 0.2140).

In contrast, coralline algae responded positively to herbivory. D. antillarum abundance was a strong positive predictor of coralline algae (β = +0.20 ± 0.02, p < 0.001; adj.R² ≈ 0.60), and models showed no significant parrotfish effect (p = 0.06). Their interaction (parrotfish × D. antillarum: β = −0.006 ± 0.002, p = 0.0009) suggested that where parrotfish were abundant, the positive effect of D. antillarum on coralline algae was slightly dampened (Table 2). Additive-model partitioning indicated that herbivores accounted for an additional ~21.1% of coralline algal variance beyond site and year (Δadj.R² = 0.2110).

Taken together, the additive models show that herbivory contributes an additional ~2–21% of explained variance beyond spatial and temporal structure, strongest for total macroalgae and coralline algae, intermediate for Halimeda, and modest for Lobophora, Dictyota, and Sargassum. Urchin grazing—particularly by D. antillarum—is the dominant herbivorous control on macroalgae and coralline algae alike, while fish herbivory modulates but does not override this pattern. Parrotfish and surgeonfish partly buffer D. antillarum’s suppression of fleshy algae while jointly sustaining high coralline cover.

Regression analyses were constrained to years with complete herbivore and benthic data (2017–2022), as fish data were unavailable in 2024 and several sites lacked full temporal coverage (Table 1). Consequently, models represent the subset of site-years where all variables were measured, ensuring internal consistency but limiting inference to that period. Because site and year were included as covariates, spatial and temporal structure was accounted for within the available dataset.





4 Discussion



4.1 Historical context for the region

Northeast Jamaica has been understudied, but several prior surveys provide insight into long-term trends of coral decline in the region (Table 3). Reef surveys spanning five decades show that coral cover in northeast Jamaica has declined from roughly 50% in the 1970s to less than 1% today (see citations in Table 3). Local studies near Port Antonio and Pellew Island document a steady shift toward macroalgal dominance beginning after the 1980s, with little subsequent recovery. Baseline assessments conducted before the EPSFCA’s creation already recorded low coral cover (~25% at the healthiest site) and macroalgae dominance indicating that the sanctuary was established in an advanced state of degradation (Buddo et al., 2014).


Table 3 | Historical coral cover records from sites in and near the East Portland Special Fishery Conservation Area (EPSFCA), Jamaica. Values summarize previously published surveys and the present study, illustrating long-term regional coral decline and major disturbance events since the 1970s.
	Location/study
	Year(s)
	Coral cover (%)
	Notable events/notes
	Source



	Port Antonio region
	1970s–1990
	~50 → <10
	D. antillarum die-off; Hurricane Allen (1980)
	Hughes (1994)


	Pellew Island
	2000–2010
	7–14
	Gradual decline
	Ford et al. (2014)


	Turtle Crawle
	2014–2024
	26 → 0.9
	Major coral loss
	Baseline survey (2014); This study


	Blue Lagoon (near Cold Harbour West)
	2014
	<10
	—
	Baseline survey (2014)


	Coral Nursery
	2014
	<10
	—
	Baseline survey (2014)










4.2 Community change since the sanctuary’s establishment



4.2.1 Coral community decline over eight years

One of the major goals of the sanctuary is abundant reefs. Unfortunately, there has been a distinct decrease in coral cover since the sanctuary’s establishment with only around 1% in 2024, indicating the sanctuary is not yet meeting its goal (Figure 6A). At the EPSFCA, the decline in coral cover is concurrent with the rise in macroalgal cover to around 80% in the sanctuary in 2024, particularly in the genera Dictyota, and Lobophora (Figures 6A, D, C, F); this relationship between coral and macroalgae is well established in other locations in Jamaica (Goreau, 1992; Woodley, 1992; Lapointe, 1997; Lapointe et al., 1997; Idjadi et al., 2006). Along with the loss of coral cover, the sanctuary also experienced a decline of coralline algae to 1.6% ± 1.27 in 2024. This further limits the sanctuary’s ability to promote abundant reefs as coralline algae are important reef builders and cementers (Littler and Littler, 2013) and can accelerate colonization of coral and prevent the settlement of fleshy algae (Littler and Littler, 2013).

The coral community in the EPSFCA is dominated by Agaricia sp., Porites astreoides, Orbicella sp., branching Porites sp., and Siderastrea spp. Among these, Agaricia sp. and P. astreoides are considered “weedy” species that recover rapidly after disturbance and tolerate a wide range of environmental stressors (Green et al., 2008; Steneck et al., 2009; Walton et al., 2018). In contrast, Orbicella spp. and Siderastrea sp. are framework-building taxa, consistent with other Caribbean spur-and-groove reefs (Rotjan and Lewis, 2006; Sealey et al., 2019). The prevalence of opportunistic species and relative scarcity of more sensitive reef builders indicate the EPSFCA community reflects disturbance consistent with broader Caribbean trends (Green et al., 2008; Williams et al., 2017).

The low coral cover is reflective of the many regional stressors that impacted the Caribbean from 2017 to 2024, including Stony Coral Tissue Loss Disease (SCTLD). SCTLD was first reported in Jamaica in 2017 (Weil et al., 2019) and reached the EPSFCA by early 2019. Since SCTLD causes rapid mortality, often within six months of infection (Camacho-Vite et al., 2022), infected corals were not captured by annual monitoring intervals (only 3 noted diseased coral during monitoring). The disease preferentially impacts maze and brain corals (family Meandrinadae and the subfamily Faviinae), which likely contributes to the loss of coral cover in the sanctuary after 2019 and the rarity of Diploria and related taxa in our surveys (Alvarez-Filip et al., 2022).

Bleaching is another major driver of coral loss at the EPSFCA. Caribbean reefs have experienced repeated mass bleaching over the past five decades (Goreau, 1992; Wilkinson, 2001; Eakin et al., 2010; Dustan and Lang, 2019; Goreau and Hayes, 2024). The significant declines observed after the bleaching events in 2017 and again following the record 2023 heatwave (Figure 3) suggest that EPSFCA corals follow the same regional pattern of heat stress–driven mortality.




4.2.2 Fish population recovery in the sanctuary

Another goal of the sanctuary is fish filled seas, which is particularly important for east Portland as it has been historically overfished (Buddo et al., 2014). Fish are important food and income sources for the local population, and herbivorous fish, such as parrotfish, play a key role in keeping macroalgae abundance on reefs at a minimum (Bonaldo et al., 2014; Table 2).

This study monitored fish communities in the EPSFCA over six years (2017–2022). In many marine protected areas, particularly in the Pacific, fish biomass and size can recover within five to ten years of protection, but recovery in Caribbean sanctuaries is often slower or incomplete, reflecting cumulative local and regional stressors (Sala and Giakoumi, 2018). Within this context, the EPSFCA showed encouraging but transient improvements. An indication that the sanctuary was achieving their goal of fish restoration was the increase in the size of economically and ecologically important fish groups (e.g., grunt, parrotfish, surgeonfish, wrasse, snapper) from 2017 to 2019 (Figure 5). This is likely a response to the fishing ban enforced through patrolling by AHF wardens. In 2022, however, fish sizes returned to 2017 levels (i.e., parrotfish, surgeonfish, grunts) or lower (snappers, angelfish, wrasse; Figure 5). Conservation experts witnessed more incidents of fishing during the COVID-19 pandemic, likely due to decreased patrolling between 2020 and 2022.

The density of economically and ecologically important fish showed a different pattern; while there were increases in fish counts from 2017 to 2018, they declined from 2018 to 2019 for wrasse, surgeonfish, and parrotfish (Figures 4E–H). This may be indicative of a stressor in and around the sanctuary reducing fish density, while allowing fish size to continue to increase.

One potential stressor is invasive lionfish. The baseline assessment of the sanctuary found lionfish to have a significant presence and concluded more effort needed to be established to lower populations (Buddo et al., 2014). Lionfish are voracious generalist predators that feed heavily on small reef fish, including herbivores such as parrotfish and wrasse (Moonsammy et al., 2011; Jackson et al., 2014; Del Río et al., 2023), and have been shown to reduce herbivore abundance and promote algal dominance in other Jamaican sanctuaries (Chin et al., 2016; May, 2022). Although AHF staff, local fishers, and local divers actively work to remove lionfish (spearing and a campaign to “eat it to beat it” that encourages people to eat lionfish), lionfish are regularly seen by wardens. Since data on lionfish are not collected during monitoring, it is difficult to determine the extent of their impact. Future work in this sanctuary should investigate the abundance of lionfish during monitoring surveys.

In addition, these recoveries in size and abundance were not universal across taxa. Parrotfish showed the strongest and most consistent recovery between 2017 and 2019, followed by more moderate gains in surgeonfish and snappers, while grunts and wrasses exhibited little or no change (Figures 4, 5). These differences likely reflect contrasting life-history traits: shorter-lived, site-attached herbivores, such as parrotfish, responded rapidly to reduced fishing pressure, whereas longer-lived or more mobile species may require larger or more connected refuges to rebuild fully (Pina-Amargós et al., 2014). Considering the sanctuary’s modest size (~6 km²), these results are consistent with broader Caribbean and global patterns showing that small reserves mainly support recovery of resident species, while larger (>100 km²), long-protected sanctuaries achieve more extensive, multi-trophic rebuilding (Pina-Amargós et al., 2014; Sala and Giakoumi, 2018; Mumby et al., 2021).





4.3 Variation of community composition inside and outside the sanctuary

The main differences between sites around the sanctuary are the macroalgae community; coral cover is consistent across the sanctuary, likely due to very low coverage (Figures 2, 6). Lobophora dominates at Salt Creek, consistent with overall high macroalgal abundance there, while Halimeda peaks at Cold Harbour West and Sargassum is most abundant at the eastern sites, particularly Winnifred Reef and Dragon Bay.

Differences between sites were not explained by protection status; reefs inside and outside the sanctuary showed no consistent trends. However, subtle contrasts between protected and neighboring reefs hint that conditions within the sanctuary may be somewhat healthier than adjacent sites (i.e., Salt Creek to the west and Winnifred Reef to the east); for example, Salt Creek had the highest cover of macroalgae (Figure 6C). Although Winnifred Reef does have lower coral cover than some other sites, it does not have higher values of macroalgae abundance, pointing to the likelihood of an acute stressor increasing Salt Creek’s macroalgae cover.

Similar patterns of macroalgal abundance at non-adjacent sites indicate that site-specific stressors may underlie these differences. The reef sites characterized by distinctive algal assemblages—Salt Creek, Cold Harbour West, Dragon Bay, and Winnifred Reef—are all situated near population centers. This pattern points toward the influence of localized anthropogenic stressors, potentially nutrient pollution, sedimentation, or other runoff-related impacts, superimposed on broader reef degradation. Targeted water-quality monitoring and land–sea management will be essential in future studies to evaluate and mitigate these pressures.

Despite the protection status, there were no clear differences for fish between sites inside and outside the boundary. The high mobility of fish, together with the sanctuary’s small size (~6 km²), likely contributes to spillover that blurs contrasts between protected and adjacent reefs. Such spillover effects are common in small, closely connected sanctuaries (Roberts, 1995). Local fishers also report higher catch rates along the border in those adjacent sites, consistent with this pattern of cross-boundary movement.



4.3.1 Management outcomes and future directions for reef recovery in the EPSFCA

Taken together these findings demonstrate that conservation initiatives implemented by the Alligator Head Foundation, including enforcement patrols, have supported partial but fragile recovery of reef communities within the sanctuary, but have not yet been sufficient to overcome reef decline. Maintaining consistent enforcement and considering either expanding the no-take boundary or establishing adjacent protected zones could improve connectivity of communities and spatial coverage, allowing recovery to extend to more mobile and longer-lived fish species, while sustaining herbivore gains. This may be especially important because fishing pressure remains strong overall and is often concentrated near the sanctuary border. Globally, fish reserve performance scales with size, protection age, and enforcement (Sala and Giakoumi, 2018). No-take areas larger than 100 km² and older than ten years typically support three- to five-fold higher fish biomass than small or young reserves (Sala and Giakoumi, 2018; Mumby et al., 2021).

The lack of a benthic response in the EPSFCA over the last eight years is not inconsistent with expected recovery trajectories; ecosystem-level changes such as coral–algal shifts or microbial recovery often require at least a decade to emerge (Sala and Giakoumi, 2018; Mumby et al., 2021). Alarmingly, rather than merely failing to recover, the sanctuary’s coral cover continued to collapse. Weedy, tolerant species will continue to dominate these reefs unless action is taken to improve conditions on the reef and replenish lost species such as Diploria sp. The EPSFCA has a marine laboratory where corals are grown and later outplanted into a coral nursery or on the reef. This avenue of restoration is vital for these reefs to regain some of their lost functionality.

While this study focuses on herbivory and its role in the sanctuary, environmental factors such as heat also play a vital role and an important follow up study to the baseline community composition analysis would be to determine the environmental stressors impacting this area. Historically, it was thought the Portland reefs experienced less anthropogenic stress due to their location in a rural area with little tourism (Goreau, 1992; Ford et al., 2014), but the advanced degradation (i.e. coral cover ~1%) observed here underscores the need to investigate additional stressors—such as thermal anomalies, land-based runoff, and disease dynamics—to fully understand the drivers of reef decline in this region.





4.4 Herbivory in the EPSFCA



4.4.1 Urchin populations are important for macroalgae reduction and increased coralline algae cover

The long spine sea urchin, Diadema antillarum, is a key grazer at the EPSFCA as it is in other Caribbean coral reefs, especially areas that have been historically overfished (Gardner et al., 2003). Recovery of D. antillarum populations has been linked with a reduction of macroalgae cover, and increase of scleractinian corals (Edmunds and Carpenter, 2001; Idjadi et al., 2010) underscoring their continued importance for reef recovery in the sanctuary. In addition, D. antillarum promotes coralline algae cover in the EPSFCA (Table 2).

The differences in macroalgae communities between sites can partially be explained by D. antillarum abundance. D. antillarum are known to be restricted to depths less than 10 meters (Weil et al., 2005; Martín Blanco et al., 2010) and healthy populations were historically identified in shallow areas (Buddo et al., 2014). In contrast, the shallowest sites investigated, Trident Shallow and Coral Nursery, do not have the most D. antillarum (Figure 6H), suggesting the presence of this urchin is not just tied to depth. The sites with the most urchins (Pellew Island and Turtle Crawle) had some of the lowest values of macroalgae seen in the sanctuary, at times near to zero cover in 2017, but this suppression is lost by 2022 likely because herbivory pressure had declined below the level needed to keep macroalgae in check. Our monitoring data show that urchin abundance dropped sharply in 2022, which coincided with the Caribbean-wide resurgence of D. antillarum disease (Levitan et al., 2023). Similar die-offs in the 1980s and sporadic recoveries elsewhere in Jamaica (Edmunds and Carpenter, 2001; Idjadi et al., 2010) demonstrate how vulnerable D. antillarum populations remain. Although we observe a recovery by 2024 (around 10 per 180 m2; Figure 3H), these trends highlight the fragility of this important herbivore feedback.




4.4.2 Herbivore interactions and foraging preferences among algal genera

There are important nuances in algae and herbivore interactions in the EPSFCA (Figures 3D–G). D. antillarum, consistently suppressed fleshy macroalgae, whereas parrotfish exerted a mix of grazing and facultative effects depending on algal type. Dictyota declined with both D. antillarum and parrotfish, suggesting overlapping feeding pressure. In contrast Lobophora and Halimeda showed divergent responses—both increased where parrotfish were abundant but declined with higher urchin densities. These patterns align with prior observations that Dictyota is more frequently grazed than Lobophora (Hay, 1981), whereas Halimeda, which has both chemical and structural defenses, are often avoided by herbivorous reef fish (Spiers and Frazer, 2023). Overall, herbivory strongly structured overall algal cover but explained only modest variation among individual algal genera, underscoring the central role of D. antillarum recovery and balanced fish assemblages in reef resilience.

Complementarity among herbivores on reefs is important as it provides functional redundancy and keeps algal populations from overgrowing corals (Burkepile and Hay, 2008). At the EPSFCA, D. antillarum exerted the strongest overall control on macroalgae, yet this effect weakened where parrotfish and surgeonfish were more abundant. Rather than indicating antagonism, this positive interaction likely reflects overlapping grazing niches. D. antillarum are nocturnal feeders (Tuya et al., 2004), whereas parrotfish are diurnal feeders (Ogden and Buckman, 1973). Herbivorous fish, such as the parrotfish, are known to avoid chemically defended algal species and D. antillarum are known to eat less of the structurally defended algae (Spiers and Frazer, 2023). Such partial redundancy can stabilize grazing pressure even if one group fluctuates.

In addition, these dynamics occurred alongside broader changes in the system: herbivorous fish recovered rapidly following fishing restrictions, while macroalgae increased and coral cover declined, possibly linked to bleaching and disease. Thus, the apparent dampening of D. antillarum’s effect in high-fish areas likely reflects concurrent ecological shifts rather than direct competition. Continued monitoring will help determine whether these interactions remain stable as fish populations and environmental conditions evolve.




4.4.3 The role and limits of herbivory in benthic recovery

Herbivore functional diversity underpins reef resilience in the EPSFCA; D. antillarum strongly suppressed fleshy macroalgae, while parrotfish and surgeonfish exerted selective and sometimes facilitative effects on defended taxa such as Lobophora and Halimeda. These patterns support experimental evidence that no single species or guild can control all algal forms; only functionally diverse assemblages will sustain long-term algal suppression (Burkepile and Hay, 2008). Such complementarity stabilizes grazing pressure but has limits (Mumby et al., 2007; Idjadi et al., 2010; Adam et al., 2015); herbivore recovery alone will likely not fully reverse algal dominance where coral mortality or bleaching continue to erode resilience.

Consistent with these functional limits, model results show that while herbivory explained a meaningful share of benthic variability (adjusted R2 ~2–21%), much of the remaining variation reflected site and year effects, suggesting that broader environmental gradients strongly influence community composition. Total macroalgae and coralline algae were both strongly shaped by herbivory (Δadj.R² ≈ 0.21), but many genera show weaker effects of herbivory, such as Dictyota and Lobophora (Δadj.R² ≈ 0.02–0.04). This suggests that site-level and year-level conditions—such as nutrient enrichment, hydrodynamics, or substrate availability—play a dominant role in determining the distribution of macroalgae, and that herbivory alone is insufficient to regulate these genera within the EPSFCA. Manual removal of these species may be beneficial (Briggs et al., 2018), particularly in locations where they have reached dominance, such as Salt Creek.

Collectively, these findings reveal that the EPSFCA mirrors the reality of many Caribbean reefs (Hughes et al., 2017; Bruno et al., 2019; Johnson et al., 2022): local management can slow degradation and enhance resilience, but without concurrent global action to mitigate climate warming and disease spread, these gains will remain fragile. Effective recovery in the EPSFCA will require an integrated strategy combining fishing enforcement and herbivore protection with coral propagation, and monitoring—but their long-term survival ultimately depends on addressing disease and temperature extremes operating far beyond sanctuary boundaries.
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